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Abstract 
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University of California, Berkeley 
 

Professor David L. Sedlak, Chair 
 
 

 
Municipal wastewater treatment plants in coastal areas are facing numerous challenges, including 
the need to provide cost-effective approaches for removing nutrients from wastewater, as well as 
adapting to the effects of climate change. Retrofitting conventional wastewater treatment plants to 
remove nutrients can be expensive and is technically challenging. Moreover, wastewater treatment 
facilities are often situated along coasts, leaving them uniquely susceptible to sea level rise. For 
these reasons, innovative wastewater utilities have begun to consider more seriously the use of 
nature-based approaches, such as horizontal levees, to manage these simultaneous pressures. 
Horizontal levees consist of sloped subsurface wetlands that are built between storm control levees 
and tidal marshes. When combined with tidal marshes, these systems can help attenuate storm 
surges and provide space for wetland transgression to higher elevations as sea levels rise. At the 
same time, removal of residual wastewater-derived contaminants (i.e., nutrients and trace organic 
contaminants) from treated wastewater effluent can be achieved in the subsurface of these systems. 

In the research detailed within this dissertation, we evaluated the ability of horizontal levees to 
improve water quality. Specifically, we focused on the ability of these systems to remove nutrients 
(i.e., nitrogen and phosphorus) from nitrified secondary wastewater effluent. To identify optimal 
operating conditions, we monitored water quality improvements at a 0.7-ha experimental 
horizontal levee system. First, we assessed the impact of design and operational parameters on 
contaminant removal, as detailed in Chapter 2. The removal of nitrogen and trace organic 
contaminants was particularly sensitive to hydrology in this system: rapid and near complete 
removal (>97%) was observed in water flowing through the subsurface of this system, whereas 
water flowing over the surface did not receive treatment. When overland flow was eliminated, 
removal of F+ coliphage (>99%) and phosphate (>83%) was also significant. However, phosphate 
removal was not as sensitive to hydrology as was removal of other contaminants. 

Using porewater sampling, isotope measurements and mass balances on nitrogen and other redox 
active species, we investigated the mechanisms responsible for nitrogen removal in this system. 
As detailed in Chapter 3, we identified that microbial metabolic processes (i.e., denitrification and 
anammox) were responsible for the majority (approximately 80%) of nitrogen removal in this 
system. The addition of labile organic carbon in the form of wood chips to this system stimulated 
heterotrophic microorganisms, leading to a progression of reduction of dissolved oxygen, nitrate, 
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Mn-oxides, Fe-oxides and sulfate within the first 15 m of the subsurface. This progression was 
especially rapid in the summer. Fe(II)(aq) and sulfide produced from these processes precipitated 
to form a reservoir of sulfide minerals in the wetland sediments. During cooler winter months, 
autotrophic denitrifiers paired oxidation of those Fe(II)-sulfides to nitrate reduction, consuming as 
much as 30% of the nitrate removed in the wetland during the winter. To project long-term removal 
of nitrogen in horizontal levees, we developed an electron transfer model, described in Chapter 3, 
to account for production and consumption of electron donors (e.g., organic carbon) that are 
required to fuel denitrification. Results indicated that horizontal levees could remove nitrate from 
wastewater effluent for at least 50 years before the carbon amended to the system (e.g., as wood 
chips) would be depleted. After the wood chips are depleted, sulfide minerals, decaying vegetation 
and root exudates may provide enough electrons to fuel long-term nitrogen removal. 

Plant uptake can also be a significant removal pathway for nitrogen in nature-based treatment 
systems. However, past methods for quantifying plant uptake have often relied on harvesting plants 
and assuming that all nitrogen stored in plant biomass is derived from wastewater. This assumption 
is inappropriate in pilot- or full-scale systems where other sources of nitrogen are available. 
Moreover, harvesting methods can be laborious and inaccurate when extrapolated to large wetland 
areas due to heterogeneous distributions of plant biomass. To improve our understanding of this 
removal mechanism, we developed a new method for quantifying plant uptake, detailed in Chapter 
4, in which we used a stable isotope mixing model to distinguish between nitrogen sources. We 
applied this new method at the field site and found that 14% of nitrogen in plants was derived from 
wastewater with the remaining nitrogen obtained from the soil. By combining these results with 
remote-sensing derived biomass measurements, it was determined that 8% of nitrogen removal in 
this system was due to plant uptake. There were large variations in plant uptake along the wetland 
slope, both seasonally and with plant maturity. Plant uptake also varied significantly based on 
design parameters, suggesting that design decisions can have an important impact on this removal 
pathway. We present this new method as a useful way to inform our understanding of nitrogen 
cycling and optimization of nature-based nutrient control systems. 

We also assessed the cycling of phosphorus in the horizontal levee test facility (Chapter 5). Despite 
observing significant phosphate removal, removal of phosphate was largely offset by export of 
dissolved organic phosphorus from the pilot system. This suggested that phosphate may be 
consumed by microorganisms or assimilated into plant biomass and then exported in other forms. 
However, preliminary experiments were conducted to investigate the possible use of aerated ponds 
to convert Fe(II)(aq) in the effluent from these systems to Fe(III)-oxide flocs that can settle out of 
the water column and have a high capacity for adsorption of phosphorus. This presents a relatively 
simple method for increasing phosphorus removal and recovery from these systems. 

Overall, our work identifies horizontal levees as a promising alternative to conventional treatment 
systems for the removal of nitrogen and other contaminants from wastewater effluent. Our findings 
provide us with a better understanding of the impact of design and operational parameters on 
contaminant removal in these systems and can be used to inform the design of future systems. 
Further work is needed to test the ability of these systems to treat a variety of additional 
contaminants (e.g., trace metals), to characterize removal mechanisms for many contaminants 
(e.g., trace organic contaminants), and to understand the impact of alternative water matrices (i.e., 
reverse osmosis concentrate) on contaminant removal in these systems. 
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Chapter 1. Introduction 

1.1     Background 

1.1.1  Problems Faced by Wastewater Treatment Plants in Urbanized Estuaries 

Over the past two centuries, humans have transformed the global nitrogen (Seitzinger et al., 2006; 
Galloway et al., 2008) and phosphorus cycles (Childers et al., 2011). These changes have been driven 
largely by agricultural fertilizers (Galloway et al., 2008), which consist of ammonia from the Haber-
Bosch process and phosphate mined from nonrenewable mineral deposits (Cordell et al., 2009). The 
Haber-Bosch process requires large inputs of energy and has more than doubled the amount of fixed 
nitrogen entering terrestrial systems (Gruber and Galloway, 2008). Human activities have also nearly 
tripled the global mobilization of phosphorus (Smil, 2000). Release of these nutrients into aquatic 
ecosystems via agricultural runoff and municipal wastewater effluent has led to negative impacts on 
natural ecosystems globally, such as harmful algal blooms (Paerl and Scott, 2010) and eutrophication 
(Kadlec and Wallace, 2009). For example, in 2008 nearly two-thirds of estuaries in the United States 
assessed by Bricker et al. (2008) were determined to have moderate to high levels of eutrophication 
due to nutrient enrichment caused by human activities. Furthermore, the eutrophic status of the 
majority of assessed estuaries was predicted to worsen in coming decades due to improper 
management of human activities (Bricker et al., 2008). To make matters worse, increasing 
temperatures associated with climate change are creating conditions that are more favorable for the 
algal growth caused by nutrient pollution (Paerl and Scott, 2010).  

In the San Francisco Bay estuary, urbanization has combined increasing contaminant loads from 
wastewater treatment plants with another problem: the destruction of ecologically important and 
historically extensive wetland systems (Lowe et al., 2013). Natural wetlands are vital habitats for a 
variety of animals and migratory birds. Wetlands also play important roles in hydrological and nutrient 
cycles, earning them the nickname “nature’s kidneys” due to their ability to reduce contaminant loads 
(e.g., dissolved nitrogen) that can negatively impact aquatic ecosystems (Young, 1996). It is therefore 
concerning that an estimated 30% of wetlands in the United States (Young, 1996) and >90% of the 
coastal marshes in the San Francisco Bay Area (Williams and Faber, 2001) have disappeared over the 
past 200 years. 

Despite increasing nutrient loading, algal growth in the San Francisco Bay has been suppressed 
historically due to high suspended sediment concentrations that limit light penetration into the water 
column (Cloern, 1999). For that reason, discharges of nutrients from wastewater treatment plants, 
which are the primary source of nutrients to the southern portion of the Bay (Cloern and Jassby, 2012), 
have remained largely unregulated. These discharges are high compared to other urbanized estuaries 
throughout the U.S. (e.g., nitrogen and phosphorus discharges per area are higher in San Francisco 
Bay than ~80% of reported estuaries along the East and Gulf Coasts; Table 1-1). However, decreasing 
sediment loads to the Bay appear to have ended the period in which algal growth was not a major 
concern despite high nutrient loading (Cloern and Jassby, 2012) because algal blooms are becoming 
more frequent and severe (Cloern, 2005; Lehman et al., 2008). 

Additional issues associated with climate change, such as sea level rise, threaten critical water 
infrastructure. This is a significant issue in the Bay Area, especially because of the loss of coastal 



 2 

wetlands that play a protective role in reducing coastal flooding (Shepard et al., 2011). Additionally, 
of the 28 wastewater treatment plants that are most vulnerable to sea level rise in California, 21 are in 
the San Francisco Bay area (Heberger et al., 2009). Increasing climate variability and storm severity 
over the next century is of particular concern for these facilities (Cayan et al., 2008) and threatens their 
ability to provide services (Hummel et al. 2018). Loss of service at wastewater treatment plants could 
lead to a variety of problems, such as discharges of untreated wastewater, which are made worse by a 
lack of coastal wetlands to regulate hydrological conditions and contaminant levels in estuaries. 

Table 1-1: Loading of total nitrogen (TN) and total phosphorus (TP) to urbanized and impacted 
estuaries across the United States. 

Estuary 

TN load per 
estuary area, 
kg km-2 yr-1 

TP load per 
estuary area, 
kg km-2 yr-1 

Surface 
area, 
km2 Source 

 
East Coast 

    

    Great Bay, NH       22,500       1,570          47 Moorman et al., 2014 
    Massachusetts Bay         1,150            75.2     2,393 Moorman et al., 2014 
    Long Island Sound       12,100       1,150     3,301 Moorman et al., 2014 
    Hudson River       89,900     10,400        799 Moorman et al., 2014 
    Pamlico Sound, NC         1,900          197     5,588 Moorman et al., 2014 
    Chesapeake Bay       11,500          713   11,263 Moorman et al., 2014 
Median Value         8,420          625        206  
 
Gulf Coast 

    

    Tampa Bay         3,400       1,320     1,000 USGS, 2014 
    Mobile Bay       39,900       4,200     1,070 USGS, 2014 
    Mississippi River Basin     735,000     88,200     1,700 Aulenbach et al., 2007 
    Galveston Bay       25,300       3,970     1,600 USGS, 2014 
    Corpus Christi Bay         4,520          702        497 USGS, 2014 
    Laguna Madre         1,120          110     2,500 USGS, 2014 
Median Value         9,080       1,400        540  
 
Pacific Coast 

    

    Santa Monica Bay       16,000       1,040      1070 Sengupta et al., 2013 
    Elkhorn Slough         3,940          836            4 Tetra Tech, 2018 
    San Francisco Bay       24,700       2,070      1100 Novick and Senn, 2013 
    Humboldt-Arcata Bay         9,600       3,400          50 Swanson, 2015 
    Puget Sound       10,200           n.r.      2600 Mohamedali et al., 2011 
Median Value       10,000       1,555      1000  

n.r. = value not reported within cited study 
 
Engineering approaches for dealing with these challenges can be costly and may not provide 
permanent solutions. For example, seawall and levee construction in California has been projected to 
cost $14 billion (in year 2000 dollars) with an additional $1.4 billion required yearly for maintenance 
(Heberger et al., 2009). Additionally, at wastewater treatment plants, nutrient control processes often 
require large capital investments (Ko et al., 2004) and can increase operation and maintenance costs 
by as much as 20% (Molinos-Senante et al., 2010). Because of their interdependent nature and the 
inability of individualized approaches to resolve them appropriately, these combined challenges (i.e., 
coastal flooding, loss of coastal wetlands and coastal nutrient pollution) have been labeled as a “wicked 
problem” – an adverse situation that overwhelms existing practices and persists even with the 
application of best-known practices (Thornton et al., 2013). 

 



 3 

1.1.2  Constructed Wetlands and the Horizontal Levee Concept 

The high costs associated with traditional approaches for dealing with these challenges have spurred 
a growing interest in multi-benefit alternatives, such as constructed wetlands (Ko et al., 2004). 
Constructed wetlands are engineered systems that are designed to utilize processes found in natural 
wetlands to treat wastewater. These systems have been used since at least the 1950s (Vymazal, 2010) 
and have commonly been applied for control of wastewater-derived nutrients (Vymazal, 2007), while 
providing many other benefits such as the removal of additional wastewater-derived contaminants, 
water storage, habitat restoration, and recreational opportunities (Young, 1996; Kadlec and Wallace, 
2009). 

A new type of subsurface constructed wetland – the horizontal levee – shows significant promise both 
as a flood control system and as a final treatment step (i.e., polishing) for nitrified wastewater effluent 
(Lowe et al., 2013). Horizontal levees consist of sloped subsurface treatment wetlands that are built 
on the seaward side of storm control levees. These systems can provide restored wetland habitat while 
protecting levees by attenuating storm surges that can overtop them (Figure 1-1). Municipal 
wastewater effluent is discharged to the subsurface of these wetland systems where it provides a source 
of freshwater for plants growing in the restored wetlands. In the subsurface, the wastewater effluent 
concurrently receives treatment of wastewater-derived contaminants while providing water and 
nutrients to plants. 

 
Figure 1-1: Sketch of a recreated wetland gradient used to buttress a storm control levee 
(reproduced from Lowe, et al., 2013). 
 
The capacity of coastal wetlands to attenuate storm surges is well established (Wamsley et al., 2010; 
Gedan et al., 2011; Shepard et al., 2011; Möller et al., 2014), but research has not been conducted on 
the ability of horizontal levees to remove nutrients. Some insight can be gained from research on the 
nutrient removal capabilities of similar nature-based systems, such as subsurface treatment wetlands, 
which have traditionally consisted of gravel beds planted with cattails or bulrushes (Kadlec and 
Wallace, 2009), as well as riparian wetlands (Hill, 1996; Willems et al., 1997; Piñón-Villarreal et al., 
2013) and denitrification walls (Schipper and Vojvodic-Vukovic, 2001; Shipper et al., 2004; Schipper 
et al., 2010; Schmidt and Clark, 2012). The horizontal levee incorporates many design features of 
these systems, but there remain major differences in the hydrological conditions, plant communities, 
construction materials and influent water matrices. Additionally, the lack of robust, well-
parameterized models for estimating nutrient removal in these natural treatment systems makes it 
difficult to extrapolate the results of past research to newly constructed horizontal levees.  
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1.2     Nutrient Transformations in Constructed Wetlands 

In natural and constructed wetlands, a range of processes control the fate and transport of nutrients 
(Table 1-2). These processes are in turn controlled by a suite of design and operational parameters 
(e.g., hydrological conditions). There are fundamental differences between the major processes 
controlling the removal of nitrogen and phosphorus respectively in wetlands, as detailed in Table 1-2. 

Table 1-2: Key processes in the nitrogen and phosphorus cycles in constructed wetlands. Processes 
expected to dominate in horizontal levees receiving nitrified wastewater effluent are in bold.  

Species 
Nutrient Cycle Processes 

Conversion Storage Removal 

Nitrogen 

Ammonification 
Nitrification 
DNRA 
Feammox, Mnammox 

Plant uptake 
Microbial assimilation 
Adsorption 
Burial of particulate nitrogen 

Denitrification 
Anammox 
Feammox  
Ammonia volatilization 

Phosphorus Mineralization 

Plant uptake 
Microbial assimilation 
Adsorption 
Precipitation of phosphate minerals 
Burial of particulate phosphorus 

 

 
1.2.1  Nitrogen Cycling 

The nitrogen cycle is typically dominated by microbial processes that convert nitrogen among a variety 
of oxidation states, such as nitrification and denitrification (Vymazal, 2007; García et al., 2010). Only 
a limited number of these processes remove nitrogen from the aqueous matrix, with the majority 
contributing to an internal cycle of conversion between oxidation states and nitrogen species 
(Vymazal, 2007). In subsurface wetlands similar to the horizontal levee, strong biological activity and 
low dissolved oxygen concentrations favor anaerobic processes like denitrification, anaerobic 
ammonium oxidation processes (i.e., anammox, Feammox, and Mnammox), and dissimilatory nitrate 
reduction to ammonium (DNRA). Additionally, because wastewater flows through the rooting zones 
of wetland plants in these systems, plant uptake of nitrogen (and its subsequent deposition and burial) 
can play a significant role in nitrogen cycling as well (Mayo and Bigambo, 2005). 

Despite previous research efforts, the relative importance of different nitrogen cycle processes in 
subsurface wetlands is still unclear. There are wide and unexplained variations in reported 
denitrification rates in natural ecosystems (Seitzinger et al., 2006) and constructed wetlands (Kadlec 
and Wallace, 2009). This is likely due in part to inadequacies in methods for measuring and reporting 
denitrification (Groffman et al., 2006). Recent recognition of the potential importance of processes 
such as anammox (Strous et al., 1999), Feammox (Yang et al., 2012a), and DNRA (Tiedje, 1988) to 
the nitrogen cycle in natural ecosystems has also called into question past analyses and has led to 
important advances in methods to quantify nitrogen cycle processes (Groffman et al., 2006; Salk et 
al., 2017). Additionally, despite a large body of evidence linking denitrification rates to specific 
variables (e.g., hydrology) (Seitzinger et al., 2006) and the development of a suite of models for 
predicting denitrification rates (Boyer et al., 2006), relatively little effort has been made to apply this 
knowledge or these models to constructed wetlands. 

Past studies have also provided conflicting information about the relative magnitude of plant uptake 
in constructed wetlands (Saeed and Sun, 2012). This is partly because many plant uptake rates reported 
in the literature have been determined in systems without fully developed plant communities, which 
can be problematic because plant nutrient sources and requirements often change with plant age 
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(Tanner, 2001). Additionally, estimates have often been made using methods that have the potential 
to overestimate or underestimate plant uptake rates, such as assuming that all nitrogen stored in plant 
biomass is derived from the wastewater source (Healy and Cawley, 2002; Kantawanichkul et al., 2009) 
or by simply attributing differences in nitrogen removal between planted and unplanted wetland cells 
to uptake (Drizo et al., 1997; Meers et al., 2005). Despite the ostensible consensus within the literature 
that plant uptake in constructed wetlands typically accounts for 0.5-40% of nitrogen removal (Meers 
et al., 2008; Saeed and Sun, 2012), reported fractions of nitrogen removal attributable to plant uptake 
span three orders of magnitude (Table 1-3). These possible discrepancies make it clear that plant 
uptake must be studied in wetlands of variable plant age using more robust quantification methods. 

Table 1-3: Observed fractions of nitrogen removal attributed to plant uptake in subsurface wetlands. 
Abbreviations: VSSF – vertical subsurface flow, FWS – free-water surface, SSF – subsurface flow, 
and HSSF – horizontal subsurface flow. 

Wetland Type 
Nitrogen Removal as  

Plant Uptake (%) Source 
VSSF Wetlands (Typha) 0.5-3.3 Kantawanichkul et al., 2009 VSSF Wetlands (Cyperus) 6.7-16.9 
Mixed FWS and SSF Wetlands 9 Meers et al., 2008 
HSSF Wetlands 2-4 Lee et al., 2004 
HSSF Wetlands 7-18 Meers et al., 2005 
SSF Microcosms 90 Rogers et al., 1991 
HSSF Wetlands 20-60 Drizo et al., 1997 
HSSF Wetlands 10 Mayo and Bigambo, 2005 

 
1.2.2  Phosphorus Cycling 

The biogeochemistry of phosphorus differs significantly from that of nitrogen. Similarities between 
the cycling of nitrogen and phosphorus are limited to physical storage of particulate forms of 
phosphorus and nitrogen, and assimilatory processes, such as microbial assimilation and plant uptake. 
However, the magnitude of these assimilatory processes differs between the two species by 
approximately an order of magnitude based on the nutritional requirements of plants and 
microorganisms. 

During the initial stages of wetland development, phosphorus is often removed rapidly by plant uptake 
and adsorption onto mineral surfaces, though the importance of these processes typically changes over 
time and can vary widely both across and within wetlands (Kadlec and Wallace, 2009). Phosphorus 
removal in subsurface wetlands frequently depends on substrate geology because phosphate has a high 
affinity for Al-, Fe- and Mn-oxides in the subsurface (Evans and Smillie, 1976; Parfitt, 1978; Holtan 
et al., 1988; Darke and Walbridge, 2000). Additionally, adsorption to calcite and formation of Ca-
phosphate minerals can also affect phosphate concentrations under certain conditions (Illmer and 
Schinner, 1995). However, adsorption processes often do not constitute long-term removal 
mechanisms because they have a finite capacity (Illmer and Schinner, 1995; Kadlec and Wallace, 
2009) and can be susceptible to reversal during fluctuations in redox conditions. For example, 
biological redox reactions can affect phosphorus cycling indirectly when iron oxides are present. 
During reductive dissolution of Fe(III)-oxides, adsorbed phosphate can be released (Chacón et al., 
2005; Liptzin and Silver, 2009). A similar phenomenon can occur during reductive dissolution of 
Mn(III/IV)-oxides (Yao and Millero, 1996). Removal of phosphorus by plant uptake is partly offset 
over time by deposition and decay of dead plant biomass on the wetland surface, which can lead to 
reintegration of assimilated phosphorus into the aqueous phase unless labor-intensive practices like 
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plant harvesting are conducted. Because these processes can vary widely over time and space, further 
research is required to understand how design and operational parameters can be modified to optimize 
removal. 

Over the long-term, sustainable phosphorus removal is achieved through accretion processes, such as 
precipitation of phosphorus minerals, deposition of particulate phosphorus and accumulation of 
recalcitrant soil organic phosphorus. Because these processes tend to occur at much lower rates than 
the processes that dominate the beginning stages of wetland development, subsurface wetlands are 
rarely intended specifically for phosphorus removal (Kadlec and Wallace, 2009). For this reason, 
innovative design and operational features may be required to achieve long-term phosphorus removal 
in horizontal levees. 

1.3     Motivation and Research Objectives 

1.3.1  Motivation 

Horizontal levees have multiple advantages, such as providing wetland habitat and flood control for 
low-lying treatment facilities and urban areas, as well as a suite of additional benefits (e.g., recreational 
opportunities). These systems represent a promising alternative to conventional nutrient management 
strategies for wastewater treatment plants. However, little is known about their optimization for 
nutrient removal. There is uncertainty regarding the contribution of various processes to nutrient 
removal in constructed wetlands, such as denitrification and plant uptake of nitrogen. Nitrogen 
removal is controlled by a complex set of interconnected processes that transform nitrogen in a cyclical 
nature and it can be difficult to quantify individual processes precisely. Past research has been marred 
by inadequate measurement methods and an incomplete understanding of the complexity of this cycle, 
making it difficult to extrapolate past results to new wetlands. New methods are needed to provide 
more precise data for nitrogen cycle processes, such as plant uptake, which has been poorly 
constrained by past research. In contrast to the nitrogen cycle, the dominant processes in the 
phosphorus cycle and the lack of ultimate removal mechanisms make long-term removal of 
phosphorus difficult without innovative design features. By developing a more complete 
understanding of the contribution of various nutrient removal mechanisms and their controls, 
horizontal levees can be optimized to provide effective treatment of municipal wastewater effluent. 

To determine the impact of design parameters on contaminant removal and develop a mechanistic 
understanding of that removal, we applied a set of new methods, including porewater sampling and 
isotope fingerprinting, to study nutrient removal in an experimental horizontal levee system. Our 
research is detailed in the five subsequent chapters of this publication. Chapters 2-5 detail the results 
of individual studies we conducted to address the four objectives detailed in subsections 1.3.2, 1.3.3, 
1.3.4 and 1.3.5, below. Finally, in Chapter 6 we summarize the key results of these studies and their 
implications for the design and implementation of horizontal levees, while detailing important next 
steps for research on these systems. 

1.3.2  Objective 1: Evaluate the Impact of Design and Operational Parameters on 
Removal of Nutrients in a Horizontal Levee 

To determine optimum design and operational parameters to enhance nutrient removal in horizontal 
levees, contaminant removal (i.e., removal of nutrients and trace organic contaminants) was evaluated 
in a set of experimental horizontal levee cells, as described in Chapter 2. Design and operational 
parameters, such as topsoil texture, plant community composition, cell topography, and applied flow 
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rates, were varied among wetland cells that were monitored over a 2-year period to test the impact of 
those parameters on contaminant removal. Water quality parameters were tracked in the influent and 
effluent to wetland cells, as well as in water flowing through the subsurface and over the wetland 
surface, to construct mass balances on contaminants and to understand how hydrological conditions 
impact contaminant removal in a horizontal levee. The relative influence of the above parameters on 
contaminant removal were tested using various statistical methods. The area needed for removal of 
90% of nitrate was used as a measurable metric for comparison with other treatment systems. 

1.3.3  Objective 2: Characterize Subsurface Nitrogen Biogeochemistry in a Horizontal 
Levee 

Removal of nitrogen from wastewater effluent is a primary objective of horizontal levees. In 
subsurface wetlands, nitrogen removal is typically achieved primarily by plant uptake and a suite of 
microbially-mediated biogeochemical cycles in the subsurface. To evaluate the relative importance of 
microbial nitrogen cycle processes to the removal of nitrogen, changes in the concentration and 
speciation of nitrogen (and other relevant elements) were tracked in subsurface porewater samples. 
Subsurface mass balances were constructed using porewater sampling and a variety of solid phase 
characterizations for nitrogen, carbon, sulfur, manganese and iron to evaluate the relative importance 
of different microbial processes (e.g., denitrification and anammox) and to understand the impact of 
other chemical species on nitrogen cycle processes (e.g., sulfide-driven denitrification). An overall 
mass balance on nitrogen was conducted to understand the relative contribution of subsurface 
microbial processes to nitrogen removal, as described in Chapter 3. 

1.3.4  Objective 3: Evaluate Plant Uptake of Wastewater-Derived Nitrogen in a Horizontal 
Levee 

Plant uptake of nitrogen is among the most important nitrogen removal mechanisms in constructed 
wetlands, but the relative importance of this process is currently unclear. There are wide discrepancies 
among the results reported in past studies of constructed subsurface wetlands, suggesting that there 
are either deficiencies in plant uptake measurement methodologies or that there are additional factors 
creating an unexpectedly large amount of variation in these measurements. To quantify plant uptake 
in a horizontal levee, we developed and applied a new plant uptake measurement method to the pilot-
scale horizontal levee system, as described in Chapter 4. This new method involves the measurement 
of stable isotope ratios of nitrogen (δ15N) in plants, soils, and influent wastewater and the application 
of a set of mixing models, commonly used in ecology to quantify diets of animals, to determine the 
fraction of plant nitrogen that is derived from wastewater. The fraction determined from these models 
was multiplied by the total mass of nitrogen stored in plants to calculate uptake of wastewater-derived 
nitrogen. Plant uptake measurements were combined with the characterization of subsurface microbial 
processes (Objective 2) to estimate an overall mass balance on nitrogen (Chapter 3). 

1.3.5  Objective 4: Evaluate Phosphorus Removal Mechanisms in a Horizontal Levee 

Phosphorus removal in subsurface constructed wetlands is controlled primarily by a suite of physical 
and chemical processes such as adsorption and precipitation of phosphate minerals but is also impacted 
by microbial processes and plant uptake of phosphorus. Unlike nitrogen, which can be converted to 
N2(g) and released to the atmosphere as an ultimate sink, phosphorus removal is better characterized as 
a set of short to long-term storage mechanisms. Many of these mechanisms, such as adsorption of 
phosphate onto iron-oxide minerals, are susceptible to shifts in redox conditions, which can lead to 
the re-release of adsorbed phosphate. To study phosphorus biogeochemistry in a horizontal levee, 
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mass balances were evaluated for phosphorus and related species (e.g., iron) to estimate the relative 
importance of phosphorus removal mechanisms, as described in Chapter 5. Additionally, dissolved 
Fe(II) produced by iron-reducing microorganisms in the subsurface has the potential to form Fe(II)-
phosphate minerals (e.g., vivianite) or Fe(III)-oxides with a high affinity for phosphate upon oxidation. 
Experiments were performed to investigate the potential for these mechanisms in effluent water from 
a horizontal levee and the affinity of formed precipitates for dissolved phosphate.  
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Chapter 2. The Horizontal Levee: A Multi-Benefit 
Nature-Based Treatment System that Improves 
Water Quality and Protects Coastal Levees from the 
Effects of Sea Level Rise 

Reproduced with permission from Stiegler, A.N., Graham, K.E., Sedlak, D.L. The horizontal levee: a 
multi-benefit nature-based treatment system that improves water quality and protects coastal levees 
from the effects of sea level rise. Water Research X. 2020, 7, 100052. 

© 2020 The Authors. Published by Elsevier Ltd. 

 

ABSTRACT 

Municipal wastewater treatment plants in coastal areas are facing numerous challenges, including the 
need to provide a cost-effective approach for removing nutrients and trace organic contaminants from 
wastewater, as well as adapting to the effects of climate change. The horizontal levee is a multi-benefit 
response to these issues that consists of a sloped subsurface treatment wetland built between a coastal 
levee and tidal marshes. The wetland attenuates storm surges and can provide space for wetland 
transgression to higher elevations as sea levels rise, while simultaneously removing contaminants from 
treated wastewater effluent. To assess the ability of the horizontal levee to improve water quality and 
to identify optimal operating conditions, a 0.7-ha experimental system was studied over a two-year 
period. The removal of nitrate and trace organic contaminants was particularly sensitive to hydrology; 
rapid and near complete removal (>97%) of these contaminants was observed in water flowing through 
the subsurface, whereas surface flows did not exhibit measurable contaminant removal. Removal of 
F+	coliphage also appeared to be sensitive to hydrology, with up to 99% removal of these indicator 
viruses in subsurface flow. For phosphate, removal was not as sensitive to hydrology, but significant 
removal (>83%) was still observed when overland flow was eliminated. Although removal of 
contaminants did not appear to be sensitive to other design considerations, parameters such as soil 
texture and planting regimes affected the maximum subsurface flows, which in turn controlled 
contaminant mass loadings. Rapid subsurface removal of contaminants suggests that water quality 
benefits of these systems are limited by physical constraints (i.e., the ability of the system to maintain 
subsurface flow) and not chemical or biological conditions in the subsurface.  
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2.1     Introduction 

Municipal wastewater treatment plants located in coastal environments are facing numerous 
challenges. Nutrient (i.e., nitrogen and phosphorus) discharges can impact marine and estuarine 
ecosystems by causing harmful algal blooms and eutrophication (Heisler et al., 2008). In addition, 
trace organic contaminants, such as pharmaceuticals, personal care products and household pesticides, 
have been detected in treated wastewater effluent at concentrations that pose risks to aquatic 
ecosystems (Sumpter and Johnson, 2005). Although future regulations may require additional 
treatment for these contaminants, retrofitting conventional treatment plants to remove them is 
expensive and technically challenging (Schwarzenbach et al., 2006; Foley et al., 2010). To further 
complicate matters, coastal wastewater treatment facilities are susceptible to flooding. As sea-level 
rises and the frequency of severe storms increases, wastewater treatment plants and other coastal 
infrastructure, as well as sensitive coastal ecosystems, will be threatened (Heberger et al., 2011). For 
example, in the United States, 30 cm of sea-level rise would result in flooding and loss of service at 
wastewater treatment plants serving more than 4 million people (Hummel et al., 2018). 

The traditional approach for protecting coastal infrastructure from flooding involves the construction 
of seawalls and levees, at significant cost (Heberger et al., 2011). In 2013, a new approach for reducing 
the need to raise existing levees as sea-level rises, while simultaneously reducing the mass of 
contaminants discharged by municipal wastewater treatment plants, was designed. This system, which 
is referred to as the horizontal levee, consists of a sloped subsurface treatment wetland built between 
coastal levees and tidal marshes. The horizontal levee provides transitional wetland habitat consisting 
of native vegetation that protects existing levees from erosion and reduces the threat of coastal flooding 
by attenuating storm waves (Wamsley et al., 2010; Gedan et al., 2011; Shepard et al., 2011). Treated 
municipal wastewater effluent is discharged to the subsurface of these wetlands through a perforated 
pipe to provide water for plants growing on this elevated wedge of land. As the water flows though 
the subsurface wastewater-derived contaminants are attenuated. To accommodate greater applied 
flows, the subsurface consists of multiple layers. A surficial layer of low permeability soil (i.e., clay 
or loam) that is suitable for cultivating wetland plants, is underlain by coarse layers (i.e., sand and 
gravel) with higher hydraulic conductivities to achieve greater subsurface flows.  

In natural and constructed wetlands, hydrology plays a significant role in contaminant removal. This 
is especially true for contaminants that are removed through microbial processes, as exemplified by 
nitrate. Across diverse aquatic ecosystems, variation in the proportion of nitrate removed appears to 
be largely explained by hydrological variables, such as residence times and water depth (Seitzinger et 
al., 2006). Hydraulic short-circuiting is common in constructed wetlands (Knowles et al., 2010), and 
can adversely impact treatment efficacy (Headley and Kadlec, 2007) by routing flows (and nitrate 
contained therein) around quiescent suboxic zones where denitrification activity is more significant 
(Seitzinger et al., 2006). For example, while denitrification walls can remove nitrate from groundwater 
(Schipper and Vojvodic-Vukovic, 2001; Schmidt and Clark, 2012), treatment efficiency decreases if 
water bypasses regions of biological activity by flowing through zones with higher hydraulic 
conductivity (Schipper et al., 2004). Additionally, overland flow in riparian wetlands often leads to 
less nitrate removal (Hill, 2000), likely due to decreased contact with plant roots and denitrifying 
communities in the subsurface (Willems et al., 1997). Similar effects are expected for trace organic 
contaminants that are susceptible to biotransformation in wetlands. 

To assess the potential for using a horizontal levee to remove contaminants from treated wastewater 
effluent, we studied water quality and hydrological conditions over two years of operation in an 
experimental horizontal levee consisting of various combinations of design parameters (e.g., sediment 
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texture, planting regimes). We monitored nutrients (i.e., nitrogen and phosphorus) and wastewater-
derived trace organic contaminants because they are difficult to remove in existing treatment systems 
and frequently are present above concentrations of concern for aquatic ecosystems. We also monitored 
F+ coliphage to assess the ability of these systems to remove enteric pathogen indicators. Results from 
these analyses inform the design and operation of horizontal levee systems and provide a basis for 
assessing the performance of full-scale subsurface treatment systems. 

2.2     Materials and Methods 

2.2.1  Field site 

A 0.7-hectare experimental horizontal levee was constructed in San Lorenzo, CA (37.67°N by 
122.16°W) to treat a small portion (i.e., <1%) of the secondary effluent from a conventional activated 
sludge wastewater treatment plant operated by the Oro Loma Sanitary District 
(https://oroloma.org/sewage-treatment/), which has a total treatment capacity of 76,000 m3 d-1. The 
effluent was nitrified in a gravel trench upstream of the wetland system. Water quality characteristics 
for nitrified secondary effluent are summarized in Table 2-1. Native wetland plants (section A.1.3 of 
Appendix A), mainly consisting of members of the families Cyperaceae (sedges), Juncaceae (rushes) 
and Salicaceae (willows), were planted in the horizontal levee between November 2015 and February 
2016. Native plants were propagated from cuttings (typically less than 3 cm) in the surficial soil 
approximately 15 months before nitrified wastewater effluent was introduced into the subsurface. 
During this period, the sloped wetland was irrigated via sprinklers using shallow groundwater from a 
well located approximately 50 m from the wetland. In April 2017, treated effluent from the wastewater 
treatment plant was first introduced to the horizontal levee at a total flow of 265 m3 d-1. 

Table 2-1: Water quality characteristics of nitrified secondary wastewater effluent at the horizontal 
levee test facility. 

Constituent Units Average (± S.D.) 
pH -         8.2 ± 0.8 
Temperature ºC          19 ± 2.2 
Dissolved Oxygen mg O2/L         6.0 ± 3.6 
Conductivity mS/cm         0.9 ± 0.5 
Total nitrogen mg N/L          30 ± 13 
Nitrate mg N/L          25 ± 11 
Nitrite mg N/L         0.7 ± 0.7 
Ammonium mg N/L         2.9 ± 2.6 
Organic nitrogen mg N/L         2.1 ± 1.4 
Dissolved organic carbon mg C/L       10.1 ± 5.4 
Chloride mg/L          97 ± 27 
Bromide mg/L         0.4 ± 0.3 
Phosphate mg P/L         1.6 ± 1.4 
Sulfate mg/L          49 ± 17 
Sodium mg/L        120 ± 58 
Potassium mg/L          12 ± 3.4 
Magnesium mg/L          11 ± 3.8 
Calcium mg/L          26 ± 12 

 

Prior to entering the horizontal levee, wastewater effluent passed through a gravel nitrification trench 
and a 0.8-hectare surface-flow wetland planted with cattails and bulrushes (Typhaceae spp.) (Figure 
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2-1). The nitrification trench converted >90% of the ammonia in the effluent into nitrate and nitrite 
(i.e., average applied ammonia concentrations were 31 ± 5.1 mg N L-1). Between April and November 
2017, the hydraulic residence time in the surface flow wetland was approximately 11 days. Under 
these conditions, an average of 63% of influent nitrate was removed before entering the horizontal 
levee (i.e., average influent nitrate concentrations were 11 ± 4.2 mg N/L from April to October 2017). 
In November of 2017, the flow from the nitrification trench was rerouted directly into the influent 
pump station to the subsurface wetland to assure that higher concentrations of nitrate entered the 
horizontal levee. After November 2017, mean nitrate concentrations were 31 ± 6.3 mg N L-1 in the 
influent to the horizontal levee. 

 
Figure 2-1: The site layout of the experimental horizontal levee test facility (Baye and ESA, 2012). 
The site included a surface-flow treatment wetland, which doubled as a wet weather equalization basin, 
a nitrification facility and the horizontal levee slope. The two flow paths correspond to the two flow 
regimes employed over the monitoring period, in which: (1) nitrified secondary effluent passed 
through the freshwater treatment wetland prior to being distributed in the horizontal levee slope (blue 
path) and (2) nitrified secondary effluent bypassed the treatment wetland was fed directly into the 
horizontal levee slope, in which case a parallel flow of water was also pumped backward through the 
freshwater treatment wetland (not shown) before returning to the headworks of the wastewater 
treatment facility (orange path). In both regimes, effluent from the horizonal levee slope was also 
returned to the headworks of the wastewater treatment plant. A timeline of operational changes is 
presented in Figure 2-3. The influent sampling location was at the distribution pump preceding the 
horizontal levee slope.  
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The subsurface wetland was divided into 12 parallel treatment cells, each having dimensions of 1 m 
deep x 12 m wide x 46 m long. The cells were hydraulically isolated from each other with clay berms 
and were underlain with a geotextile liner and a low permeability compacted clay layer  
(Ksat < 10-6 cm s-1). The 12 cells provided an ability to test four different wetland configurations in 
triplicate (Figure 2-2 and section A.1 of Appendix A). The four treatments (i.e., swale-depression 
cells, wet meadows with fine or coarse topsoil, and willow/riparian cells) varied in terms of their 
topography, soil type and plant community. 

 
Figure 2-2: Layout of the horizontal levee slope at the test facility showing the individual cells. The 
four treatments are labeled in the center of each cell. Influent water enters each cell through perforated 
pipes at the top of the slope represented by the green line. Intermediate wells 15 and 30 m along the 
slope were located in the center of each cell (denoted by a red X). The effluent was collected in a 
gravel trench at the end of each slope, represented by the blue line, with effluent sampling ports and 
flow meters denoted by a yellow X for each cell. The yellow line indicates the direction of flow. 

The horizontal levee was gently sloped (1:30) and consisted of three granular media layers. From the 
bottom to the top, these included gravel, coarse sand and loam topsoil layers with hydraulic 
conductivities of approximately 0.25 cm s-1, 0.1 cm s-1 and 10-3 cm s-1 respectively. The topsoil layers 
consisted of various mixtures of fine clay loam consisting of clay excavated onsite mixed with coarse 
sand (section A.1.2 of Appendix A). The topsoil layer supported plant roots and prevented rapid 
diffusion of oxygen into the subsurface. The higher hydraulic conductivities of the underlying layers 
were integrated to allow for a greater flow of water through the system. All subsurface layers were 
amended with organic carbon (i.e., wood chips) to promote microbial conversion of nitrate (NO3-) to 
nitrogen gas (N2) via denitrification. Redwood wood chips (Sequoia sempervirens or Pseudotsuga 
menziesii) of less than 2 cm in their greatest dimension were mixed into the sand and gravel layers by 
disking at 30% v/v prior to installing the loamy soil surface layer. Wood fines of less than 0.5 cm in 
size were mixed into the topsoil layer at 10% v/v. Wood fines were composted for 12 months prior to 
use. See section A.1 of Appendix A for further details. 

Nitrified treated municipal wastewater effluent was introduced into each wetland cell via perforated 
5-cm diameter PVC pipes located at a depth of 5 cm below the surface within 0.6-m wide gravel 
trenches at the top of the slope.  

Several features were incorporated into the design of the subsurface wetland to minimize hydraulic 
short-circuiting and to provide a means of collecting representative water samples. 0.6-m wide vertical 
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gravel walls, oriented perpendicular to the direction of water flow, were installed in each cell at 15 
and 30 m along the slope (i.e., 33 and 66% of the length of the slope). 5-cm diameter monitoring wells, 
screened at depths from 0.9 to 0.3 m, were installed in the center of each trench (Figure 2-2). The 
effluent from each cell flowed into a 0.6-m wide gravel trench at the end of the cell where it was 
collected in perforated 7-cm diameter pipes (located at the bottom of the trench). These pipes conveyed 
treated water to a monitoring well in each individual cell, where samples were collected. Water 
flowing out of the horizontal levee was pumped back to the headworks of the wastewater treatment 
plant and constituted less than 0.6% on average of the overall flow to the plant. Ultrasonic flow meters 
(Master Meter, Mansfield, TX, USA) collected flow data continuously in the influent piping prior to 
each cell and in treated water leaving monitoring wells at the southwest corner of each treatment cell.  

Over the course of the 24-month study, operational parameters were varied to assess their impact on 
system performance (Figure 2-3). During the first phase of the study, from April to November 2017, 
the total applied flow setting was 265 m3 d-1 (~22 m3 d-1 per cell) and water flowed from the 
nitrification facility into the surface flow wetland before being applied to the subsurface wetland cells, 
as described previously. In July 2017, the applied flows going into each cell were adjusted to achieve 
similar levels of treatment across cells. During the second phase, between November 2017 and July 
2018, the overall applied flow setting decreased to 190 m3 d-1 (~16 m3 d-1 per cell) and water flowed 
directly from the nitrification facility into the subsurface wetland cells. During the third and final 
phase, between July 2018 and April 2019, the flow setting decreased to 95 m3 d-1 (~7.9 m3 d-1 per cell). 
During this last phase, applied flows to individual cells were again adjusted to eliminate overland flow 
in the majority of cells (D-L) (details are included in section A.2 of Appendix A).  

 
Figure 2-3: A timeline of the operational changes, flow regimes, sampling dates and flow rates applied 
to the horizontal levee test facility. Excluded sampling dates (dates during which flow to the horizontal 
levee slope was turned off during and/or directly preceding the collection of monitoring samples) are 
identified with a black X and were not included in the data analyses performed in this study. 
Monitoring data from those dates is included in full dataset that can be found on Mendeley Data 
(Cecchetti et al., 2020b). 

2.2.2  Sample collection 

Water samples were collected on a monthly or biweekly basis starting in April 2017 (Figure 2-3) from 
the influent pump station and monitoring wells located at the end of the treatment cells. Additional 
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samples were collected from the influent and effluent of the surface-flow wetland and periodically 
from intermediate wells in the subsurface wetland. Samples for chemical analyses were collected using 
a Masterflex E/S portable water sampler (Cole-Parmer, Vernon Hills, IL, USA) and analyzed in 
triplicate (between April 2017 and July 2018) or duplicate (between July 2018 and April 2019). At 
least two well volumes were purged prior to collecting a sample when appropriate. Samples were 
filtered on-site through 0.7-µm glass fiber filters into 50-mL polypropylene centrifuge tubes and 
immediately stored on ice prior to analysis, which normally occurred within 24-48 hr. Samples for F+ 
coliphage analysis were collected in triplicate into acid-washed Nalgene bottles. Bottles were triple 
rinsed with sample water at the site before collecting samples. Samples were stored on ice during 
transport to the laboratory. Electrical conductivity and pH were measured at each sampling location 
in the field using a Ultrameter II (Myron L Company, Carlsbad, CA, USA). Dissolved oxygen and 
temperature were measured in the field with YSI ProODO Optical Dissolved Oxygen probes (YSI 
Inc., Yellow Springs, OH, USA).  

Porewater samples were collected at depths ranging from 0.1 to 0.9 m into Luer-Lok BD syringes 
using stainless steel PushPoint sediment porewater samplers (MHE Products, East Tawas, MI, USA). 
These samples were filtered on-site through 0.7-µm glass-fiber filters or 0.2-µm nylon filters and 
stored on ice prior to analysis. 

2.2.3  Sample processing and analytical methods 

Field-filtered samples were stored at 4°C upon returning to the laboratory and were analyzed using 
established methods. 

Within six hours of collection, subsamples for ion chromatography analysis were filtered through 0.2-
µm nylon filters into 0.5-mL PolyVials, capped with filter caps, and refrigerated prior to analysis, 
which normally occurred within 4-36 hours of processing. Samples for cation analyses were acidified 
to pH<5 to limit volatilization of ammonia prior to analysis. Inorganic anions (Cl-, NO2-, Br-, NO3-, 
PO43- and SO42-) and cations (Li+, Na+, NH4+, K+, Mg2+ and Ca2+) were measured on Dionex Aquion 
Ion Chromatography systems (Thermo Fisher Scientific, MA, USA). Anion measurements were 
performed with a Dionex IonPac AS23 column according to U.S. EPA Method 300.0 and cations 
measurements were performed according to previously described methods (Thomas et al., 2002) by 
using a 3.0 mM methanesulfonic acid eluent and a Dionex IonPac CS16 column. 

15-mL aliquots of each field-filtered sample were transferred for TOC analysis into 24-mL borosilicate 
glass sample vials that had been rinsed with deionized water and baked at 450°C for 4 hours prior to 
use. Analysis of non-purgeable organic carbon (NPOC) and total nitrogen (TN) was performed on a 
Shimadzu TOC-V/CSH analyzer with an attached TN-1 unit according to standard methods (Method 
5310B; APHA, 2012). Organic nitrogen concentrations were calculated by subtracting concentrations 
of nitrate, nitrite and ammonium from total nitrogen measurements.  

Concentrations of a suite of trace organic contaminants were quantified according to previously 
described methods (Jasper et al., 2014a; Prasse et al., 2015; Bear et al., 2017) with minor 
modifications. Briefly, field-filtered samples were held at 4°C for 24 hours to allow reduced iron to 
oxidize and precipitate. These samples were filtered through 0.2-µm nylon filters to remove 
particulates, which mainly consisted of Fe(III)-oxides. To assess potential losses, concentrations of 
trace organic compounds in filtered samples and samples acidified to approximately pH 2 with HCl 
were compared. Because acidification could cause artifacts or damage the HPLC/MS-MS system and 
no significant differences were observed in concentrations measured with the two pre-treatment 
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methods (p-value > 0.6), the filtration method was used for all analyses. Samples were amended with 
a mixture containing stable isotope-labeled pharmaceuticals (5 ng of each) and analyzed using isotope 
dilution liquid chromatography/tandem mass spectrometry (Agilent 1200 series HPLC and Agilent 
6460 triple quadrupole mass spectrometer).  

F+ coliphage were enumerated using previously published methods (Sinton et al., 1996; EPA Method 
1601). Briefly, magnesium chloride was added to 500 mL samples to achieve a final concentration of 
0.05 M. Samples were subsequently filtered through a negatively charged 0.45-µm membrane filter 
(Millipore; HAWP04700) to capture the viruses. Filters were placed gridded-side-down into a 47-mm 
diameter plastic petri dish containing 300 µL of sterile 1:1 glycerol:PBS solution. The petri dishes 
containing the filters were frozen at -80°C until further processing (within 6 months). To enumerate 
the coliphage, the coliphage were eluted from the membrane filters using a solution of 3% beef extract, 
3% Tween-80, and 0.3 M sodium chloride. 2 mL of the elution solution was added to each petri dish 
and the dish was rocked for five minutes on a shaker table at room temperature. The elution liquid was 
removed from the dish and coliphage was enumerated in the liquid using EPA Method 1601 (DAL 
method). The filter was placed on solid tryptic soy agar (TSA) media containing the appropriate 
concentrations of ampicillin and streptomycin antibiotics and the E. coli host strain (EPA Method 
1601). The numbers of PFU obtained from assaying the liquid media and present on the filter were 
added together to obtain the concentration of PFU in the assayed water. 

2.2.4  Methods for calculating flow rates and fractional load reductions of contaminants 

Evapotranspiration.  Significant changes in the concentrations of conservative species (i.e., species 
that pass through the system without reacting or being removed) were observed through the test 
facility. For example, over the sampling period, changes in conductivity, [Cl-] and [Na+] (as C/Co) 
averaged 1.5 ± 0.2, 1.7 ± 0.4 and 1.8 ± 0.6. Increasing salinity in the horizontal levee dwarfed what 
would be expected based on inputs through atmospheric deposition (National Atmospheric Deposition 
Program, 2019) and was unlikely explained by soil leaching or plant-mediated processes (Öberg and 
Sandén, 2005; White and Broadley, 2001). It was also unlikely caused by seawater intrusion due to 
design controls (e.g., the compacted clay liner) and because groundwater collected from the water 
table onsite had a lower salinity than the influent to the test facility. Rather, increasing salinity through 
the test facility appeared to be explained primarily by the withdrawal of water via evapotranspiration.  

Evapotranspiration (ET) rates were calculated via three methods: (i) a water balance in which available 
measured effluent flow rates were subtracted from measured influent flow rates (Table A-6) (ET), (ii) 
using an empirical linear regression model developed based on the assumption that conductivity can 
be used as a conservative tracer (ETobs) and (iii) using climatic data and the Penman-Monteith equation 
(ETv) with an assumed crop coefficient (Kc) of 1.3 (Allen et al, 1998; Howes et al, 2015). Boxplots 
comparing ET rates calculated over the first two years of monitoring according to the three methods 
described above are presented in Figure 2-4. 
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Figure 2-4: Boxplots comparing ET, ETobs and ETv. 

ET values calculated using the first two methods were not significantly different (p = 0.53), though 
ETobs values spanned a much larger range of values. However, flow measurements required to 
calculate ET values according to the first method were only sparsely available. 

The theoretical basis for the regression method (the second method described above) was the mass 
balance presented in Equation 2-1 through Equation 2-3: 

  Qinf*Cinf = Qeff*Ceff + QET*CET             Equation 2-1 

  Qinf = Qeff + QET               Equation 2-2 

  Qeff/Qinf = Cinf/Ceff = 1 – QET/Qinf             Equation 2-3 

where Qinf, Qeff, and QET represent the influent, effluent and evapotranspiration flows in the horizontal 
levee, Cinf and Ceff represent the concentrations of a conservative species in the influent and the 
effluent, and CET – the theoretical concentration of a conservative species in the ET flow – is set equal 
to zero. Measured ratios of influent and effluent conductivity (Cinf/Ceff) were significantly different  
(p < 0.001; Wilcoxon signed-rank test) than measured ratios of effluent to influent flows (Qeff/Qinf) on 
the dates when influent and effluent flow rates were available (Figure 2-5). However, these two 
variables were strongly correlated (r2 = 0.70; p < 0.001). Therefore, we developed an empirical 
regression to predict Qeff/Qinf on dates when only measurements of Cinf/Ceff were available (see Figure 
2-5). We fit the regression presented in Equation 2-4: 

  Qeff/Qinf = m*(Condinf/Condeff) + b             Equation 2-4 

where m and b are empirical slope and intercept constants that had values of 1.05 and 0.08 respectively. 
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Figure 2-5: Comparison of Qeff/Qinf and to Condinf/Condeff. 

We further verified our ET estimates using the third method described above (e.g., the Penman-
Monteith equation) to calculate ETv values. However, calculated ETv values were statistically different 
from ETobs values (p = 0.0002) – likely due to our assumption that Kv = 1.3, which was based on 
average literature values reported by Howes et al (2002) for natural wetlands. However, in that study, 
Kv values ranged from 0.35 to 2.65, suggesting that these values can vary substantially across wetlands 
and across seasons within the same wetland. Kv values for the test facility (i.e., ETobs/ETo), range from 
1.2 to 3.6. Though these values skew higher than natural wetlands, they are within the range reported 
for Kc values in the literature (Guerra et al, 2015). However, we should note that Kv values from the 
test facility are also significantly greater from what has been reported for marshes in the nearby San 
Joaquin Delta region (0.95 reported by Drexler et al, 2008). These differences may have been 
influenced to a significant extent by the warm drought-like conditions that dominated much of the 
monitoring period, which may have led to higher transpiration rates than we might have observed 
otherwise. 

Fractional load reductions of contaminants.  Using the ET calculations described above, we 
estimated the fractional load reductions for contaminants through the test facility based on the 
Equation 2-5 through Equation 2-7. 

C/Co = Ceff/Cinf               Equation 2-5 

  frem = (Qeff*Ceff)/(Qinf*Cinf)               Equation 2-6 

  frem = [m*(Condinf/Condeff) + b]*(C/Co)             Equation 2-7 

where frem represents the fractional load removed. C/Co represents the ratio of influent to effluent 
concentrations for a contaminant. 

Overland and subsurface flow calculation methods.  We calculated the contributions of subsurface 
and overland flow to the overall effluent flow by manipulating the mass balance presented in Figure 
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2-6. This method can be simplified by using water constituents that are completely removed in the 
subsurface in the mass balance (i.e., Css = 0), but are unchanged in the water flowing over the wetland 
surface (i.e., COLF = Cinf). For calculations performed in this study, we used nitrate concentrations for 
C because we had consistent measurements to confirm that [NO3-]ss = 0 and [NO3-]OLF = [NO3-]inf. 
Measurements of nitrate in overland flow water were not statistically distinguishable (p > 0.05) from 
the influent to the wetland across sampling dates. Effluent flow is the combination of subsurface and 
overland flows. Based on that, we calculated QOLF and Qss by first multiplying the effluent flow rate 
by the multiplier: Ceff/Cinf (for nitrate) to calculate QOLF and then subtracted this from Qeff to get Qss. 

 
Figure 2-6: Mass balances on water and tracers used to estimate flows in the horizontal levee test 
facility. Qss, Qeff and QOLF are the flow rates in the subsurface, the effluent and the water flowing 
overland. Css, Ceff, Cinf and COLF are the concentrations of a species C in the subsurface water, the 
effluent, the influent and the overland flow water. 

To validate this method, we used calculated subsurface flow rates and physical information from the 
field site to estimate hydraulic conductivity and hydraulic retention time for each cell at each sampling 
time. Hydraulic conductivity values were not shown to be significantly different (p < 0.05) from 
expected values for hydraulic conductivity based on previously conducted constant head permeameter 
tests using representative soil mixes and a priori calculations of hydraulic conductivity conducted 
based on the media grain sized used for the soils in the test facility and the Carman-Kozeny equation 
(Kadlec and Wallace, 2009; Benjamin and Lawler, 2013). 

2.3     Results and Discussion 

During the two-year monitoring period, the horizontal levee processed approximately 
126 x 103 m3 of municipal wastewater effluent. To assess water quality improvements that occurred 
as water passed through the system, we measured contaminants and water quality parameters in over 
1000 samples collected from the influent and effluent, as well as over 300 porewater samples. We also 
measured water flows along with other design and operational variables. The full dataset can be found 
on Mendeley Data (Cecchetti et al., 2020b). 

2.3.1  Water balance 

In the experimental wetland system, inflows of municipal wastewater effluent and a small volume of 
precipitation (which constituted less than 1% of the total volume of water entering the system during 
the monitoring period and therefore did not have a significant impact on results) were balanced by 

Overland flow

Subsurface flow
Qss, Css

Effluent
Qeff
Ceff

QOLF, COLF

Mass balances:
Qeff = QSS + QOLF
Ceff*Qeff = CSS*QSS + COLF*QOLF

Simplifying assumptions:
COLF = Cinf
Css = 0

Ceff*Qeff = Cinf*QOLF

QOLF =Qeff*
Ceff
Cinf
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outflows through the effluent pipes and evapotranspiration. Water flowed along the ground surface 
(i.e., overland flow), passed through the subsurface and evaporated or was transpired by the plants 
(Figure 2-7). Over the 2-year study period, evapotranspiration accounted for the loss of approximately 
25% of the water. The remaining water left the system through the outlet pipe. Of this remaining flow, 
the contributions of overland flow and subsurface flow varied considerably during the three phases of 
the study (Table 2-2). During phases 1 and 2, overland flow was approximately 2.5 times the 
magnitude of subsurface flow. During phase 3, swale-type cells continued to have high overland flows 
(i.e., around 5 times subsurface flows), though overland flow was negligible in most cells (i.e., wet 
meadow cells with both fine and coarse topsoils, and willow/riparian cells). 

 

Figure 2-7: Schematic representation of the water balance at the horizontal levee test facility using 
average values from the monitoring period. Calculated values for the average magnitude of each flow 
(in m3 d-1) and the average fraction of the influent flow that each flow represents are included. The 
figure is not to scale. 

Table 2-2: Average flow rates and fractions of the influent flow of the various flows in the test facility  
during operational phases 1 and 2 and for cells without overland flow during phase 3. 

Flow Component 

Phases 1 and 2 
All Cells 

 Phase 3 
All Cellsa 

 Phase 3 
Cells without Overland Flowb 

Flow rate, 
m-3 d-1 

Fraction, 
unitless 

Flow rate, 
m-3 d-1 

Fraction, 
unitless 

Flow rate, 
m-3 d-1 

Fraction, 
unitless 

Influent     222     1.0     104     1.0       48     1.0 
    Evapotranspiration       50     0.22       35     0.34       25     0.53 
    Overland flow     124     0.56       40     0.38         0.6     0.01 
    Subsurface flow       49     0.22       30     0.28       22     0.46 
Effluent     173     0.78       70     0.67       23     0.47 

a Average sum of all cells during Phase 3, including swale-type cells. 
b Average sum of cells during Phase 3, excluding swale-type cells but including all other cells. 

Effect of hydrology on contaminant removal. The water balance in the horizontal levee was 
important due to its influence on contaminant removal. Evapotranspiration removed water from the 
subsurface, concentrating dissolved species in the remaining water. Subsurface and overland flows 
mixed together prior to the final sample collection point, but the water experienced different 
conditions. The very short hydraulic retention times in the overland flow led to little, if any, removal 
of contaminants, while nearly complete removal of many contaminants was observed in the subsurface 
flow. Therefore, hydrological variables (e.g., the fraction of subsurface flow) largely determined 
contaminant removal. Negative correlations (r2 > 0.6) were observed between the fraction of overland 
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flow and the fractional removal of nitrogen species, pharmaceuticals, and F+ coliphage (Figure 2-8). 
Using standardized multiple linear regressions, additional variables (e.g., temperature, planting 
regime) were shown to be less influential on removal of studied contaminants, with the exception of 
organic nitrogen and acyclovir (Table 2-3). The most significant correlation for most contaminants 
studied was between subsurface flow and contaminant removal. 

 
Figure 2-8: The fraction remaining in the effluent of a suite of contaminants, including (a) nitrate 
(linear regression, r2 = 0.98), (b) phosphate (linear regression not shown, r2 = 0.00), and (c) 
pharmaceuticals (linear regressions, sulfamethoxazole: r2 = 0.91; trimethoprim: r2 = 0.73), and the log-
reduction of (d) F+ coliphage (log-linear regression, r2 = 0.89), as a function of overland flow. Values 
in plot (a) and (b) are flow-weighted averages across the full wetland at each time point. Values in 
plots (c) and (d) are data from individual wetland cells at each time point. 

These observed contaminant removal trends were attributable to efficient removal in the subsurface 
with little or no contaminant removal in the overland flow. For example, in the case of nitrate, the 
overland flow experienced short hydraulic residence times (approximately 0.4-1.0 days; tracers are 
detailed in section A.3 of Appendix A) and aerobic conditions, whereas subsurface flow was 
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characterized by longer hydraulic residence times (i.e., approximately 12-20 days) and anoxic 
conditions that are conducive to microbial denitrification. For trace organic contaminants, the lack of 
contact with biofilms that coat organic matter, plant roots and fluctuating redox conditions in the 
subsurface reduced contaminant removal in the overland flow. For viruses, we would expect a variety 
of mechanisms to increase the removal of F+ coliphage in the subsurface. For example, filtration 
facilitated by attachment to solids, virus inactivation and rhizosphere processes could all contribute to 
the high levels of removal observed in cells with less overland flow (Vidales et al., 2003; Muerdter et 
al., 2018). For phosphate, limited contact with phosphate-adsorbing mineral surfaces prevented 
significant removal in the overland flow. The assumption that little removal of contaminants occurred 
in overland flow was verified through the collection of samples from the water flowing over the 
wetland surface (Figure 2-9a), which were consistently statistically indistinguishable (p > 0.05) from 
the influent. 

Porewater samples collected deeper than 0.1 m indicated that most contaminants were removed in the 
subsurface within 5 meters of the inlet to the horizontal levee (Figure 2-9). The subsurface residence 
time in the first 5 meters of the slope (approximately 0.5-1.0 days) was similar to residence times in 
the overland flow. The significant and rapid subsurface removal of contaminants was likely due to a 
combination of mechanisms. Diffusion of oxygen into the subsurface was limited by overlying fine 
sediments, preventing re-introduction of oxygen and promoting anaerobic processes. The subsurface 
also provided ample organic matter (i.e., decomposing woodchips, plant roots and exudates) on which 
microbial communities can obtain energy, promoting microbially-mediated processes such as 
denitrification (Kadlec and Wallace, 2009). 

Consistent with these observations, removal of contaminants was most significant during the third 
phase of treatment when overland flow was eliminated in most cells (section A.2 of Appendix A). 
During this period, over 96% of the mass of total nitrogen and nitrate, and 92-99% of trace organic 
contaminants were removed, compared to 38-48% and 54-86% for the periods with more overland 
flow (i.e., phases 1 and 2).  

In contrast to nitrogen species and trace organic contaminants, hydrologic conditions (e.g., percentage 
overland flow) did not appear to have a consistent impact on the removal of phosphate (Figure 2-8b). 
Although removal of phosphate was high during the period when overland flow was eliminated in 
most cells (averaging 81 ± 23% removal), phosphate removal was poorly explained by hydrological 
variables in standardized multiple linear regressions, even when combined with other design and 
operational variables (overall r2 = 0.34 for phosphate compared to r2 > 0.75 for other contaminants). 

Standardized multiple linear regressions (Table 2-3) were performed to assess the influence of design 
and operational variables on performance criteria (e.g., contaminant removal). Tested variables 
included influent concentrations, temperature, soil texture, planting regime, topography and fraction 
of total subsurface flow (i.e., the combination of evapotranspiration and subsurface flow). Statistical 
analyses were performed in Excel (Microsoft Corporation, Redmond, WA, USA) using the Real 
Statistics Resource Pack software (Release 5.4; Zaiontz, 2018). Removal of dissolved organic nitrogen 
(DON) appeared to be impacted negatively by temperature, suggesting that DON may form more at 
higher temperatures, perhaps due to organic matter decomposition. Removal of DON also appeared to 
be impacted strongly by influent concentration, likely because there were not statistically significant 
differences between influent and effluent concentrations for organic nitrogen (p-value = 0.09). Both 
of these variables were more influential than subsurface flow. In the case acyclovir, topography was 
the most influential variable, suggesting that subsurface flow does not fully explain removal. 
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Figure 2-9: Porewater contaminant removal data. (a) Fraction of influent nitrate load remaining in 
porewater and overland flow samples at various distances along the slope. Error bars show one 
standard deviation. (b) The combined concentrations of the suite of monitoring pharmaceuticals in 
porewater samples at various distances along the slope. A red horizontal bar denotes the range of 
influent pharmaceutical concentrations observed. 

Removal of phosphate varied over time, ranging from 74% removal at best to concentrations more 
than doubling through the full horizontal levee (Figure 2-10). In addition to plant uptake, phosphate 
exhibits an affinity for a variety of minerals (Holtan et al., 1988; Yao and Millero, 1998) and forms 
precipitates under certain conditions (Egger et al., 2015; Rothe et al., 2016). Biogeochemical cycling 
of other elements, such as iron and carbon, can have complex and variable impacts on these 
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mechanisms in freshwater systems (Caraco et al., 1989; Murray, 1995; Szilas et al., 1998; Lin et al., 
2018), which may partly explain the observed variability in phosphate removal. 

Table 2-3: Key results from the standardized regression analyses of contaminant fraction remaining. 
Regression coefficients are presented with p-values for each variable in parentheses. The most 
influential variable for each contaminant is highlighted and the p-values for variables with statistically 
significant (p < 0.05) relationships are in bold. 

 

 
Figure 2-10: Changes in the fraction of influent phosphate remaining in the effluent over time over 
the entire wetland (all dates) and for hydraulically optimized cells (after July 2018). Values of 1 
(denoted by the horizontal red line) signify no removal. Error bars present one standard deviation. 

Regardless of the cause of this observed variability, we do not expect long-term phosphate removal in 
horizontal levees because the mechanisms responsible for phosphate removal are primarily storage 
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mechanisms that eventually will be exhausted (Chapter 5). For example, following plant uptake, 
decomposition of plant residues will eventually release a significant portion of assimilated phosphorus 
back into the subsurface. Additionally, even if the amount of phosphate adsorption sites on minerals 
in the subsurface remains constant, they will eventually be exhausted without the addition or formation 
of more mineral surfaces. Further research is required to understand how horizontal levees could be 
designed and operated to achieve substantial long-term phosphate removal. 

2.3.2  Effect of design and operational parameters on hydrology 

The interplay between overland flow and subsurface flow was the dominant factor controlling 
contaminant removal in the horizontal levee, but design and operational parameters (e.g., substrate 
type, plant species) also had significant impacts on the magnitudes of those flows and therefore on 
mass removal of contaminants. The impact of cell design on contaminant removal was unclear based 
on fractional removal of contaminants alone because flows were adjusted in an effort to obtain similar 
flow distributions. There also were not significant differences in subsurface contaminant removal 
trends between cells based on porewater observations. However, there were significant differences in 
the water balance for the different cell treatment types (Figure 2-11a). These differences in flows 
translated into significant differences in contaminant mass removal rates (Figure 2-11b), suggesting 
that design decisions, like plant species and soil type, can have a significant impact on the treatment 
capacity of horizontal levees. 

Impacts of cell design on subsurface flows. Over the full monitoring period, there were significant 
differences in flows based on soil texture. As expected, subsurface flows were significantly higher 
(i.e., approximately twice as high) in coarse sediment wet meadow cells when compared with those 
constructed with fine sediments (i.e., 4.6 m3 d-1 versus 2.3 m3 d-1; p-value < 0.001) because soil texture 
is correlated with hydraulic conductivity in granular media (Kadlec and Wallace, 2009). However, the 
magnitude of these differences decreased throughout the monitoring period. In the last monitoring 
phase, coarse textured cells exhibited flows that were only 54% higher than fine textured cells. 

Cells planted with the willow trees, which were constructed with coarse sediments, had the highest 
subsurface flows and the highest contaminant mass removal rates among tested cell types throughout 
the full monitoring period. Subsurface flows averaged 4.9 m3 d-1 in these cells, compared with flows 
of 4.6, 2.3 and 2.4 m3 d-1 in coarse and fine wet meadow cells, and swale-type cells, respectively. 
Differences in subsurface flows between the willow and the coarse meadow cells were not significant 
(p-value = 0.92) over the full monitoring period. However, during the third phase of treatment, the 
differences in subsurface flows between the two coarse-cell planting regimes (willow cells and 
meadow cells) increased significantly. During the final phase, the willow cells had 59% higher 
subsurface flows than coarse meadow cells (p-value = <0.001), at 3.6 m3 d-1 versus 2.3 m3 d-1, 
corresponding to differences in mass removal of nitrogen on the order of 10 kg N per year per cell 
(Figure 2-11). The observed impact of riparian planting regimes on subsurface flows was consistent 
with past research. Willows have extensive rooting zones (Kuzovkina et al., 2009), which lead to 
greater subsurface flows in stormwater bioinfiltration systems (Read et al., 2008). In the horizontal 
levee, the willow cells also appeared to play an important role in increasing the volume of water that 
could be processed by a cell. 
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Figure 2-11: (a) Average daily flow rates and (b) nitrate-N mass removed per cell type during the 
entire monitoring period (bars to the left for each treatment type) and during the third and final phase 
of the monitoring period (bars to the right). Abbreviations: SSF = subsurface flow; OLF = overland 
flow; ET = evapotranspiration; and Eff = Effluent flow. 

Although subsurface flow in swale-type cells was the lowest throughout phases 1 and 2, these cells 
had the second highest subsurface flow during the third monitoring phase. There was an average 40% 
decrease (p-value < 0.001) in the subsurface flow capacity of other cell types, likely due to a variety 
of clogging mechanisms, whereas subsurface flows of swale cells did not decrease significantly  
(p-value = 0.85) when compared to earlier monitoring periods. The unique topography of swale-type 
cells, with swales running down the center of these cells (Figure A-2), may have played a role in the 
observed subsurface flow conditions. This topography causes senescing plant residues to deposit and 
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concentrate in the center of the cell, possibly forming an organic episediment layer where microbial 
activity (e.g., denitrification) could be more significant than in the overland flow of other cells. 
Additionally, the cross-sectional area of subsurface flow in these cells increases as applied flows 
increase due to rising water tables. This may explain why subsurface flows remained higher in swale 
cells during the final monitoring phase, when overland flows were high. During additional monitoring 
dates, when overland flow was eliminated in swale cells, subsurface flows decreased to 1.3 m3 d-1, 
which was comparable to flow rates observed in fine wet meadow cells during the last monitoring 
period (1.4 m3 d-1)  

Declining subsurface flow rates are to be expected in horizontal levees and are likely due to a 
combination of clogging processes including deposition of particulate matter from the influent, growth 
of biofilms, and the migration of fine sediments into the pore spaces. These processes are still poorly 
understood (Knowles et al., 2010), but are particularly important in horizontal levees because removal 
of contaminants occurs primarily in the subsurface. Decreasing subsurface flow capacities are linked 
to increasing overland flow rates and decreasing mass removal of contaminants. For long-term 
decreases in treatment capacity, various mitigation techniques have been suggested for subsurface 
constructed wetlands to restore higher hydraulic conductivities, such as intermittent application of 
flow rates, periodic excavation and replacement of subsurface media or the application of chemicals 
or earthworms to these systems (Nivala et al., 2012). However, many of these mitigation techniques 
may not be practical at full-scale or could negatively impact co-benefits. Further research is required 
to understand clogging mechanisms and mitigation techniques better. 

Impacts of cell design on evapotranspiration and overland flow. Throughout the monitoring 
period, evapotranspiration rates were similar among cell types, with average evapotranspiration rates 
ranging from 3.2 to 3.9 m3 d-1. Only differences between fine and coarse meadow cells were significant 
(p-value = 0.02). However, in the third monitoring phase, more significant differences among the cells 
emerged, with willow cells (3.3 m3 d-1) exhibiting significantly higher evapotranspiration rates than 
both coarse (p-value = 0.04) and fine (p-value < 0.001) meadow cells (2.9 and 2.3 m3 d-1). This 
observation was consistent with evapotranspiration rates reported in short-rotation coppice forests, 
which are frequently higher than rates reported for grass-like crops, such as barley and grass ley 
(Persson and Lindroth, 1994). 

Evapotranspiration rates at the field site were significantly higher than rates observed in natural 
wetlands with similar plant communities. This was consistent with past research, which has also shown 
that evapotranspiration rates appear to increase in coppice forests when wastewater or sewage sludge 
are applied as a source of nutrients (Dimitriou and Aronsson, 2011), possibly due to increased biomass 
growth through nutrient enrichment (Morris et al., 2008). Higher evapotranspiration rates could be 
beneficial from an operational perspective, because they can drive greater flows of water into the 
subsurface by lowering the water table, which could increase treatment capacity. 

Overland flow correlated strongly with applied flow (Spearman’s r = 0.88) throughout the monitoring 
period. Swale-type cells had the greatest overland flow, averaging 14.2 m3 d-1 compared to 6.8 m3 d-1 
for other cell types, while values were similar (p-values > 0.25) among all other cell types. The 
significantly higher overland flows in swale-type cells (compared to other cells) during earlier 
monitoring phases (p-value <0.001) were likely due primarily to topographical differences in the 
design of those cells. Isolating the impact of topography on overland flows (i.e., comparing cells A-C 
and cells D-F) yields a Spearman’s r value of 0.57 – indicating a stronger correlation than observed 
for temperature (0.05), soil type (-0.02) or planting regime (0.25). Because of these high overland 
flows, swale-type cells had lower contaminant removal efficiencies than other cells (e.g., over the 
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entire study period, 31% of applied nitrate was removed in swale-type cells compared to 75% in other 
cells). However, swale-type cells removed comparable masses of contaminants to other cells because 
of similar subsurface flows. Swale-type cells removed around 100 kg N cell-1 of nitrate-N compared 
to an average removal of 112 kg of N cell-1 in all other cell types. In the final monitoring phase, mass 
removal of nitrate-N in the subsurface was greatest in swale and riparian type cells with 191 and 242 
g N cell-1 d-1 removed in those cells respectively, compared to 131 and 180 g N cell-1 d-1 in wet meadow 
cells with a fine and coarse topsoil type respectively. 

2.3.3  Implications for design and operation of horizontal levees 

The design of constructed wetlands involves tradeoffs among a variety of considerations, of which 
construction and operational costs, space requirements, and contaminant removal capabilities are 
typically most important (Kadlec and Wallace, 2009). Other considerations, such as habitat quality, 
public benefits (Knight, 1997) and control of disease vectors (Knight et al., 2003) can also drive design 
decisions. For horizontal levees, subsurface flow capacity appears to have the most significant effect 
on contaminant mass removal. If sand and gravel needed for the subsurface is not readily available 
onsite, the purchase and transport of coarse material could increase construction costs, though possibly 
only marginally. Our research also suggests that other design considerations, such as the plant 
community composition, can have significant impacts on subsurface flow capacities in these systems, 
thereby impacting contaminant removal.  

Design and operational considerations. In the horizontal levee, contaminant removal was largely 
confined to subsurface flows at the beginning of the slope, while overland flow affords negligible 
treatment. Because the amount of treatment achieved is likely to be a critical design objective for these 
systems, it is essential that they be designed to pass all of the flow through a portion of the subsurface. 
To achieve this in full-scale systems, appropriate selection of the materials used for subsurface flow 
is essential. Hydraulic conductivity of potential construction materials can be well approximated using 
the Carman-Kozeny equation to make a priori estimates (Kadlec and Wallace, 2009) or with simple 
laboratory tests (e.g., constant head permeameter tests). These methods tend to be quite accurate: 
values approximated for construction materials a priori were 0.6-0.9 times observed values in the test 
facility, while values derived from falling head permeameter tests were not significantly different  
(p < 0.05) from observed values. 

Available fill found on a constructed wetland site is often not suitable to provide the needed subsurface 
flow capacity of these systems. To strike a balance between obtaining the desired subsurface flow 
capacities and the cost of bringing more permeable materials to the site, engineers could build a 
narrower treatment zone to achieve treatment within the first few meters of the horizontal levee. 
Beyond this initial treatment zone, overland flow is not as much of a concern because sufficient 
treatment will have already been achieved although ponding of surface water should be avoided 
because it provides potential mosquito breeding grounds. The full sloped wetlands may need to be 
much longer (50-100 m in length) for geotechnical reasons (e.g., to provide an appropriate level of 
wave attenuation) and for ecological reasons (to provide sufficient habitat area for wildlife), but the 
majority of the slope could be constructed using fill found onsite that is appropriate for supporting 
restored wetland habitat. Additional design features, such as subsurface layers constructed with coarse 
materials and periodic mixing trenches, could also be included in horizontal levee design to help 
increase subsurface flow capacities, though it is essential that designers include controls (e.g., 
geotextile liners) to prevent fine sediments from migrating into the pore spaces in these coarse material 
zones and clogging them. 
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In systems where it is critical that horizontal levees meet treatment objectives, continuous real-time 
monitoring of conductivity can be conducted at the end of the treatment zone (depending on the system 
configuration) with minimal additional costs or labor requirements (Zhuiykov, 2012). This would 
allow operators to quickly identify conditions in which overland flow occurs because water flowing 
over the wetland surface has a lower salinity than water in the subsurface that gets progressively 
concentrated by evapotranspiration. Flow equalization could precede these systems to ensure that 
applied flow rates can be temporarily decreased if necessary to prevent overland flow. 

Rapid contaminant removal in the subsurface of the experimental system suggests that lower inputs of 
organic carbon may be sufficient to stimulate contaminant removal, which could reduce material 
inputs, though further research is needed to understand the requirements for carbon inputs better. 
horizontal levees may also be ideal for more concentrated wastewater streams, because 80-90% of the 
length of the slope is effectively unutilized in the experimental system and higher contaminant loads 
may require more contact time in the subsurface to achieve comparable treatment. Further research is 
needed to understand how water matrix differences would impact contaminant removal and other co-
benefits, but this may be an attractive option for utility managers who are considering water reuse 
applications and require solutions to deal with concentrated waste streams (i.e. RO concentrate) from 
advanced water treatment processes.  

Comparison to other types of wetlands. Subsurface wetlands that have been built in many locations 
often do not provide a significant advantage over surface-flow wetlands in terms of space requirements 
and performance, though they are less susceptible to seasonal variability especially in temperate 
climates (Kadlec, 2009). Consistent with past research, seasonal climate fluctuations did not have a 
significant impact on contaminant removal in the horizontal levee. Contaminant removal efficiency 
was not correlated with ambient or water temperatures during the monitoring period (Figure 2-12). 
However, the climate in the San Francisco Bay Area is mild and stable: the average daily temperature 
was 16.4°C at the field site, with 95% of temperatures falling between 11 and 22°C throughout the 
monitoring period. The relative insensitivity of contaminant removal to seasonal variations in 
temperature and plant growth may also be partly explained by the asynchronous seasonality of 
different removal mechanisms. For example, peak activity of plant uptake of nitrate and microbial 
removal of nitrate occur at different times of year (Kadlec and Wallace, 2009). The mechanisms of 
contaminant transformation in the subsurface is investigated further in subsequent chapters. 

Horizontal levees can offer significant advantages over other types of constructed wetlands used for 
treating wastewater effluent. Horizontal levees appear to be significantly more efficient in terms of 
space requirements, provided that water can be directed to the subsurface. To compare area 
requirements across wetland types, we calculated the wetland area needed for 90% removal (A!"# ) of 
nitrate, in hectares per (m3 d-1), introduced by Jasper et al. (2014b). Open-water and vegetated wetlands 
have seasonal A!"#  values ranging from around 1.2 x 10-3 ha (m3 d)-1 and 3.4 x 10-3 ha (m3 d)-1 
respectively in the summer and greater than 6 x 10-3 ha (m3 d)-1 in the winter (Jasper et al., 2014b). 
For comparison, A!"#  values for horizontal levees were seasonally invariable and ranged from 0.1 to 
0.7 x 10-3 ha (m3 d)-1 (Figure 2-13). The median yearly A!"#  value of 0.2 x 10-3 ha (m3 d)-1 for horizontal 
levees is significantly lower than even the most efficient summer values for open-water wetlands. 
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Figure 2-12: Relationship between subsurface contaminant removal rates for nitrate and temperature. 
Areal pseudo-first order nitrate removal rates constants were calculated using distance along the slope 
(rather than reaction time) for nitrate measured in porewater samples collected in transects at depths 
greater than 0.64 m along the subsurface flow path. These values were averaged across all cells 
sampled on each respective sampling dates. Temperatures are average ambient temperatures over the 
week leading up to the sampling event. 

Additional benefits. Horizontal levees can also provide additional benefits that could make them 
more attractive than other types of wetlands. For example, coastal wetlands can provide storm surge 
protection (Shepard et al., 2011), elevation gains to keep pace with sea level rise (Morris et al., 2008), 
plant and animal biodiversity enhancements, restored habitat, and recreational opportunities 
(Ghermandi et al., 2010) and increase the resiliency of tidal marshes to sea-level rise (Beagle et al, 
2019). Interviews with decision makers in the San Francisco Bay Area, where there is already 
awareness of the technology, revealed that horizontal levees are viewed more favorably than other 
nutrient control options because they provide multiple potential benefits, like sustainability and 
climate change resiliency (Harris-Lovett et al., 2018; Harris-Lovett et al., 2019). Other potential 
benefits of horizontal levees, such as their ability to provide recreational opportunities, are discussed 
subsequently. 

Growth of native plants was rapid in the test system. Dense vegetation established on the horizontal 
levee within three years of construction. Native plants rapidly established and outcompeted non-
natives (<2% of the surface coverage consisted of non-native plants). In riparian cells, Arroyo willows 
(S. lasiolepis) reached heights above 6 m by mid-2018 (section A.1 of Appendix A). The rapid 
establishment of dense vegetation observed in this system was likely due to a combination of nutrient 
enrichment (Morris et al., 2008) and high plant community diversity (Grace et al., 2007), both of which 
can lead to greater productivity. 
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Figure 2-13: A!"#  of various types of wetlands compared with the horizontal levee as well as the Prado 
and Easterly wetlands (Jasper et al., 2014b). The range of A!"#  values for the horizontal levee (0.06-
0.72 ha MLD-1; with an average value of 0.23 ha MLD-1) were calculated using the minimum, 
maximum and median areal pseudo-first order nitrate removal rate constants (Figure 2-12) to 
determine the wetland length required to remove 90% of nitrate. These distances were adjusted to 
wetland A!"#  values using the width of the test facility and subsurface flow rates (minimum, maximum 
and median) from throughout the monitoring period. The dashed black line represents the median A!"#  
value for horizontal levees while the grey bar around it represents the range of expected values. 

Plant biomass growth is strongly linked to climate change resiliency in constructed and natural coastal 
wetlands through increased accretion, wind wave dissipation and reduced erosion. Specific plants 
(e.g., willows) have been shown to protect coasts against storm surges (de Oude et al., 2010). Accretion 
in coastal wetlands is largely driven by organic matter accumulation (Callaway et al., 1997) with 
primary productivity as a key driver for accretion rates (Morris et al., 2008). Nutrient enrichment 
appears to have a positive impact on accretion rates in these systems, due to increased biomass growth 
(Morris et al., 2008). Increasing wetland elevations and dense vegetation growth provided by 
horizontal levees are essential to combating sea level rise, coastal flooding and storm surges, while 
stabilizing shorelines (Shepard et al., 2011). Further study is required to quantify these potential 
benefits fully.  

Consistent with past wetlands research (Knight et al., 2001), diverse fauna were also attracted to the 
test facility, likely due to highly varied habitat and niche complementarity created by the dense 
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biomass growth (Grace et al., 2007). At full-scale, these benefits would likely increase because habitat 
diversity and quality tend to increase with wetland size (Hsu et al., 2011). At the horizontal levee, we 
observed diverse wildlife, including ground squirrels (Otospermophilus beecheyi) and other rodents, 
jackrabbits (Lepus californicus), garter snakes (Thamnophis sirtalis), gopher snakes (Pituophis 
catenifer catenifer) and other reptiles, amphibians, such as the Pacific tree frog (Pseudacris regilla), 
and a wide array of insects, along with a large and varied community of birds (section A.4 of Appendix 
A). These observations are in line with past research suggesting that constructed wetlands provide 
attractive and productive habitats (Kadlec and Wallace, 2009). 

An important set of additional benefits in coastal wetlands are the recreational and educational 
opportunities the provide, as well as aesthetics and benefits related to environmental justice. Meta-
analyses have identified nonconsumptive recreation as a valuable benefit of restored and constructed 
wetlands (Ghermandi et al., 2010) because wetlands can bring “substantial welfare gains” to 
surrounding communities, and specifically to marginalized communities that typically have limited 
access to green spaces. In the context of constructed wetlands, this has been largely unexplored, though 
the distribution of green spaces in urban areas tends to benefit communities that are affluent and 
predominantly white (Wolch et al., 2014). If sited appropriately, horizontal levees can help combat 
this. For example, in the San Francisco Bay, horizontal levees could provide recreational opportunities 
and associated health benefits (Wolch et al., 2014; van den Berg, 2015) to a wide range of 
geographically, ethnically and socioeconomically diverse communities, while simultaneously 
protecting those same communities against coastal flooding. This is important because many of the 
communities that are most threatened by sea level rise consist of marginalized groups (Maantay and 
Maroko, 2009) who are also at a greater risk during natural disasters due to inequitable distributions 
of emergency response resources (Qiang, 2019). 

2.4     Conclusions 

Horizontal levees can achieve significant removal of a wide range of wastewater-derived 
contaminants, including nutrients, pharmaceuticals and F+ coliphage, while providing other benefits, 
such as high-quality habitat, and increased shoreline resilience to sea-level rise. At our field site, 
treatment efficiency was controlled by hydrological conditions, which were the strongest predictors 
for the removal of a wide range of contaminants removed in these systems. Certain design parameters, 
such as planting regimes and soil texture, also affected the total mass of contaminants that can be 
removed based on their influence over maximum subsurface flow rates. Additional research is needed 
to develop an understanding of the mechanisms behind contaminant removal in this system, as well 
as how horizontal levees would function under a variety of additional other design and operational 
conditions, and in more variable climates. 

Horizontal levees may also be useful in potable water reuse scenarios, which will likely expand in the 
future. Currently, there are limited options for disposal of waste streams associated with wastewater 
reuse (e.g., reverse osmosis concentrate streams), which tend to have low volumes but high 
concentrations of salts, nutrients and trace organic contaminants. Horizontal levees could be used to 
treat these waste streams because our results suggest these systems could handle significantly higher 
contaminant mass loads than we have studied. This application requires testing to ensure that 
differences in water matrices do not adversely impact treatment capacity, such as through stress to 
microbial or plant communities caused by higher salinity water. If successful, horizontal levees could 
continue to be appropriate multi-benefit treatment options even throughout dramatic shifts in water 
and wastewater management.  
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Chapter 3. The Fate of Dissolved Nitrogen in a 
Horizontal Levee: Impacts of Electron Acceptors on 
Seasonal Nitrate Removal Processes 

The following chapter is adapted from a co-authored manuscript with permission from Gonthier, E., 
Stiegler, A.N., Sedlak, D.L. The fate of dissolved nitrogen in a horizontal levee: impacts of electron 
acceptors on seasonal nitrate removal processes. Manuscript submitted for publication. Reproduced 
with permission from Environmental Science & Technology. 

Unpublished work copyright 2020 American Chemical Society. 

 

ABSTRACT 

Horizontal levees have been proposed as a nature-based approach for removing nitrogen from 
municipal wastewater effluent that provides additional benefits, such as flood control and terrestrial 
habitat. However, the performance of this new type of subsurface wetland will depend on 
biogeochemical conditions. To assess the rates and mechanisms of nitrogen removal, we monitored 
an experimental horizontal levee that received nitrified wastewater effluent over a 2-year period. In 
the subsurface, more than 50% of the applied nitrogen was removed by heterotrophic denitrifiers, 
which consumed labile organic carbon from decaying plants and wood chips that had been added at 
the time of construction. Fe(III)- and sulfate-reduction during the summer also led to the formation of 
FeS(s) in the subsurface of the horizontal levee. During cooler winter months when heterotrophic 
activity slowed down, autotrophic denitrifiers became more important to nitrogen removal. These 
organisms, which paired oxidation of Fe(II)-sulfides with nitrate reduction, were responsible for up to 
30% of the nitrate removed in wetland cells during winter. To predict long-term removal of nitrogen 
in these systems, we developed an electron transfer model to account for production and consumption 
of electron donors by various processes. Results indicate that horizontal levees should be capable of 
removing nitrate from wastewater effluent for more than 50 years before the carbon amended to the 
system (e.g., wood chips) during construction would be depleted, though the type of wood used may 
impact organic carbon decomposition rates. After the wood chips are depleted, sulfide minerals, 
decaying vegetation and root exudates may provide enough electrons to fuel continued nitrogen 
removal.  
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3.1     Introduction 

Humans have transformed the global nitrogen cycle (Galloway et al., 2008; Seitzinger et al, 2006), 
more than doubling the natural rate of terrestrial N2 fixation through the Haber-Bosch process (Gruber 
and Galloway, 2008). Reactive nitrogen from fertilizers discharged into aquatic ecosystems via runoff 
or municipal wastewater effluent can stimulate the growth of toxic algae and cause eutrophication in 
marine and estuarine systems (Anderson et al, 2002). Because increasing global temperatures are 
predicted to amplify these effects (Xiao et al., 2019), more effective management of nutrient 
contamination will be needed in coming decades (Heiskanen et al., 2019). 

Nutrient removal systems at wastewater treatment plants often require large capital investments (Ko 
et al, 2015) and are expensive to operate (Tchobanoglous et al., 2013). Nature-based treatment systems 
can remove nutrients at lower costs while simultaneously providing other benefits (Seifollahi-
Aghmiuni et al., 2019). However, they have not been as popular as treatment plant upgrades because 
they often require larger areas and exhibit diminished performance during cold weather periods 
(Kadlec and Wallace, 2009). Horizontal levees, a new type of subsurface wetland that builds upon 
insights from other constructed and riparian wetlands (Hill, 2000) and denitrification walls (Schipper 
et al., 2004; Schmidt and Clark, 2012), may overcome some of these limitations. A horizontal levee 
consists of a wedge of sediments that buttresses storm control levees and removes nutrients and trace 
organic contaminants from wastewater effluent in its subsurface layers in a smaller footprint than most 
other types of constructed wetlands, as described in Chapter 2 (Cecchetti et al., 2020a). Additionally, 
horizontal levees provide terrestrial habitat that can protect low-lying urban areas from storm surges 
(Morris et al, 2013), while providing ancillary benefits (e.g., recreation) that are valued by local 
stakeholders (Harris-Lovett et al., 2019).  

When optimized hydraulically (i.e., in the absence of overland flow), horizontal levees effectively 
remove nitrogen: 97% of wastewater-derived nitrogen was removed in a pilot-scale horizontal levee 
without overland flow. This even occurred during the winter, when average water applied temperatures 
decreased from 21 to 17 °C and plants were senescing as described in Chapter 2 (Cecchetti et al., 
2020a). Although plants growing on the surface of the levee took up nitrogen from the wastewater, 
isotopic analysis indicated that plant uptake was only responsible for about 10% of nitrogen removal, 
as described in Chapter 4 (Cecchetti et al., submitted). Furthermore, due to an absence of plant 
harvesting, any nitrogen taken up by plants will be released when biomass decays. 

We hypothesized that the nitrate removal observed in this pilot system was due to microbial 
denitrification on the basis of observed anoxic conditions and isotopic fractionation data. However, 
heterogeneous redox conditions made a range of additional processes possible, such as anammox, 
Feammox, and dissimilatory nitrate reduction to ammonium (DNRA) (Burgin and Hamilton, 2007; 
Yang et al., 2012a; Giblin et al., 2013). Additionally, because denitrifiers frequently rely on organic 
carbon for energy, other microbial processes that result in consumption of organic carbon could impact 
the denitrification capacity of these systems. 

To assess the biogeochemical cycling of nitrogen in these systems, a suite of redox active species were 
measured in porewater, soils and biomass in a pilot-scale horizontal levee. These data were used to 
develop a quantitative understanding of elemental cycling in horizontal levees and to elucidate the 
ways in which subsurface biogeochemistry impacts the long-term removal of nitrogen in those 
systems. 

  



 35 

3.2     Materials and Sampling Methods 

3.2.1  Materials 

Reagents were purchased from Fisher Scientific (Fairlawn, NJ) at the highest available purity. All 
solutions were prepared using 18MΩ Milli-Q water from a Millipore system. 

3.2.2  Wetland Monitoring 

Concentrations of nitrogen species, anions, cations, total organic carbon, and metals, as well as water 
quality parameters (e.g., temperature and pH) were monitored in the influent, effluent and porewater 
samples using methods described in Chapter 2 (Cecchetti et al., 2020a). Briefly, the system consisted 
of twelve hydraulically-separated parallel sloped subsurface wetland cells, which were used to test 
four treatments: (1) cells planted with willows (in coarse soil); cells planted with wet meadows in (2) 
coarse or (3) fine soils; and, (4) cells constructed with swales running down their center. Clay loam 
topsoil was underlain by sand and gravel. All layers were amended with redwood wood chips at 
approximately 24 g per kg soil. The total depth of these layers was 0.9 m. Below the sand and gravel 
layers a compacted clay liner prevented infiltration. Nitrified wastewater effluent from the adjacent 
municipal wastewater treatment plant was delivered to the subsurface via gravel trenches at the top of 
the slope. 

3.2.3  Sample Collection 

Porewater, influent and effluent water, as well as soil and plant samples, were collected using 
previously described in Chapters 2 and 4. Briefly, porewater samples were collected at depths ranging 
from 0.6 to 0.9 m using stainless steel PushPoint sediment porewater samplers (MHE Products, East 
Tawas, MI, USA). Influent and effluent samples were collected from the influent pump station and 
from the 12 effluent monitoring wells at the foot of the wetland slope using a Masterflex E/S portable 
water sampler (Cole-Parmer, Vernon Hills, IL, USA). All water samples were filtered on-site and 
stored on ice prior to analysis, which normally occurred within 24-48 hr. 

New growth plant leaves were collected from Baltic rushes (J. balticus; in wet meadow cells) and 
Arroyo willows (S. lasiolepis; in willow cells) every 3-6 months between August 2016 and June 2019, 
at various distances along the wetland slope, as described in Chapter 4 (Cecchetti et al., submitted). 
Leaves were separated from their petioles and collected in labeled paper envelopes. Envelopes were 
placed in plastic bags and stored on ice prior to returning to the lab. Soil samples were collected from 
the top 10 cm of the soil. In 2016, these soil samples were collected from 9 randomly selected locations 
per cell. Subsets of additional samples were collected in 2017 and 2018 for comparison. Soil samples 
were stored on ice prior to returning to the lab where they were frozen prior to analysis. 

3.2.4  Sample Processing and Analytical Methods 

Sample processing and analytical methods for chemical parameters and isotope measurements in plant, 
soil and aqueous samples were described in Chapters 2 and 4. Briefly, anions (Cl-, Br-, NO2-, NO3-, 
PO43-, and SO42-) were analyzed by ion chromatography according to U.S. EPA Method 300.0. Cations 
(Li+, Na+, K+, NH4+, Mg2+, and Ca2+) were analyzed by ion chromatography according to previously 
described methods (Thomas et al., 2002). Non-purgeable organic carbon (NPOC), dissolved inorganic 
carbon and total dissolved nitrogen were measured in 0.7-µm filtered samples using a Shimadzu TOC-
V/CSH analyzer with an attached TN-1 unit (Shimadzu Scientific Instruments, Columbia, MD) 
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according to standard methods (Method 5310B; APHA, 1998). Dissolved transition metals (i.e., Mn(aq) 
and Fe(aq)) were analyzed by inductively coupled plasma mass spectrometry (ICP-MS) according to 
standard methods (Method 3125; APHA, 1998). Organic nitrogen concentrations were calculated by 
subtracting concentrations of nitrate, nitrite and ammonium from total nitrogen measurements. 

Leaf samples were dried at 65°C for 48 hr immediately upon return to the lab. Soil samples were 
freeze-dried in a Labconco FreezeZone 12 Freeze Dryer (Labconco, Kansas City, MO). Dried leaf and 
soil samples were ground to a fine powder (200 mesh) using mortar and pestle, a SPEX SamplePrep 
8000 Mill (SPEX SamplePrep, Metuchen, NJ) or a Mini-BeadBeater (Biospec Products, Bartlesville, 
OK). Soils were analyzed for metals (Fe, Mn and Cu) by inductively coupled plasma atomic emissions 
spectrometry (ICP-AES) after nitric acid/hydrogen peroxide closed vessel microwave digestion. Dried 
and powdered soil and plant samples were analyzed simultaneously for carbon, nitrogen and sulfur 
content (% dry weight). Data for nitrogen, carbon and sulfur stable isotope ratios (δ15N, δ13C and δ34S) 
are reported in Chapter 4 (Cecchetti et al., submitted). 

3.2.5  Statistical Methods 

Statistical analyses were performed in Excel (Microsoft Corporation, Redmond, WA, USA) using the 
Real Statistics Resource Pack software (Release 5.4; Zaiontz, 2018). Reported p-values were derived 
from non-parametric analyses (i.e., Wilcoxon signed-rank test for paired samples and Mann-Whitney 
tests for independent samples) unless otherwise specified. When data were normally distributed (i.e., 
with a p-value > 0.05 for both Shapiro-Wilk and d’Agostino-Pearson tests) parametric analyses (e.g., 
t tests) were used as specified in the text. 

3.3     Mass Balance and Electron Balance Methods and Results 

3.3.1  Mass Balances 

Methods. Mass balances were conducted to quantify exchanges of redox-active elements between 
different forms in the subsurface. Mass balances were modeled generally according to Equation 3-1 
through Equation 3-4:  

Storage = Net	advection + Net	Diffusion	and	Dispersion + Net	chemical	reaction          Equation 3-1 
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∆J𝑋/%#* + 𝑋0*1$'/ + 𝑋2+/#3&1*	*#''+2L = 𝑄#$4[𝑋]#$4 − 𝑄+44[𝑋]+44 + 𝐽56778569: + 𝑟;,=>?         Equation 3-3 

∆𝑋$%&' + 𝐵()*+𝜃,𝑓- +	∆𝑋.)$&/0*'	'&22). = 𝑄&34[𝑋]&34 − 𝑄)44[𝑋])44 + 𝑟-,678𝑉         Equation 3-4 

where Qinf and Qeff represent the influent and effluent flows in m3 yr-1, [X]inf and [X]eff represent 
concentrations of species X in kmol m-3 in the influent and effluent wastewater respectively, Xsoil, 
Xplants, and Xresidual litter represent the total mass of species X in kmol stored in soil, plant biomass and 
undecomposed plant residues (litter), respectively, rX,remV represents the net chemical or microbial 
reactions removing element X in kmol yr-1, Bpeak represents the peak dry weight of total plant biomass 
in kg DW, 𝜃, represents the plant biomass turnover rate in yr-1, and fX represents the fraction of species 
X in plant biomass in kmol X (kg DW)-1. Terms in Equation 3-2 have been defined previously 
(Benjamin and Lawler, 2013). Not all mass balances included all of the terms of every equation above  
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and some mass balances included additional terms. The diffusion and dispersion term, 𝐽9:;;<9:=>, was 
assumed negligible in balances on carbon and nitrogen. 

Xsoil measurements were conducted on bulk soil samples and included various solid forms of the 
elements. With respect to sulfur, nitrogen and organic carbon, this included forms of those elements 
stored in microbial biomass (e.g., microbial biomass C). As an example, the Csoil measurements 
included microbial biomass C, indigenous organic carbon from construction materials, and 
decomposing plant roots and litter (see carbon mass balance, below). 

The control volume for mass balances included the subsurface soil layers of the wetland and all plant 
biomass (including both above ground standing biomass and live roots), plant litter deposited on the 
wetland surface and decaying plant roots. Elements assimilated into plant biomass were largely 
returned to the soil through litterfall that was deposited and reintegrated into the soil. A large fraction 
of organic carbon in litter was used for microbial respiration before litterfall mass was reintegrated 
into the soil, though most other nutrients (e.g., nitrogen, sulfur) remained. 80% of plant residues were 
considered reintegrated into the wetland for the purposes of the mass balances, based on analyses 
conducted on depth-resolved soil samples (see section 3.5.3). The system was not assumed to be at 
steady state and therefore changes in the storage terms over time were not set equal to zero unless they 
were shown not to change significantly over the monitoring period. 

All statistical analyses were conducted using non-parametric analyses because our data rarely met the 
assumptions required (e.g., a normal distribution of values) for parametric statistical tests. 

Overall results. Nitrogen, organic carbon and sulfur content in soil were quantified using elemental 
analyses performed at the Center for Stable Isotope Biogeochemistry at University of California, 
Berkeley, as described in Chapter 4 (Cecchetti et al., submitted). Manganese and iron content were 
quantified at the UC Davis Analytical Laboratory using ICP-AES preceded by microwave assisted 
digestion. Significant differences (p < 0.05) were not observed in the iron or nitrogen content of soils 
collected from the pilot horizontal levee in 2017 and 2018. Significant increases in sulfur (p < 0.001) 
and carbon (p < 0.05), and a significant decrease in manganese (p < 0.01) were observed over that 
time (Table 3-1). 

Table 3-1: Average solid phase concentrations of redox-active elements in the soil in 2017 and 2018. 
Statistical comparisons between those dates are presented as p-values derived from two-tail Mann-
Whitney tests. 

Year of collection 
Mn Fe OrgC N S 

Average solid phase concentration (ppm) 
2017 430 (n=6) 24000 (n=5) 16000 (n=24) 930 (n=24) 240 (n=24) 
2018 390 (n=3) 24000 (n=5) 19000 (n=11) 940 (n=11) 320 (n=11) 

Statistical comparison P-values 
2017 v. 2018 0.01 0.44 0.03 0.80 <0.001 

  
To quantify changes in the mass loading of aqueous species of these elements, concentrations were 
measured in the influent and effluent from each wetland cell on a series of monitoring dates. These 
values were multiplied by the total flow applied to individual cells, as described in Chapter 2 
(Cecchetti et al., 2020a), between those sampling dates to estimate mass loading in the influent and 
effluent of each cell. Values for individual cells and dates were summed to calculate the total influent 
and effluent loading to the pilot wetland system. The full dataset is provided on Mendeley Data 
(Cecchetti et al., 2020b). 
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Plant uptake measurements were described in Chapter 4 (Cecchetti et al., submitted) and estimation 
methods for production, decomposition and reintegration of plant residues into sediments are 
presented in section 3.5. The results of the mass balances over the monitoring period are delineated in 
Table 3-2. 

Table 3-2: Mass balances results over the 2-year monitoring period. Values above the dashed line are 
median measured values whereas those below the dashed line were calculated. 

Component 
Mn Fe S N OrgC 

Mass of element (kmol yr-1) 
∆𝑋/%#* -8.0  0* 40  0* 780 
∆𝑋0*1$'/ 0.02 0.2 1.2 9.2 360 
∆𝑋2+/#3&1*	*#''+2 0.002 0.04 0.2 5.2 92 
𝑄#$4[𝑋]#$4 0.1 0.1 44 104 64 
𝑄+44[𝑋]+44 0.7 2.2 24 59 70 
𝐽56778569: − 𝑟;,=>?𝑉 -8.8 -130 62 -81 1200 

*Changes in Fe and N content of soil were insignificant over the monitoring period.  

Nitrogen mass balances. Two mass balances were conducted on nitrogen. The first mass balance, 
which was a whole-system mass balance, was performed as described in the preceding section and 
was used to quantify the amount of nitrogen removed completely via reactions from the system 
(primarily via denitrification in the spatial reduction sequence). The results of this mass balance are 
presented in Table 3-2. The second mass balance, which was performed on the ∆𝑁$%&' component of 
the overall mass balance, was conducted to quantify the fraction of wastewater-derived nitrogen 
removed by microbial assimilation. 

Overall mass balance. The overall mass balance on nitrogen as detailed in Table 3-2 was performed 
by applying Equation 3-4 to nitrogen, as in Equation 3-5 below: 

𝑁('*32$ + ∆𝑁.)$&/0*'	'&22). = 𝑄&34[𝑁]&34 − 𝑄)44[𝑁])44 + 𝑟?,678𝑉          Equation 3-5 

Because soil nitrogen measurements did not change significantly over the monitoring period, ∆𝑁$%&' 
was 0 kmol N. This parameter included not only nitrogen stored in indigenous soil nitrogen forms 
from the construction materials used in the pilot system, but also nitrogen stored in decaying plant 
roots and litter reintegrated into the soil (see Equation 3-6 below). 

∆𝑁('*32$ was calculated as the net increase in the amount of nitrogen stored in standing biomass and 
live plant roots by the end of the monitoring period. Based on median biomass measurements at the 
beginning (0.4 kg DW m-2 and 0.5 kg DW m-2 for above and below ground live biomass respectively) 
and end (1.5 kg DW m-2 and 1.0 kg DW m-2) of the monitoring period (Cecchetti et al., submitted), 
the median biomass nitrogen fraction (2.9%) and the size of the site (45.7 m by 110 m; excluding 
swale-type wetland cells), the net increase in the amount of nitrogen stored in above and below ground 
biomass throughout the monitoring period was calculated to be 18 kmol N. 

∆𝑁.)$&/0*'	'&22). was calculated based on the dry weight of undecomposed litter remaining at the end 
of the monitoring period, the %C of the litter and its C:N ratio (see section 3.5). Plant litter experienced 
increasing levels of decomposition and reintegration into wetland soils with time since deposition and 
the total amount of litter produced had to be adjusted to quantify undecomposed litter. We used values 
reported in the literature for litter decomposition rates and changes in the %C and C:N of litter over 
time to do this. Residual litter, i.e., undecomposed litter that had not integrated into the soil, was 
calculated by multiplying this remaining value by ~20%, which was the fraction of undecomposed 
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litter we estimated remained unintegrated into the soil or removed by other mechanisms (e.g., 
consumption by animals) at the end of the monitoring period, based on elemental and isotopic analyses 
in depth resolved soil samples (described in section 3.5.3). %C of litter was measured in dead biomass. 
This was adjusted to nitrogen content based on projected C:N ratios based on the amount of litter 
remaining (section 3.5.2). Based on these models, we calculated that of the 36 kmol N that went to 
above ground plant litter, nearly 60% (21 kmol N) were reintegrated into the soils and around 15%, or 
5.2 kmol N, remained in undecomposed residues on the wetland surface (Figure 3-14b). This is 
consistent with past research, in which nutrients from litterfall were rapidly released (e.g., up to 50% 
within the first few days) and 5-20% of litter remained in undecomposed residues long-term (Kadlec 
and Wallace, 2009). The remaining 9.9 kmol N of litter were largely mineralized and consumed by 
microorganisms, though some nitrogen was likely lost through consumption by animals and 
solubilization as DON and export from the system. This final process could explain part of the mass 
loading of DON in the effluent (i.e., 6.5 kmol N). 

Values for 𝑄&34[𝑁]&34 and 𝑄)44[𝑁])44 were calculated as described previously to be 164 kmol N and  
59 kmol N over the monitoring period. Using these values, we solved Equation 3-5 for 𝑟?,678𝑉, which 
was approximately -81 kmol N. 

Soil nitrogen mass balance. We also conducted a mass balance on the soil nitrogen component of the 
overall nitrogen mass balance. Soil nitrogen included indigenous soil nitrogen (∆𝑁$%&',&3/) (e.g., 
nitrogen stored in soil organic matter derived from construction materials), nitrogen stored in 
microbial biomass (∆𝑁@AB), nitrogen stored in decaying plant roots (∆𝑁AC,/)D*E) and nitrogen 
reintegrated into the soil stored in decaying plant litter (∆𝑁'&22).,&32)F.*2)/), according to Equation 3-6: 

∆𝑁$%&' = ∆𝑁$%&',&3/ + ∆𝑁@AB + ∆𝑁AC,/)D*E + ∆𝑁'&22).,&32)F.*2)/          Equation 3-6 

Over the monitoring period, the change in soil nitrogen (∆Nsoil) was insignificant (p = 0.80) and was 0 
kmol N in Equation 3-6. Soil nitrogen consisted of nitrogen stored in soil organic matter, microbial 
biomass and decomposing plant biomass (including decaying plant roots and above ground biomass 
reintegrated into the soil). Despite insignificant changes in the total amount of soil nitrogen, there were 
large exchanges between various forms. The significant increase in microbial biomass N (∆𝑁@AB), 
which we estimated increased by 49 kmol N based on the geometric mean of microbial biomass N 
reported in sediments from natural wetlands (Xu et al., 2013) and horizontal subsurface flow 
constructed wetlands (Truu et al., 2009), was offset by removal of nitrogen from other soil forms. This 
magnitude of microbial growth is consistent with past research in saturated systems: increasing water 
content in natural and constructed wetland sediments has been linked to substantial increases  
(50-300%) in microbial biomass (Witt et al., 2000; McIntyre et al., 2009; Minick et al., 2019). The 
total mass of nitrogen in decaying roots (∆𝑁AC,/)D*E) increased to 6.5 kmol N based on root turnover 
rates and biomass estimates discussed in Chapter 4 (Cecchetti et al., submitted) and Gill et al. (2002). 
The mass of nitrogen from above ground biomass litter that integrated into the subsurface 
(∆𝑁'&22).,&32)F.*2)/) was estimated at 21 kmol N. By rearranging Equation 3-6 and solving for ∆Nsoil,ind, 
we estimated that the change in the size of that nitrogen pool was -77 kmol N. 

Of the indigenous soil nitrogen exchanged to other forms, approximately 70% (54 kmol N or 27 kmol 
N yr-1) was taken up into plants. This represented 86% of nitrogen taken up by plants. The remaining 
23 kmol N removed from indigenous soil nitrogen was assimilated into microbial biomass. Of N taken 
into plant biomass, 11 kmol N and 7.2 kmol N (from all sources) were retained in standing above and 
below ground biomass, with 36 kmol N deposited as litter on the wetland surface and 8.5 kmol N in 
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decaying plant roots. 27 kmol of microbial biomass nitrogen were left over after loss of indigenous 
soil nitrogen was accounted for. This nitrogen came from a combination of wastewater nitrogen and 
nitrogen from decomposing plant litter and roots. We approximated that 2.0 kmol N and 9.9 kmol N 
were supplied to microbial biomass from the decomposition of below and above ground biomass 
respectively. The remaining 15 kmol N of microbial biomass N was assimilated from wastewater. This 
is approximately equivalent to the amount of wastewater-derived ammonium (14 kmol N) removed in 
the horizontal levee, which is consistent with the preferential use of ammonium by microorganisms 
for assimilation of nitrogen (Inamori et al., 2008). It is also equivalent to the amount of nitrogen 
removal unexplained (15 kmol N) when removal due to plant uptake (8.8 kmol N) and denitrification 
(81 kmol N) are subtracted from the total amount of nitrogen removal observed (104 kmol N). 

Carbon mass balance. Soil carbon content increased by approximately 18% over the monitoring 
period. Using Equation 3-7 below, we assessed the amount of indigenous organic carbon and wood 
chip carbon consumed by microorganisms: 

∆𝐶$%&' = ∆𝐶$%&',&3/.<HB + ∆𝐶@AB + ∆𝐶AC,/)D*E + ∆𝐶'&22).,&32)F.*2)/          Equation 3-7 

where ∆Csoil,ind.+WC, ∆CMBC and ∆CBG,decay represent changes in kmol yr-1 in carbon storage of the 
indigenous soil carbon pool and wood chips, microbial biomass C and decaying root biomass (BG, 
decay), respectively. 

Over the monitoring period, ∆Csoil was measured at +780 kmol (+390 kmol yr-1). Of this increase, a 
significant fraction was due to microbial biomass C (∆CMBC), which we estimated increased by  
+610 kmol based on microbial biomass C reported in sediments from natural wetlands (Xu et al., 2013) 
and horizontal subsurface flow constructed wetlands (Duncan et al., 1994; Truu et al., 2009) and the 
assumption that microbial biomass was largely produced during the monitoring period. The total mass 
of decaying root carbon (∆CBG,decay) was calculated at 220 kmol based on root turnover rates and 
biomass estimates from Chapter 4 (Cecchetti et al., submitted) and Gill et al. (2002). The mass of 
carbon from litter that integrated into the subsurface (∆𝐶'&22).,&32)F.*2)/) was estimated at 180 kmol. By 
rearranging Equation 3-7 and solving for ∆Csoil,ind.+WC, we estimated that the change in the size of that 
pool to be -230 kmol. Additional sources of organic carbon are discussed below. 

Manganese, iron and sulfur. For manganese and iron, influent and effluent loadings did not reflect 
the full reduction of Mn(III)/Mn(IV)- and Fe(III)-oxides in this system. We observed significantly 
higher concentrations of Mn(aq) and Fe(aq) in porewater samples than in effluent measurements, 
possibly due in part to deposition of carbonate minerals. The results of Visual MINTEQ modeling 
(section 3.4) suggested that Mn(II)- and Fe(II)-minerals were supersaturated in large portions of the 
wetland subsurface and were likely precipitating onto sediments. This could partly explain why 
changes in the Mn and Fe content of soils (-4.0 kmol yr-1 and 0 kmol yr-1) were not equivalent to export 
of those metals from the system. Reductive mobilization followed by deposition of these metals in 
other forms may have led to heterogeneous spatial distribution throughout within the sediments, which 
could explain why the term “𝐽56778569: − 𝑟;,=>?𝑉” in the mass balances in Mn and Fe above did not equal 
zero, as would have been expected. 

However, deposition of these minerals does not appear to explain these discrepancies fully. The 
increase in loading of these metals (𝑄&34[𝑋]&34 − 𝑄)44[𝑋])44) was 0.3 kmol yr-1 and 1.1 kmol yr-1 
respectively between the influent and effluent samples, though we would have expected effluent 
loadings of nearly 100 and 200 kmol yr-1 respectively based on porewater samples collected at the end 
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of the wetland. For these reasons, we concluded that re-oxidation of these species in the gravel effluent 
collection trench likely occurred prior to the effluent sample collection point.  

To produce better estimates of the full extent of iron and manganese reduction, we used porewater 
concentrations over the first 7.5 m of the slope – prior to the point at which supersaturation of 
carbonate minerals was predicted to limit concentrations of Mn(aq) and Fe(aq) – to estimate subsurface 
reduction rates for these species. In the case of Fe(II), these estimates may have been low due to 
formation of Fe(II)-sulfide minerals, which often occurred within the first 5 m. In the first 7.5 m of 
the slope there were significant (p < 0.001) linear relationships between distance and concentrations 
of Mn(aq) and Fe(aq) (Figure 3-1). If we extrapolated these relationships to the end of the wetland  
(45.7 m), we would expect that 0.2 mM Mn(aq) and 0.95 mM Fe(aq) would have been observed in the 
effluent from the system if precipitation of minerals had not been significant. This is significantly 
higher than median concentrations of 0.06 and 0.11 that we observed for Mn(aq) and Fe(aq) respectively 
in porewater samples collected at the end of the wetland slope. The values calculated using the linear 
relationship discussed above were considered upper bound estimates for iron and manganese reduction 
because they assumed that reduction of those minerals was uniform across the entire wetland, whereas 
deposition of sulfide and carbonate minerals onto mineral surfaces may have reduced the reduction 
rates of Mn(III)/Mn(IV)- and Fe(III)-oxides in latter portions of the wetland. 

 

Figure 3-1: Linear relationships between porewater concentrations of Mn(II)(aq) and Fe(II)(aq) and 
distance along the wetland slope. 

The changes in the loading of Mn(aq) and Fe(aq) in the wetland discussed above (0.3 kmol yr-1 and 1.1 
kmol yr-1) were considered lower bound estimates of manganese and iron reduction. These values 
were likely lower than actual reduction rates due to mineral deposition discussed above and in section 
3.4. 

Estimates of manganese and iron reduction were calculated based on the 95th percentile values of 
observed Mn(aq) and Fe(aq) concentrations in porewater (0.08 and 0.42 mM, respectively) and the 
median total flow over the monitoring period. These estimates were based on the assumption that the 
higher end of observations of these species in porewater was reflective of the total amount of reduction 
of Mn- and Fe-oxides, which was estimated at 4.1 kmol Mn and 22 kmol Fe. While this is our best 
estimate based on the data collected, it is possible that this value is still lower than actual reduction of 
those species due to Mn(II)- and Fe(II)-mineral formation. 
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The sulfur content of the soil increased significantly throughout the monitoring period, likely due in 
large part to deposition of sulfide minerals and other reduced sulfur species (e.g., elemental sulfur). 
However, increasing soil sulfur (40 kmol) exceeded the observed decrease in sulfate loading (-19 
kmol) by more than double, suggesting that a significant fraction of dissolved sulfur in the influent 
may have been in forms other than sulfate (e.g., dissolved organic sulfur). However, sulfate reduction 
appeared to explain the majority of sulfate removal from the aqueous phase and also a significant 
fraction of the increase in soil sulfur content. Up to 6% of the removal of sulfate could have been 
attributed to uptake and storage in plant biomass (1.2 kmol). 

3.3.2  Balancing Electron Donors and Acceptors 

Electron balances were conducted based on the mass balances described above and were used to 
evaluate how changes in the flows and storages of those elements were related to each other through 
redox reactions. Electron balances in the horizontal levee pilot facility were modeled according to 
Equation 3-8 through Equation 3-10: 

Storage = Net	advection                Equation 3-8 

∆𝑒@3%$%2/ − ∆𝑒@1AA+0'%2/ = (𝑄#$[EA]#$ − 𝑄%&'[EA]%&') − (𝑄#$[ED]#$ − 𝑄%&'[ED]%&')         Equation 3-9 

∆𝑒@3%$%2/ + (𝑄#$[ED]#$ − 𝑄%&'[ED]%&') = ∆𝑒@1AA+0'%2/ + (𝑄#$[EA]#$ − 𝑄%&'[EA]%&')       Equation 3-10 

where ∆𝑒!"#$#%& and ∆𝑒!'(()*+#%& represent net changes in storage of electron donors and acceptors in 
keq yr-1, Qin and Qout represent the influent and effluent flows in m3 yr-1, [ED]in, [EA]in, [ED]out and 
[EA]out represent dissolved concentrations of electron donors and electron acceptors in the influent 
and the effluent in keq m-3. 

We determined that approximately 81 kmol of nitrate and nitrite (of which 76 kmol were nitrate and 
5.6 kmol were nitrite), 4.1 kmol manganese (as Mn(III)/Mn(IV)-oxides), 22 kmol iron (as Fe(III)-
oxides), and 19 kmol sulfate were reduced through the microbial reduction sequence in the horizontal 
levee subsurface over the full monitoring period. The mass loading of dissolved oxygen to the 
subsurface was calculated at 15 kmol based on measured influent dissolved oxygen concentrations 
and subsurface flow rates (11 kmol), and estimated diffusion of dissolved oxygen into the subsurface 
(4.4 kmol; see below). Dissolved oxygen was assumed to diffuse into the subsurface with an effective 
diffusion coefficient of De = 10-7 m2 s-1 (Shackelford and Daniel, 1991; Kadlec and Wallace, 2009), 
an assumed porosity (θ) of 0.4 in the clay loam topsoil layer, and a tortuosity factor (τ) of 0.1 
(Shackelford and Daniel, 1991). Based on formation of sulfide minerals within the first 5-15 cm of the 
subsurface, we assumed that dissolved oxygen did not dissolve further than approximately 10 cm into 
the subsurface before being consumed. Therefore, using the equation: J = De τ θ (∂c/∂z) (Shackelford 
and Daniel, 1991), we estimated that approximately 4.4 kmol of oxygen diffused into the subsurface 
and were consumed throughout the monitoring period. It was assumed that all oxygen was consumed 
in the sediments. 

To convert these values to electron equivalents, we used the molar ratios of electrons produced or 
consumed (eq mol-1) based on the oxidation or reduction half reactions for these species provided in 
Table 3-3 (Rittmann and McCarty, 2013). Electron acceptor pools were further adjusted to account for 
the amount of organic carbon that was used for cell synthesis by heterotrophic microorganisms by 
dividing the total e- equivalents calculated as described above for oxygen, nitrate, manganese, iron and 
sulfate by ƒe (e- eq to acceptor/e- eq to donor) values derived from the literature. ƒe values were 
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assumed to be 0.5, 0.6, 0.6, 0.75 and 0.9 for oxygen, nitrate, Mn(IV), Fe(III) and sulfate respectively 
(Rittmann and McCarty, 2013). This is reflected in the values presented in the first paragraph of this 
section and in Table 3-4. 

Table 3-3: Oxidation or reduction half reactions for electron donors and acceptors (Rittmann and 
McCarty, 2013). 

Species Oxidation or Reduction Half Reaction Ratio, eq mol-1 

Electron Donors 

Wastewater-DOC 
1
50C!"H!#O$N+

9
25H%O↔

9
50CO

%
+
1
50NH

&

'
+
1
50HCO$

( +H' + 𝑒( 

 
1/5 

Woodchips, plant 
residues, plant root 
exudates 

1
4CH%O+

1
4H%O↔

1
4CO

%
+H' + 𝑒( 

 
1/4 

Sulfide 
1
8HS( +

1
2H%O↔

1
8SO&

%( +
9
8H' + 𝑒( 

 
1/8 

Fe(II) Fe%' + 	3H%O↔ Fe(OH)$ + 3H' + 𝑒( 
 

1/1 

Mn(II)* 
1
2Mn%' +	

1
2H%O↔

1
2MnO% +H' + 𝑒( 

 
1/2-1/1 

Electron Acceptors 

Oxygen 
1
4O% +H' + 𝑒(↔

1
2H%O 

 
1/4 

Nitrate 
1
5NO$

( +
6
5H' + 𝑒(↔

1
10N% +	

3
5H%O 

 
1/5 

Nitrite 
1
3NO%

( +
4
3H' + 𝑒(↔

1
6N% +	

2
3H%O 

 
1/3 

Mn(IV)/Mn(III)-
oxides* 

1
2MnO% +H' + 𝑒(↔

1
2Mn%' +	

1
2H%O 

 
1/2-1/1 

Fe(III)-oxides Fe(OH)$ + 3H' + 𝑒(↔ Fe%' + 	3H%O 
 

1/1 

Sulfate 
1
8SO&

%( +
19
16H' + 𝑒(↔

1
16H%S+

1
16HS( +	

1
2H%O 

 
1/8 

*Half-reactions shown for Mn(IV)/Mn(III)-oxides and Mn(II) are specifically for conversion between Mn(IV) and Mn(II). 
A molar ratio of 1/1.5 was used for Mn to account for the likely presence of Mn(III) in the sediments. 

The amount of soil organic carbon (including indigenous organic carbon, decaying roots and wood 
chip carbon) consumed by microorganisms over the monitoring period was estimated as described in 
section 3.3.1. The amount of wastewater dissolved organic carbon (DOC) used in microbial processes 
was estimated based on the difference between influent and effluent mass loading. Plant exudates 
released from plant roots over the monitoring period were estimated using the range of exudation rates 
reported by Zhai et al. (2013) for wetland plants (e.g., J. effusus) which had a range of 0.2-1.1 mmol 
kg-1 root DM hr-1, with a median value of 0.6 mmol kg-1 root DM hr-1 (Zhai et al., 2013). Other sources 
of organic carbon were assumed negligible. 

The amount of sulfide minerals available for use as an electron donor was estimated based on the 
amount of sulfate and iron that were reduced. 19 kmol sulfate were reduced, and 22 kmol iron were 
reduced. However, for the purposes of this balance, we assumed that only 12 kmol iron were stored in 
Fe(II)-sulfides as this would constitute a 1:1.5 molar ratio between sulfide and Fe(II), which should 
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approximately reflect the range of expected molar ratios for sulfides ranging from AVS (Rickard and 
Morse, 2005) to pyrite (Chen et al., 2016). In total, this constituted 161 keq stored in sulfide minerals. 
If we take the amount of meq L-1 that would have to be transferred from sulfide minerals to nitrate to 
fuel the amount of autotrophic denitrification that we observed in the winter (3.0 meq L-1) and 
extrapolate it to the entire wetland, it corresponds to 80 keq, which is approximately 50% of the total 
161 keq estimate stored in sulfide minerals. 

Table 3-4: Molar and electron changes in electron acceptor and donor pools in the experimental 
horizontal levee system over the monitoring period. Mass changes are presented in kmol and electrons 
transferred are presented as keq. Upper and lower bound estimates are presented in brackets (based on 
5th and 95th percentiles of measured values or as specified above). 

Electron Donors and Acceptors 
Change in pool size 

kmol 
Electrons transferred 

keq 
Organic carbon – Soil organic carbon     230     [72, 350]   930     [290, 1400] 
Organic carbon – Plant root exudates       61     [20, 120]   240     [81, 490] 
Organic carbon – Wastewater dissolved organic carbon        -6.0  [-28, 22]    -24     [-110, 89] 
Sulfide minerals – sulfide       19     [13, 28]   150     [100, 220] 
Sulfide minerals – Fe(II)       12     [2.0, 19]     12     [2.0, 19] 
Reduced Mn         4.1  [1.2, 5.3]       6.2  [1.8, 7.9] 

Total Electron Donors: 1300     [360, 2200] 
Dissolved oxygen      15     [14, 18]   120     [110, 140] 
Nitrogen – nitrate      76     [71, 110]   640     [590, 880] 
Nitrogen – nitrite        5.6  [5.6, 5.7]     28     [28, 28] 
Mn(III/IV)-oxides        4.1  [1.2, 5.3]     14     [3.9, 18] 
Fe(III)-oxides      22     [2.0, 26]     30     [2.7, 35] 
Sulfate      19     [13, 28]   170     [110, 250] 

Total Electron Acceptors: 1000     [850, 1300] 
 
Reduced manganese was also modeled as a potential electron donor because Mn(II) can be used by 
microorganisms as an electron donor for reduction of nitrate (Su et al., 2016) and oxygen. The amount 
of manganese available for this process was estimated to be the same as the amount of manganese 
reduced as described above. 

3.3.3  Estimating System Lifetime Based on the Electron Balance 

By manipulating the electron balance model described in Equation 3-8 through Equation 3-10, we 
made estimates of the system lifetime of horizontal levees. We can use this model, described in 
Equation 3-11 and Equation 3-12, to predict the amount of organic carbon that needs to be added 
initially (in the form of wood chips) to ensure sustainable long-term removal of nitrogen. 

∆𝑒!"#$#%& =
,)*+,+-.|/01!,

)
*+,+-.|/+./2,[,

)
*+,+-.]2,!/+34[,)*+,+-.]+34

201!25
= !,)*+,+-.|/+

201
     Equation 3-11 

where ∆𝑒I/%3%.$ represents the change in electron donating species due to utilization in keq yr-1, tDL 
and to represent the design life and time t = 0 in yr, and 𝑒I/%3%.$|JBCand 𝑒I/%3%.$|JD represent the total 
amount of electron equivalents stored in electron donating species at the design life and at t = 0 (to), 
respectively, in keq, and 𝑉&3[𝑒I/%3%.$]&3 and 𝑉%02[𝑒I/%3%.$]%02 represent the total mass of electron 
donating species applied into and taken out of the horizontal levee throughout its design life in the 
influent and effluent flows in keq yr-1, respectively. Because dissolved organic carbon loading was 
equivalent between the influent and the effluent, 𝑉&3[𝑒I/%3%.$]&3 and 𝑉%02[𝑒I/%3%.$]%02 canceled each 
other out. 
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To estimate the design life of the horizontal levee, was set 𝑒I/%3%.$|JBC and to to 0, which allows us 
to model the time at which storage of electron donating species is depleted and could no longer fuel 
denitrification. This was expanded in Equation 3-12 as follows: 

𝑡KL =
IM7EFDGH	DIJKLGM	MKINDL<7EODDP	MQGRF<7EST(VV)<7EFXHYGPTNOZD

∆7EFDGH	DIJKLGM	MKINDL<∆7EODDP	MQGRF<∆7ET[XPK\TF<∆7EST(VV)<∆7EFXHYGPT
       Equation 3-12 

where 𝑒I& and ∆𝑒I& represent the amount of electron equivalents (in keq) stored in electron donor 
pool, i, and the annual rate of utilization of electron equivalents from pool i (in keq yr-1). We can use 
this equation and the sets of assumptions provided in Table 3-5 to produce a range of estimates for the 
horizontal levee design life. 

Table 3-5: Set of assumptions and parameters used to estimate the design life of a horizontal levee 
based on changes in the size and utilization of electron donor pools over a 2 year period. 

Electron Donor Pools Baseline Condition A Condition B Condition C 
(A) Indigenous sediment organic matter, keq 15,000 15,000 15,000 15,000 
(B) Added wood chips, keq 31,000 31,000 31,000 18,000 
     (C) Wood chip availability, % available 56 56 56 56 
(D) Available wood chips, keq (B*C) 17,000 17,000 17,000 10,000 
(E) Total soil organic carbon, keq (A+D) 32,000 32,000 32,000 25,000 
(F) Sulfide minerals – Fe(II), keq 50 50 50 50 
(G) Sulfide minerals – S(-II), keq 440 440 440 440 
(H) Total sulfide minerals, keq (F+G) 490 490 490 490 
(I) Total electron donor storage, keq (E+H) 33,000 33,000 33,000 19,000 

Electron Donor Turnover     
(J) Soil organic carbon removal, keq yr-1 -580 -580 -580 -580 
(K) Increased Fe(II)-sulfide storage, keq yr-1 0 58 115 115 
(L) Total plant biomass turnover, keq yr-1 0 4000 4000 4000 
     (M) Plant biomass availability, % available 0 4 8 5 
(N) Available plant biomass, keq yr-1 (L*M) 0 160 320 200 
(O) Plant exudates, keq yr-1 0 46 90 90 
(P) Total ED turnover, keq yr-1 (J+K+N+O) -580 -310 -50 -170 

Design life (tDL), yr 56 105 660 150 
 

Beyond the baseline conditions described within the text and in Table 3-5, if we assume condition A, 
which includes fairly conservative estimates of the availability of plant root exudates, decomposing 
plant biomass and sulfide minerals, the estimated design life nearly doubles to 105 years. With more 
optimistic estimates of plant litter carbon availability and production of plant exudates and sulfide 
minerals, as in condition B, our model yields a much higher estimate of 660 years. 

The model can also be used to determine the amount of organic carbon that needs to be added to the 
system and is customizable based on the availability of organic carbon. If we set a design life objective 
of 150 years, which is comparable or higher than the design life of many mechanical engineered water 
treatment systems, we can back-calculate the amount of wood chips needed to denitrify the applied 
nitrate load over that design life. Using condition C, we estimated that a design engineer would only 
need to specify the addition of ~4400 kmol C as wood chips to produce a horizontal levee system with 
the desired design life. To put this in context, this constitutes 43% less wood chips by mass than were 
added to the experimental system in this study. This approach could lead to significant savings by 
lowering input requirements. 



 46 

3.4     Visual MINTEQ Modeling Methods and Results 

Mineral saturation indexes and formation were modeled using Visual MINTEQ ver. 3.1 
(https://vminteq.lwr.kth.se/visual-minteq-ver-3-1/; downloaded March 2020; Gustafsson, 2014). We 
used porewater measurements of dissolved metals, conductivity, and other water quality parameters, 
and estimated values for pH and the concentrations of dissolved inorganic carbon and sulfide as inputs 
to the model. Saturation indexes of various solid-phases were calculated in porewater to predict the 
saturation indexes of minerals in the horizontal levee. The MINTEQ database was used for all Visual 
MINTEQ modeling (Gustafsson, 2014). 

3.4.1  Estimates of Dissolved Inorganic Carbon, Sulfide and pH 

Measurements of dissolved inorganic carbon (DIC) in the influent and effluent from the horizontal 
levee were performed on 4 sampling dates. On three of the dates (9/5/18, 9/17/19, and 10/11/18), DIC 
measurements were performed in influent and effluent samples. On the other date (8/15/18), 
measurements were also performed on samples from intermediate wells, but from fewer of the effluent 
samples. Influent DIC values ranged from 0.3-0.5 mM. Effluent DIC measurements averaged 9.6-13 
mM with median values ranging from 12-13 mM (excluding Cells A, B, and C). DIC concentrations 
in the effluent ranged from 9.0 mM to 22 mM (Figure 3-2). 

 

Figure 3-2: Dissolved inorganic carbon measurements in the horizontal levee from the influent, 
effluent and intermediate wells. 

On the date when intermediate well samples were analyzed for DIC (8/15/18), DIC increased with 
distance along the slope. Influent DIC measurements were 0.5 mM on this date. The first intermediate 
wells had measurements of 13, 1.1 and 0.8 mM (in E, F and G respectively) and the second 
intermediate wells had measurements of 9.2, 10, and 6.1 mM of DIC. These corresponded to median 



 47 

increases of 0.6 mM in the first third of the cell, and 5.3 mM, in the second third of the cell. It is 
possible that increasing DIC concentrations in the second third of the cell were primarily due to 
evapotranspiration, i.e., concentrations of inert solutes like Cl- increased nearly by a factor of 6 in 
these samples (Figure 3-13). 

We estimated the increase in DIC concentrations in porewater samples that was due to organic matter 
mineralization based on the observed reduction of electron acceptors. This was validated from dates 
when we had influent and effluent DIC measurements (9/5/18, 9/17/18, and 10/11/18). On those dates, 
we calculated values using this model that were consistent with the measured effluent DIC 
measurements. For example, on 9/5/18 in Cell G, we observed the following conditions (Table 3-6). 

Table 3-6: Measured and modeled parameters for 9/5/18 in Cell G.  
Parameter O2 Nitrite Nitrate Mn Fe Sulfate DIC 
e-/mol 4 3 5 1.5 1 8 4 
Measured Influent (mM) 0.1 0.03    3.0  0*  0*    1.1     0.46 
Measured Effluent (mM) 0* 0.001    0.16  0.02*  0.08*    0.56   13 
Adjusted Effluent (mM)† 0* 0.000    0.07  0.05*  0.2*    0.23     5.3 
Projected ∆DIC (mM)† 0.09 0.02    3.6  0.02  0.05    0.55     4.8 

*Modeled based on measurements taken on other dates. †Adjusted to account for evapotranspiration rates. 

For each species (e.g., DO, nitrate), effluent concentrations were subtracted from the influent and 
converted to the stoichiometrically appropriate amount of organic carbon converted to DIC. An 
example for nitrate is shown below:  
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We then calculated DIC as: (3.0 – 0.16 mM)*(5 meq (mmol N)-1)/(4 meq (mmol C)-1) = 3.6 mM. 

For Cell G on 9/5/18, we measured effluent DIC concentrations of 13 mM, which corresponds to 5.3 
mM when adjusted based on ET (i.e., if the effluent flow were the same as the influent flow, the 
concentration would have been 5.3 mM, but because ~60% of the water was lost to evapotranspiration, 
the DIC concentration was additionally “concentrated” to 13 mM). A fraction of DIC may have also 
been lost to the atmosphere through efflux as CO2 during evapotranspiration, thought we expect this 
fraction to be small (Atekwana et al., 2016). Our method yielded an “adjusted” value of 4.8 mM, which 
would correspond to a measured value of ~12 mM based on that evapotranspiration rate (Figure 3-13). 
On 9/5/18 and 9/17/18, projected estimates of effluent DIC (DIC produced per electron acceptor 
process + influent DIC) for individual cells were not statistically different from measured values (p = 
0.68 and 0.79, paired t-tests) with only a 2-3% difference between measured and projected values. In 
contrast, projected values on 10/11/18 were ~30% lower than measured values. We note that influent 
nitrate and sulfate concentrations (2.4 mM and 1.2 mM) were around 15-30% lower than values on 
other dates, which may explain these discrepancies. 

We extrapolated the estimation method above to individual porewater samples by taking the difference 
in concentrations of electron acceptors between those samples and the influent and translating those 
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values into DIC produced based on electrons consumed per mole electron acceptor and electrons 
produced per mol of DIC produced (and organic carbon consumed). Values for individual electron 
acceptors were then summed to estimate DIC concentration for each sample. These DIC values were 
adjusted using chloride concentrations in porewater to account for the impact of ET (which increased 
concentrations of remaining aqueous species by removing water volume). This model was used with 
median concentrations of DO, nitrate, Mn, Fe and sulfate (and chloride) at various distances and 
plotted them with measured DIC values for intermediate wells, the influent and the effluent on  
Figure 3-3. 

According to this model, there is a rapid increase in DIC in the first few meters of the slope (where 
nitrate and sulfate reduction are the most significant) followed by a relatively slow increase in DIC for 
the remaining portions of the wetland, which is primarily caused by loss of water via 
evapotranspiration. This model agreed well with the measured values from intermediate wells and the 
effluent from 8/15/18, especially for latter values. Because there are somewhat wide variations in the 
parts of the wetland where different microbial processes occur, this model gave more accurate 
estimates of DIC at various locations throughout the slope than a simple linear model of DIC from the 
influent to the effluent would have given. Individual outputs for the model based on utilization of 
electron acceptors differed from a simpler linear model by up to 82% at certain distances along the 
slope, though these differences were not significant overall (p = 0.21; paired t-test). Additionally, our 
model was used to track shifts in DIC concentrations precisely over small changes in distance. 

 

Figure 3-3: Modeled and measured DIC concentrations with distance along the slope compared with 
a linear DIC model. 
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pH in porewater samples was modeled using a linear relationship between the influent and effluent. 
pH values measured throughout the monitoring period are presented in Figure 3-4. This model agreed 
well with measurements of pH conducted in intermediate wells. 

 

Figure 3-4: Modeled and measured pH throughout the monitoring period. 

In Visual MINTEQ, sulfide was modeled with upper and lower bounds. The upper bound for dissolved 
concentrations was estimated based on the amount of sulfate reduced in the subsurface. This was 
considered the maximum possible sulfide concentration for the purposes of our modeling. Conversely, 
the lower bound for sulfide concentrations was modeled as the aqueous concentration of sulfide that 
would be in equilibrium with the odor threshold for sulfide in air (a partial pressure of approximately 
0.3 mPa; Wilby, 1969). We used the odor threshold for sulfide because we consistently detected a 
sulfide odor in porewater samples collected across the entire wetland. Based on this modeling, we 
approximated that the lower bound of sulfide concentrations in the subsurface likely ranged between 
0.4 and 27 nM depending on the temperature and pH of the individual sample. 

3.4.2  Visual MINTEQ Outputs 

Modeling in Visual MINTEQ was conducted for each individual porewater sample. Raw data for 
saturation indexes and speciation of dissolved complexes modeled in Visual MINTEQ are reported on 
Mendeley Data (Cecchetti et al., 2020b). 
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First 5 m of the wetland. In the first 5 m after the inlet to the wetland, few mineral phases were 
supersaturated. Concentrations of both dissolved inorganic carbon (DIC) and sulfide were lower in 
earlier portions of the wetland because sulfate reduction was not significant in most wetland cells until 
after approximately 5 m and because the cumulative amount of aqueous Fe(II) and Mn(II) produced 
and microbial respiration that had occurred increased with distance. Additionally, evapotranspiration 
concentrated dissolved species as water approached the outlet. Carbonate minerals, such as 
rhodochrosite (i.e., Mn(II)-carbonate; Figure 3-5a) and siderite (i.e., Fe(II)-carbonate; Figure 3-5b), 
remained saturated or undersaturated in the early portions of the slope, although calcite was often 
supersaturated due to high inlet Ca2+ concentrations. Sulfide minerals, such as FeS (Figure 3-6a) and 
Mackinawite (Figure 3-6b), were largely undersaturated at these distances, but the saturation indexes 
for those minerals increased with distance in early portions of the wetland.  

 
Figure 3-5: Median saturation indexes for (a) rhodochrosite (MnCO3(s)) and (b) siderite (FeCO3(s)) 
across the range of conditions modeled with distance along the wetland slope. Error bars represent 
95th percentile values. 

 
Figure 3-6: Median saturation indexes for (a) amorphous FeS precipitates and (b) Mackinawite (FeS) 
across the range of conditions modeled. Error bars represent 95th percentile values. 
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Intermediate portion of the wetland. At intermediate distances along the slope, i.e., approximately 
between 5 to 20 m, sulfide minerals became supersaturated with median saturation indexes that were 
approximately 0.5-1.5. Carbonate minerals largely remained at or near saturation. 

At these distances, formation of sulfide was significant in most cells due to rapid sulfate reduction. 
Visual MINTEQ modeling suggested that sulfide minerals would form over these distances, which 
was supported by other observations at the pilot horizontal levee. For example, samples of sediments 
collected from the subsurface at distances between 5 and 25 m along the wetland slope were frequently 
coated with black residues (Figure 3-7). Black residues in reducing sediments are a strong indication 
of iron sulfide mineral deposition on soils (Cornwell and Morse, 1987) and plant roots (LaFond-
Hudson et al., 2018). Additionally, during porewater sampling, mobilized black sediments were 
frequently observed in porewater that was collected (likely due to agitation during sampling). These 
black sediments had to be filtered out of aqueous samples. 

 
Figure 3-7: Soil samples stored in 50 mL centrifuge tubes collected from the bottom layer of soil in 
the horizontal levee. Samples are organized from left to right according to the distance they were 
collected from along the slope (1.5 m, 6 m, 23 m, and 38 m respectively). Samples collected from 6 
and 23 m show visual evidence of high sulfide mineral accumulation (dark sediments). 

Latter portions of the wetland. In the final portions of the wetland (between 25 and 45 m), saturation 
indexes for sulfide minerals decreased significantly (to around -3 to -4) and remained low. Conversely, 
saturation indexes for rhodochrosite and siderite increased to values around 1 in this portion of the 
slope. The supersaturation of carbonate minerals combined with the long residence times in the latter 
portion of the slope, as described in Chapter 2 (Cecchetti et al., 2020a) and section A.3 of Appendix 
A, suggested that the small changes in Mn(aq) and Fe(aq) concentrations were likely caused by carbonate 
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mineral precipitation leading to lower aqueous concentrations of those species than we would have 
expected otherwise. 

Seasonality of mineral saturation indexes. Some general seasonal trends were observed in the 
saturation indexes of sulfide minerals with distance along the slope (Figure 3-8a). In the summer, 
saturation indexes suggested that sulfide minerals were supersaturated earlier in the slope, becoming 
supersaturated around 1.5 m from the inlet. In the winter, saturation indexes were significantly lower 
in the first 5 m of the wetland (p < 0.02; one-tailed Wilcoxon sign-rank test) and supersaturation did 
not occur until after 5 m from the inlet. This suggests that sulfide mineral formation likely occurred 
earlier in the slope during the summer and possibly within the zone where nitrate reduction also 
occurred. Significant differences were not observed (p = 0.64; Wilcoxon signed-rank test) for siderite 
saturation indexes between the summer and the winter. 

 
Figure 3-8: Seasonal saturation indexes for (a) amorphous FeS precipitates and (b) siderite (FeCO3). 
Median values are plotted across cells based on aqueous measurements collected along the wetland 
slope, modeled using Visual MINTEQ. Blue circles represent winter and spring measurements and 
orange boxes represent summer and fall measurements. 

3.5     Methods for Modeling the Production, Decomposition and Reintegration of 
Plant Residues 

3.5.1  Production of Litterfall and Decaying Plant Roots 

Total production of litterfall (kg DW yr-1) in the horizontal levee was modeled by multiplying the peak 
standing biomass (𝐵()*+; kg DW m-2) by the biomass turnover rate (𝜃,; yr-1) and the total area of the 
wetland (6700 m-2), as described in Chapter 4 (Cecchetti et al., submitted). This was conducted 
individually for each cell and then summed over the whole wetland. All litter produced was assumed 
to deposit onto the wetland surface. Above ground litterfall was modeled separately from below 
ground decaying plant roots. Values for peak standing biomass and turnover rates are reported in 
Chapter 4 (Cecchetti et al., submitted). Total litterfall produced in each cell over the years modeled 
are presented in Table 3-7. 

Litterfall amounts were further broken down by the month of production according to the fractions of 
litterfall produced presented in Figure 3-9. These values were estimated based on seasonal litterfall 
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production presented in the literature (Deghi et al., 1980; Neiff and Poi de Neiff, 1990; Conner and 
Day, 1992; Ozalp et al., 2007; Kadlec and Wallace, 2009). The greatest fraction of litterfall production 
occurred between August and November, with 12%, 20%, 27%, and 20% of annual litterfall 
production occurring in those months, following expected seasonal trends. 

Table 3-7: Litterfall production (kg DW) per year and per cell. 

Year 
By Cell 

Total D E F G H I J K L 
2017*   910   820   950 1100 640 1500 540 1400 600   8500 
2018 1300 1400 1400 1900 690 2200 640 2000 620 12000 
2019**   470   470   490   600 230   750 240   720 250   4200 
Overall 2700 2700 2900 3600 1600 4500 1400 4100 1500 25000 

*Litterfall production was included for all of 2017 is presented, though only dates past June 2017 were within the 
monitoring period. **Litterfall values for 2019 only include up through June 2019. 

 
Figure 3-9: Fraction of litterfall produced by month at the horizontal levee. 

The mass of senesced plant roots was also modeled according to the method described above, though 
the plant root senescence by month was assumed to be roughly uniform over the entire year because 
plant root production and turnover is not as seasonally dependent as above ground biomass is. Root 
biomass weights and turnover rates were modeled according to relationships presented in the Gill et 
al. (2002) and as described in Chapter 4 (Cecchetti et al., submitted). Senesced root biomass production 
by cell over the monitoring period is presented in Table 3-8. 

Table 3-8: Senesced root biomass production (kg DW) per year and per cell. 

Year 
By Cell 

Total D E F G H I J K L 
2017* 150 140 150 170 500 190 450 190 480 2400 
2018 180 180 190 220 690 240 660 220 640 3200 
2019** 150 150 150 180 550 210 570 200 600 2800 
Overall 470 480 490 560 1700 640 1700 610 1700 8400 

*Litterfall production was included for all of 2017 is presented, though only dates past June 2017 were within the 
monitoring period. **Litterfall values for 2019 only include up through June 2019.  
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3.5.2  Decomposition of Litterfall and Senesced Root Biomass 

The amount of litterfall remaining over time depended on decomposition rates. In the literature, 
litterfall decomposition rates are typically modeled according to an exponential model: 

 Yt/Yo = e-K*t               Equation 3-13 

where Yt/Yo is the fraction of deposited material remaining at time t (yr) and K is the decay constant 
with units of yr-1 (Mackey and Smail, 1996). Litter decomposition decay rate constants reported in the 
literature range from 0.7 to 26.4, corresponding to half-lives of 10 days up to a full year. Based on a 
review of literature values (Deghi et al., 1980; Twilley et al., 1986; Flores-Verdugo et al., 1987; 
Mackey and Smail, 1996; Twilley et al., 1997; Wafar et al., 1997; Ashton et al., 1999; Tovilla and de 
la Lanza, 1999; Chimner and Ewel, 2005; Poi de Neiff et al., 2006; Aké-Castillo et al., 2006; Ozalp et 
al., 2007; Kadlec and Wallace, 2009), we found a median decay constant 3.5 yr-1. However, the sites 
in those studies varied widely in terms of latitude, climate, site conditions and seasonal temperatures, 
all of which can affect decomposition. 

There are strong relationships between decomposition rates and latitude (Twilley et al., 1997) and 
between decomposition rates and mean annual temperature (Figure 3-10). Based on latitude 
(approximately 37.7ºN), we calculated a K value of 3.8 yr-1 for the horizontal levee site, whereas based 
on temperature (with approximately 15 ºC as a mean annual temperature), we estimated a K value of 
1.5 yr-1. The latter value was more similar to mean K values reported for Phragmites species  
(1.4 yr-1), Typha species (1.4 yr-1), and Scirpus species (1.7 yr-1) by Kadlec and Wallace (2009) 
(reviewing previous studies) for constructed wetlands. For this reason, we used a K value of 1.4 yr-1 
to model above ground litterfall decomposition in the horizontal levee, which corresponds 
approximately to a half-life of 150 days. For belowground biomass in constructed wetlands, various 
studies reviewed by Kadlec and Wallace (2009) found that decaying belowground biomass had a half-
life of approximately 1.5-2.0 yr, which corresponds to K = 0.4 yr-1. This value was used to model root 
decomposition (Kadlec and Wallace, 2009). 

 

Figure 3-10: Relationship between mean annual temperature (MAT) and litterfall decomposition rate 
constants (K). 
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Changes in C:N ratios in litter were modeled using C:N measurements reported by Ozalp et al. (2007) 
over time. We related fractional changes in C:N measurements to the fraction of biomass remaining 
using an exponential function as delineated in Figure 3-11. Initial C:N measurements in litterfall at the 
field site were approximately 26. At the end of 2018, when approximately 49% of the litterfall inputs 
were remaining, we projected that the C:N ratio in remaining litter had decreased to approximately 12. 
This approximation method was supported by samples collected in January 2019, when fresh litter had 
C:N ratios that were already lower on average (median C:N value of 26) than the living biomass 
collected from the same location (median C:N of 29). 

 

Figure 3-11: Relationship between the fractional change in C:N ratios (C:N at sampling time divided 
by initial C:N) and the fraction of litterfall remaining at that time. 

To model remaining litterfall in the horizontal levee, we multiplied the total litterfall values produced 
in Table 3-7 and Table 3-8 by the fraction of that litterfall produced each month (using Figure 3-9 for 
above ground biomass and a uniform distribution for plant roots). Then, we modeled the amount of 
that litter remaining over the succeeding months by adjusting the initial litterfall mass value according 
to Equation 3-13 based on the amount of time that had passed. By dividing the total amount of 
remaining litterfall by the total amount that had been produced up to that point and using the 
exponential relationship in Figure 3-11, we estimated the C:N ratio at each time point. 

At the end of the monitoring period (June 2019), 29000 kg DW of above ground litter and 8400 kg 
DW of senesced root biomass had been produced over the monitoring period. 9000 kg DW of above 
ground litter remained undecomposed (32% of initial input) and 5900 kg DW of root biomass 
remained (70%). The modeled C:N ratios were 9.1 and 16 for remaining above ground biomass litter 
and senesced root biomass respectively. 

3.5.3  Integration of Litterfall and Senesced Root Biomass into Wetland Sediments 

Partially decomposed litterfall and senesced root biomass integrated into the wetland sediments at 
variable rates. All senesced root biomass was assumed to be integrated into the wetland sediment 
organic matter (as described in section 3.3) regardless of decay rate because decaying roots are located 
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within the soil matrix and would be measured as a part of soil %C measurements conducted in this 
study. 
 
Integration of partially decomposed above ground litter was estimated based on depth-resolved 
measurements of %N, %C, δ15N and δ13C conducted in April 2018 (Figure 3-12). 

 
Figure 3-12: Depth-resolved soil measurements of %N (blue circles), %C (grey triangles), δ15N 
(yellow diamonds) and δ13C (green squares). Lines represent moving averages. 

Differences were observed between surface soil layers (deaths of 0-10 cm) and deeper layers for all of 
these measurements. For example, %N was 0.15% on average in surface layers compared to average 
values of 0.09% in lower layers – a 73% increase in topsoil nitrogen content. Measurements of %C, 
δ15N and δ13C in surfaces soils were 26% higher, 1.1‰ higher and 1‰ lower, respectively. All of 
these trends matched our expectations based on inputs of organic matter from plant residues. 
Measurements of %C and %N in deeper layers were not statistically different from samples collected 
in the previous year (p = 0.41 and p = 0.26). Using the increased %N and %C values in the top 10 cm 
of the soil, we estimated that 350 kmol C and 25 kmol N had been added to the topsoil between April 
2017 and April 2018. If we assume that this increase in nitrogen and carbon comes from litter carbon 
(400 kmol C) and nitrogen (35 kmol N) remaining at the end of that period of time, this corresponds 
to an estimate that 71-87% of partially decomposed litter integrated into wetland surface soils. 

Additionally, we conducted mixing models using the δ15N and δ13C values in the surface soils (7.2‰ 
and -23.4‰, respectively), with average plant values (11.0‰ and -29.3‰) and soil values from 
previous sampling dates (5.8‰ and -22.0‰) as endmembers. From these models, we estimated that 
14-17% of carbon and 5-23% of nitrogen in the top 30 cm of the soil came from plant biomass. This 
corresponds to 300 kmol C (75% of decomposed litter) and 23 kmol N (65% of N from decomposed 
litter), though these estimates may be low due to differences in δ15N and δ13C between plant roots and 
above ground biomass, which we did not account for in the mixing models. 
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Based on these values, we estimated that approximately 75-80% of decomposing plant litter and 
decaying plant roots were integrated into the plant soil carbon and nitrogen components of the mass 
balances conducted in section 3.3. 

3.6     Results and Discussion 

In the pilot horizontal levee, the flow of water played a critical role in nitrogen removal, as described 
in Chapter 2 (Cecchetti et al., 2020a). Applied wastewater effluent either underwent subsurface flow, 
where nitrogen was efficiently removed as water moved through the subsurface for approximately 10 
to 20 days, or overland flow, which resulted in hydraulic residence times on the order of 10 to 24 hours 
and negligible nitrogen removal. Evapotranspiration concentrated solutes in the remaining water (e.g., 
porewater chloride concentrations increased by up to a factor of 5 times in the pilot system; Figure 
3-13). Because evapotranspiration removed a large volume of water from the subsurface, porewater 
concentrations were normalized by using conductivity measurements. The swale cells (i.e., cells A-
C), illustrated the importance of subsurface flow; less than 35% of the applied nitrogen was removed 
in these cells due to the fact that approximately 60% of the flow never infiltrated into the subsurface 
layers. As a result, these cells were excluded from the following analyses. The full dataset is available 
on Mendeley Data (Cecchetti et al., 2020b). 

 

Figure 3-13: Concentrations of chloride in porewater collected from the bottom sediment layer of the 
horizontal levee subsurface. Samples were collected among cells D-L on a variety of dates.  
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3.6.1  Nitrogen Cycling in the Horizontal Levee 

Throughout the 2-yr monitoring period (June 2017 – June 2019), nitrogen species were removed 
efficiently in the horizontal levee, particularly when hydraulic conditions were optimized, as described 
in Chapter 2 (Cecchetti et al., 2020a). Removal of nitrate, ammonium and nitrite exceeded 98% when 
overland flow was eliminated. However, only about 40% of the dissolved organic nitrogen (DON) 
was removed under those conditions. Nitrate accounted for the majority of nitrogen lost at over 80% 
of total influent nitrogen during the two year study (Figure 3-14a). Of the approximately 100 kmol N 
removed, 77% consisted of nitrate, with ammonium, nitrite and dissolved organic nitrogen (DON) 
accounting for the remaining 23% (24 kmol N). 

Porewater concentrations of dissolved nitrogen species (Figure 3-15) followed consistent trends in the 
9 cells studied. Removal of nitrate was rapid and significant (p < 0.03) in the first 5 m of the wetland 
(Figure 3-15). Ammonium and nitrite were also removed in the first 2 m while concentrations of DON 
did not change significantly (p = 0.13) as water passed through the first 15 m of the wetland. After  
15 m, nitrogen concentrations did not change significantly (p > 0.05). No significant differences  
(p > 0.05) were observed in porewater nitrogen concentrations seasonally or among wetland cell types 
(cell types are described in Appendix A), except for nitrite, which had significantly lower 
concentrations (p < 0.02) in wet meadow cells with coarse soils. 

Mass balance calculations (see section 3.3) indicated that out of the 104 kmol of wastewater-derived 
nitrogen removed during the monitoring period, approximately 81 kmol N (77%) were removed by 
conversion to gaseous forms (i.e., presumably N2(g) and N2O(g)) (Figure 3-14b). An additional 15 kmol 
N (14%) were assimilated into microbial biomass or stored in solid particulate forms in the soil. The 
remaining 8.8 kmol N (8%) was taken up into above ground plant biomass (6.6 kmol) or plant roots 
(2.2. kmol), as reported in Chapter 4 (Cecchetti et al., submitted). The flows of nitrogen between 
different compartments were substantial in the horizontal levee (Figure 3-14b). Assuming that soil 
nitrogen reached a steady state and that plant and litterfall turnover had reached maturity by the end 
of the monitoring period, these compartments would not represent important long-term sinks of 
wastewater-derived nitrogen; only denitrification and anammox can explain the observed loss of 
dissolved nitrogen species. 

In constructed wetlands with organic matter-rich water-saturated sediments and plentiful nitrate, 
denitrification is often the dominant nitrate removal mechanism (Ingersoll and Baker, 1998; Wen et 
al., 2010; Chen et al., 2014) because oxygen is rapidly consumed (Rivett et al., 2008). We 
hypothesized that denitrification was the main nitrate removal pathway because there was a substantial 
source of organic carbon (i.e., wood chips and decaying plants), rapid removal of nitrate was observed 
in porewater samples and there was clear evidence of reduction of iron and sulfate coincident with the 
location where nitrate concentrations decreased. Additionally, as reported in Chapter 4 (Cecchetti et 
al., submitted), we observed a strong coupling of δ18O and δ15N in nitrate in porewater collected within 
the first few meters of the inlet. In these samples, the fractionation of oxygen and nitrogen isotopes 
were strongly correlated (Figure 4-11; Chapter 4) as is typical when denitrification is the dominant 
removal process affecting nitrate (Kendall, 1998; Dähnke and Thamdrup, 2016). In contrast, if nitrate 
removal involved anammox, a decoupling of δ18O and δ15N caused by re-oxidation of nitrite during 
carbon fixation (Dähnke and Thamdrup, 2016) would have been expected during nitrate removal. 
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Figure 3-14: Illustrations of nitrogen mass balances over the 2-year monitoring period. (a) Aqueous 
nitrogen species distributions in the influent, removed nitrogen and effluent. (b) Mass balances 
conducted on nitrogen. Blue arrows and white text represent wastewater-derived nitrogen flows and 
their magnitude. Net changes in the size of nitrogen storage pools (e.g., “Plant N”) are indicated with 
black text in the ovals corresponding to each pool; the magnitude of that change is represented by +/– 
kmol N. Purple arrows, ovals and text represent flows of soil nitrogen, soil nitrogen components, and 
changes in the size of those components. Green, brown and tan arrows represent flows of nitrogen 
from above ground plant biomass, plant roots and plant litter. 

a 

b 
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Figure 3-15: Median porewater nitrogen concentrations with 90th and 10th percentile error bars: (a) 
nitrate; and, (b) other dissolved nitrogen species, collected from the gravel/coarse sand layer of the 
subsurface. Note the difference in scales. Acronyms: DON = dissolved organic nitrogen. 

Other nitrate consumption processes (e.g., DNRA and anammox) can be significant in natural 
ecosystems (Burgin and Hamilton, 2007) and constructed wetlands (Saeed and Sun, 2012), but we did 
not observe any biogeochemical evidence to indicate that these processes were significant. 
Dissimilatory nitrate reduction to ammonium (DNRA) is typically dominant in natural ecosystems 
when C:N ratios are greater than 12 (Burgin and Hamilton, 2007; Rütting et al., 2011; Murphy et al., 
2020). Although C:N ratios greater than 18 were observed just after the inlet to this system, DNRA 
was not a significant nitrate transformation mechanism, possibly because C:N ratios in the aqueous 
phase (which ranged from 0.2 to 7.4 in porewater) were lower and not all of the organic carbon in the 
system was bioavailable (see organic carbon cycling and mass balance). 

We only observed evidence of DNRA (i.e., ammonium formation) when nitrate dropped to low levels 
(e.g., < 10 µM; when >99.5% of nitrate had been removed) (Figure 3-18). DNRA was particularly 
evident in April 2019, when transient formation of ammonium (an increase of ~10 µM after ~3.5 m 
along the slope) was observed, but only after the majority (>99.5%) of nitrate had been removed 
(Figure 3-18). On other dates when similar transient ammonium formation was observed, it only 
occurred at low nitrate concentrations. Ammonium concentrations rarely exceeded 0.4 mM in the 
influent to the horizontal levee and decreased rapidly in the subsurface with >99% of porewater 
ammonium measurements below 24 µM (Figure 3-15). In contrast, in the biomat of open-water 
treatment wetlands where DNRA can be significant, transient ammonium concentrations up to around 
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1.8 mM have been observed (Jasper et al., 2014; Jones et al., 2017). It is possible that the products of 
processes like DNRA were consumed too rapidly in the horizontal levee to be observed (Kappler and 
Bryce, 2017). The low significance of DNRA in this system is consistent with findings in engineered 
treatment systems, where denitrification is often dominant at high C:N ratios, especially if there are 
high inputs of nitrate (Wen et al., 2010; Behrendt et al., 2014). 

Ammonium accounted for 14% of nitrogen removed. Its loss was likely explained by microbial 
assimilation because microorganisms preferentially utilize ammonium (Inamori et al., 2008) over 
nitrate and DON. A significant fraction of ammonium loading occurred during a period of 
approximately 6 months between the spring and fall of 2018 when the onsite nitrification facility was 
not operating efficiently. During that period ammonium frequently comprised up to 20% of the 
influent nitrogen, compared to approximately 2% over the last 6 months of monitoring. In addition to 
microbial assimilation, anammox and Feammox can remove ammonium under anoxic conditions in 
natural systems (Yang et al., 2012a; Li et al., 2015) and constructed wetlands (Shuai and Jaffé, 2019). 
Anammox requires inputs of nitrite or biological conversion of ammonium or nitrate into nitrite, which 
we did not observe, possibly due to its rapid consumption. We also did not observe evidence of 
Feammox, which forms nitrite as a product (Shuai and Jaffé, 2019), despite the large amount of iron 
stored in the soil (~2200 kmol Fe). However, nitrite is frequently the limiting reactant for anammox 
and rarely accumulates during denitrification except when there is insufficient labile organic carbon 
(Kadlec and Wallace, 2009), which was not the case in this system. Based on ammonium removal, we 
conclude that the maximum contribution of anammox and Feammox to total nitrogen removal in this 
system was 27 and 14%. To determine the importance of anammox and Feammox more precisely, 
microbiological (Jones et al., 2017) and/or 15N isotope tracer methods (Erler et al., 2008) would be 
required. 

Partial removal of DON was likely due primarily to ammonification of dissolved organic nitrogen 
followed by other processes (Kadlec and Wallace, 2009). Despite residence times of more than  
12 days in the subsurface (section A.3 of Appendix A), only about 38% of the DON was removed. 
This finding was consistent with past findings that only about half of wastewater-derived DON was 
bioavailable to algae in receiving waters in the presence of heterotrophic bacteria (Pehlivanoglu and 
Sedlak, 2004). Thus, much of the DON in treated wastewater that exited the horizontal levee was 
likely in a more recalcitrant form that may be less of a concern with respect to coastal eutrophication. 
However, a fraction of the effluent DON loading may also have been derived from decomposition of 
plants (van Kessel et al., 2009), leaching from particulate organic nitrogen (Li and Davis, 2014) and 
release of DON during turnover of microbial biomass (Westerhoff and Mash, 2002). These forms of 
DON are expected to be more bioavailable than wastewater effluent DON. 

Additional discussion is provided in Appendix B. 

3.6.2  Biogeochemical Cycles of Redox Active Elements 

The biogeochemical cycles that control contaminant removal in the horizontal levee are driven by 
organic carbon, which was the primary source of electrons for microbial respiration. Heterotrophic 
microorganisms consumed organic carbon using a cascade of electron acceptors with progressively 
lower energy yields (i.e., O2, NO3-, Mn- and Fe-oxides, and SO42-; Rysgaard et al., 2001). Although 
other electron donors may have formed in the horizontal levee (e.g., iron sulfides), the majority of 
long-term reducing power was ultimately due to decomposition of organic matter in wood chips and 
wetland plants. 
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Organic carbon cycling and mass balance. Five sources of organic carbon were relevant to 
biogeochemistry, including three solid forms: (1) organic carbon amendments (i.e., wood chips) mixed 
into the sediments during construction, (2) plant biomass residues, deposited on the surface of the 
wetland or from decaying plant roots, and (3) soil organic carbon that was present prior to the planting 
of the wetland, and two dissolved forms: (4) plant root exudates (Zhai et al., 2013) and (5) wastewater-
derived dissolved organic carbon. The largest single source was wood chips (approximately 7800 kmol 
C), which accounted for approximately 67% of the organic carbon prior to planting. An additional 
3700 kmol C were supplied as soil organic carbon that were present in soils prior to the planting of 
the wetland. If all of the organic carbon from these two sources were bioavailable, it would be 
equivalent to 46,000 keq of reducing power: enough to denitrify all of the nitrate applied to the 
experimental system for nearly 70 years. Additionally, the high lignin content of wood chips (Hang et 
al., 2016) assured that this source of organic carbon would be released slowly (García et al., 2010). 

Over the monitoring period, soil carbon increased by approximately 18% (p < 0.03; one-tail Mann-
Whitney test). This suggests that removal of organic carbon from sediments by oxidation was more 
than compensated for by organic carbon inputs from plants. Overall, a total of approximately  
1400 kmol C (95% CI = 1100 kmol C, 2400 kmol C) of plant biomass were produced in the wetland 
with approximately 18% stored below ground (Chapter 4). This was consistent with past studies in 
constructed wetlands (Kadlec and Wallace, 2009) which suggested anywhere from 200 to 7900 kmol 
C yr-1 would be produced above ground and that approximately 25% of plant biomass would be below 
ground. Due to plant turnover and senescence (see section 3.5), nearly 90% of plant biomass produced 
during the 2-year study was either deposited as plant residues on the wetland surface or became 
decaying root biomass. We expect wetland plant residues to be readily assimilable (Stelzer et al., 2014) 
due to their lower lignin content (<10% of carbon; Moran and Hodson, 1989) relative to wood chips 
(>25%; Gasparovic et al., 2010). Using measurements of carbon and nitrogen isotopes, organic carbon 
and nitrogen with depth and a mixing model, we estimated that approximately 80% of carbon in 
remaining litter residues was integrated into sediments over the monitoring period (see section 3.5.3). 

Plant roots also supplied significant amounts of organic carbon to the subsurface through the exudation 
of labile low molecular weight organic carbon compounds (i.e., exudates), which are utilized by 
microorganisms. Using root-mass based relationships reported previously for plants used in 
constructed wetland (Zhai et al., 2013), we estimated that 19 kmol C yr-1 (95% CI = 6.3 kmol yr-1,  
38 kmol C yr-1) were exuded by plants into the subsurface. Based on these estimates, exudates could 
supply approximately 16% of the electrons required for the heterotrophic processes observed in this 
system (Table 3-4). 

In contrast, wastewater-derived dissolved organic carbon (DOC) did not appear to be an important 
source of electrons used in microbial processes. The mass of dissolved organic carbon in the water did 
not change significantly (p = 0.11) between the influent and effluent, consistent with past studies in 
wood chip amended systems (Schipper et al., 2010; Schmidt and Clark, 2012). Organic carbon in 
wastewater effluent typically does not appear to be bioavailable. Measurements made at other 
locations indicate that approximately 10-30% of wastewater DOC consists of biodegradable organic 
carbon (BDOC; Lai et al., 2011; Wang and Chen, 2018). For this reason, practitioners often add labile 
forms of organic carbon to wastewater effluent to stimulate denitrification (Zhai et al., 2013; 
Tchobanoglous et al., 2013). However, it was also not possible to determine if wastewater dissolved 
organic carbon was consumed in the subsurface and replaced by organic carbon leached from soil 
organic carbon or plant residues. If we assume based on the upper end of BDOC estimates for 
wastewater (Lai et al., 2011; Wang and Chen, 2018) that 30% of the wastewater DOC was consumed 
(29 kmol C), it would account for less than 25% of the electrons required for heterotrophic processes. 
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Heterotrophic processes and mineral formation. In the first 5 meters of the wetland, nitrate (Figure 
3-15) was consumed and there were modest increases in concentrations of Fe(aq) and Mn(aq) (Figure 
3-16). The release of Fe and Mn was most likely due to reduction of Fe- and Mn-oxides. The release 
of trace metals occurred when nitrate was present, likely because reduction of those minerals occurred 
within anaerobic biofilms where nitrate had already been reduced. In this portion of the slope, 
dissolved inorganic carbon concentrations began to increase (Figure 3-2 and Figure 3-3), but carbonate 
minerals remained undersaturated (Figure 3-5). Sulfate reduction began to occur as well, but sulfide 
minerals also remained undersaturated in the first 5 m of the levee (Figure 3-6). 

 

Figure 3-16: Concentrations of Mn(aq), Fe(aq) and sulfate in wet meadow cells with fine topsoils (a, b, 
and c) and in wet meadow cells with coarse topsoils (d, e, and f). Blue circles represent median 
concentrations from the winter and spring. Orange squares represent median concentrations in the 
summer and fall. Error bars represent 90th and 10th percentile values. Note the different scales for 
each analyte. 

After nitrate was depleted, Fe(aq) and Mn(aq) concentrations increased more rapidly before reaching 
steady concentrations after 5 m at various distances depending on the cell type and the season. Sulfate 
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reduction was the dominant heterotrophic process after nitrate had been removed until sulfate was 
depleted around 5 to 20 m from the inlet. We assumed sulfate was converted primarily to sulfide, 
which should have led to supersaturation with respect to sulfide minerals (Figure 3-6). This was 
consistent with past findings in organic carbon-amended wetlands, in which the primary fate of sulfate 
was reduction to sulfide and storage in acid-volatile sulfides (Chen et al., 2016). We hypothesized that 
these processes resulted in a significant mass of Fe(II) and sulfide – approximately 19 kmol – 
precipitating out of solution as amorphous iron sulfides, starting around 5 m. This was consistent with 
black coatings that we observed on sediments collected between 6 and 23 m into the horizontal levee 
slope (Figure 3-7; Cornwell and Morse, 1987; Wang and Chapman, 1999). The distances at which we 
observed sulfate reduction varied seasonally (Figure 3-16) and based on cell type (Figure 3-16; Figure 
3-17), proceeding most rapidly in cells with a fine topsoil during the summer. Based on these trends, 
we concluded sulfide mineral were likely forming on sediments even within the first few meters of the 
cells during the summer (Figure 3-8). 

 

Figure 3-17: Porewater concentrations of: (a)Mn(aq) and (b)Fe(aq) over the full monitoring period, and, 
(c) sulfate in samples collected during the summer. Wet meadow cells with fine topsoils (blue circles) 
and coarse topsoils (orange triangles) and from cells planted with willows (green squares). Error bars 
represent 90th and 10th percentile values. 
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After sulfate was depleted, we hypothesized that other processes, such as fermentation and 
methanogenesis, were dominant (see Implications for Horizontal Levee Design). In the final 20 m of 
the slope, concentrations of dissolved inorganic carbon to increased (Figure 3-2 and Figure 3-3) 
primarily due to removal of water by evapotranspiration (Figure 3-13). In this portion of the slope, 
nearly all of the sulfide would have been tied up as FeS(s), FeS2(s) and S(s). Any excess Fe(II) and Mn(II) 
should have formed carbonate minerals (e.g., FeCO3(s) and MnCO3(s)). Estimates based on equilibrium 
constants indicated saturation indexes were around 1, suggesting that the kinetics of mineral formation 
were slow or that some other forms of Fe and Mn (e.g. complexes with natural organic matter) were 
present. Despite having increased by factors of approximately 35 to 110 over the first 15 m of the 
wetland, Mn(aq) concentrations only increased by an additional 23% (p < 0.01; one-tailed t test) 
between the remaining two-thirds of the wetland and Fe(aq) concentrations did not change significantly 
(p = 0.17; two-tailed Mann-Whitney test) (Figure 3-17), suggesting that Mn(II)(aq) and Fe(II)(aq) 
produced by heterotrophic processes led to formation of Mn(II)- and Fe(II)-carbonate minerals. 

At the start of the experiment, approximately 39 kmol Mn and 2300 kmol Fe were present in the 
wetland sediments in oxidized forms. Based on porewater concentrations of Mn(aq) and Fe(aq) collected 
at the end of the wetland, only about 9 and 0.3% of the metals were exported from the wetland, 
respectively. Porewater Mn(aq), and Fe(aq) concentrations did not vary seasonally (p > 0.05; Wilcoxon 
signed-rank test) but were significantly lower in cells planted with willows (Figure 3-17; Appendix 
B). Based on these export rates, we would not expect reservoirs of Mn- and Fe-oxides to be exhausted 
for approximately 20 and 750 years, respectively. 

Autotrophic sulfide-driven denitrification. During the monitoring period, we frequently observed 
increasing sulfate concentrations in the first five meters of the slope coincident with nitrate removal. 
This trend was more prevalent in the winter and spring (Figure 3-16c and 3-3f, blue circles). For 
example, in samples collected from cell F in April 2019, nitrate concentrations dropped from 2.1 mM 
in the influent to less than 0.01 mM in the first 5 m of the subsurface, while sulfate concentrations 
increased from approximately 0.45 to 1.0 mM before dropping to around 0.25 mM (Figure 3-18). In 
April 2019 in cell F, a strong inverse correlation (r2 = 0.97; p = 0.002) was observed between 
concentrations of sulfate and nitrate suggesting the occurrence of sulfide-driven autotrophic 
denitrification or DNRA (Zhang et al., 2012; Jones et al., 2017). This process is typically fueled by 
sulfide minerals (e.g., acid-volatile sulfides) that deposit on sediments during iron and sulfate 
reduction (section 3.4.2). These minerals may have formed in the first 5 meters of the subsurface 
during summer and fall when biological activity was higher. 

Unlike past studies in constructed wetlands, in which sulfide-driven DNRA provided a link between 
nitrate reduction and anammox (Jones et al., 2017), ammonium concentrations did not increase to a 
significant degree in this system (Figure 3-18b), suggesting that DNRA was not important. These 
findings were consistent with other studies, in which autotrophic denitrification has been observed in 
marine (Zhang et al., 2009) and riverine sediments with sulfide mineral deposits (Yang et al., 2012b), 
and in constructed wetlands with high sulfate loading (Chen et al., 2016; Guo et al., 2020). Sulfide-
oxidizing denitrifiers extract electrons not only from sulfide, but also from Fe(II), which can lead to 
the formation of Fe(III)-oxides as FeS(s) is oxidized (Torrentó et al., 2010). 

Sulfide-driven denitrification appeared to be seasonal because increasing sulfate concentrations at the 
beginning of the wetland were only observed in the winter and spring (Figure 3-16). Additionally, 
sulfate reduction occurred in the first 3 m of the subsurface during the summer, creating conditions 
favorable for the formation of Fe(II)-sulfides in parts of the slope where they could fuel denitrification 
during winter and spring (Figure 3-8). 
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As a result of this secondary pathway for nitrate removal, there were no significant differences between 
nitrate removal rates seasonally (p = 0.78; Figure 3-19). This contrasts with past research in 
constructed wetlands, in which nitrate removal rates slowed as temperature decreased (θ = 1.11; 
Kadlec and Wallace, 2009) in both free-water surface wetlands (Jasper et al., 2014) and subsurface 
wetlands (Kadlec and Wallace, 2009). On the basis of influent water temperature changes between the 
summer (21 ± 0.8 ºC) and the winter (17 ± 1.3 ºC) at the pilot-scale wetland, we would have expected 
nearly a 40% decrease in nitrate removal rates in the winter which would have extended the length of 
the denitrifying zone of the wetland to approximately 7.0 m. Sulfide-driven denitrification has a much 
lower temperature dependence (θ = 1.06; Jørgensen et al., 2009) than heterotrophic denitrification, 
which may explain the lack of seasonality observed in nitrate removal. It has been suggested that 
sulfide-oxidizing denitrifiers may play a role in stimulating the activity of heterotrophic denitrifiers 

(Torrentó et al., 2010) possibly through the production of soluble microbial products or cell decay. 
These processes could all play a role in the insignificant seasonality of subsurface nitrate reduction 
rates we observed. However, our findings could be complicated by various factors, such as seasonal 
shifts in the rate of nutrient acquisition by plants (e.g., uptake of nitrogen by wetland plants is often 
most significant in the spring and early summer; Kadlec and Wallace, 2009). 

 

Figure 3-18: Concentrations (i.e., [C]) of dissolved species in porewater samples: (a) nitrate (blue 
circles) and sulfate (orange squares) and (b) Fe(aq) (grey triangles), ammonium (green circles) and 
nitrite (black squares) collected from the gravel and coarse sand layers of the subsurface in cell F on 
April 10, 2019. Note the difference in vertical axes scales. Data points represent individual samples 
and lines represented moving averages. 

The ability of the horizontal levee to avoid decreases in seasonal performance with respect to nitrate 
removal through sulfide-driven denitrification suggests that horizontal levees may be appropriate in 
situations where other nature-based solutions have been dismissed in the past because of concerns 
related to temperature-related diminution in performance. Despite the lower temperature dependence 
of sulfide-driven denitrification, it is possible that a reduction in nitrate removal would be observed in 
systems with much colder winter temperatures (e.g., 0 ºC). However, preliminary evidence suggests 
autotrophic denitrification may be an effective nitrate removal mechanism even at temperatures as low 
as 3 ºC in engineered systems (Di Capua et al., 2017). More research is needed to assess the function 
of horizontal levees in more variable climates. Because of the potential for autotrophic denitrification, 
horizontal levees also may be attractive for nitrate removal in wastewaters with high sulfate 
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concentrations (e.g., reverse osmosis concentrate from wastewater reuse). Moreover, the amendment 
of horizontal levee sediments with Fe(III)-oxides or FeS(s) could be a useful way to stimulate sulfide-
driven nitrate removal in full-scale systems, as has been reported for other constructed wetland systems 
(Ge et al., 2019).  

Using changes in sulfate and nitrate concentrations in cell F in April 2019 as an example and the 
stoichiometry of sulfide-driven denitrification (Cardoso et al., 2006; Zhang et al., 2012), we estimate 
that of the approximately 440 keq required for nitrate reduction during the winter approximately 130 
keq were supplied by oxidation of Fe(II)-sulfide. This suggests that nearly a third of the wintertime 
denitrification in cell F was provided by iron-sulfides. If we extrapolate this to the entire wetland using 
median changes in nitrate and sulfate, autotrophic denitrification would account for 18% of nitrate 
removal in the winter, or approximately 10% of total nitrate removal. Additionally, although sulfide 
deposits may become less reactive as they age and undergo conversion to more stable sulfide minerals 
(e.g., pyrite; Berner, 1967; Canfield, 1989; Furukawa and Barnes, 1995) it is likely that they will still 
provide electrons for denitrification, as has been shown previously with pyrite (Torrentó et al., 2011; 
Ge et al., 2019). 

 
Figure 3-19: Porewater concentrations of nitrate in the first 10 m of the wetland in the summer (orange 
squares) and the winter (blue circles). 

3.6.3  Implications for Horizontal Levee Design 

To gain insight into the ways in which understanding biogeochemistry can inform the design of 
horizontal levees, we used data collected in the pilot system to evaluate the role of different electron 
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donors and acceptors (described in detail in section 3.3). We estimated that a total of approximately 
1000 keq of electrons were required to reduce the electron acceptors in the pilot system over the two-
year monitoring period. Electron donors, mainly decaying plants, wood chips and root exudates, 
provided more than enough reductants to drive this process (Figure 3-20). Within the electron acceptor 
pool, approximately 670 keq (about 50%) of the electrons were ultimately transferred to convert NO3- 
and NO2- into N2(g) and N2O(g) over the monitoring period. Metal sulfides provided approximately 10% 
of the electrons needed to reduce the electron acceptors, but they were more important to nitrate 
removal during colder periods when rates of heterotrophic denitrification decreased. Approximately 
20% of organic carbon consumption (54 kmol C) was not accounted for by the monitored electron 
acceptors (Figure 3-20) and could have contributed to methanogenesis or H2 production (Conrad, 
1996). 

 
Figure 3-20: Electron equivalents transferred to electron acceptors (EAs) or from electron donors 
(EDs) in the subsurface of the experimental horizontal levee throughout the monitoring period. 
Acronyms: SOC = soil organic carbon; DOC = dissolved organic carbon. 

If all of this missing carbon was emitted to the atmosphere as methane, average emissions rates over 
the wetland would have been 5.4 mol CH4 m-2 yr-1, which is lower than emissions rates for more than 
90% of subsurface wetlands reported in the literature (e.g., 1.0-20 mol CH4 m-2 yr-1 in horizontal 
subsurface flow wetlands; Kadlec and Wallace, 2009). It is also substantially lower than average 
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emissions for wetlands and estuaries (39 and 44 mol CH4 m-2 yr-1 respectively; Ortiz-Llorente and 
Alvarez-Cobelas, 2012). This methane emission estimate also may have been lower if the loss of 
inorganic carbon through formation of carbonate minerals was considered in our calculation. If all 
organic carbon removed in this system were consumed by heterotrophs, we would predict 
approximately 290 kmol of dissolved inorganic carbon (DIC) would have been exported from the 
system, but we only observed 230 kmol (79%) of DIC in the effluent. Based on estimated reduction 
of manganese and iron, the amount of iron stored in sulfide minerals (section 3.3.2), and export of 
those metals in the effluent, we estimated that approximately 2.8 and 7.6 kmol of DIC precipitated in 
rhodochrosite (MnCO3(s)) and siderite (FeCO3(s)) respectively, accounting for approximately 17% of 
the missing DIC. For example, of the 22 kmol of iron reduced, 12 kmol were stored in sulfide minerals 
and approximately 2.3 kmol were exported from the system. The remaining 7.6 kmol was assumed 
stored in siderite (at a 1:1 molar ratio). Based on these calculations, we hypothesized that 
hydrogenotrophic methanogenesis explained the majority (~83%) of observed DIC removal (Kao-
Kniffin et al., 2010; Lee et al., 2012; Mach et al., 2015). 

On the basis of our data, we estimated that wood chips alone could fuel denitrification for 
approximately 65 years if all of the carbon was available and was ultimately consumed by denitrifiers. 
However, previous studies of wood chip-amended biological treatment systems have shown that 
biological activity stimulated by wood chips decreases over decadal time-scales (Schipper et al., 
2010), possibly as more easily extracted fractions of wood chip carbon are exhausted. Thus, we expect 
the rate of organic carbon release from wood chips to decline over time. 

Considering the size of the soil organic carbon pool (~8100 kmol C; including woodchips, soil organic 
matter and decaying root biomass) and the rate of soil organic carbon consumption (~120 kmol yr-1; 
estimated with the mass balance described in section 3.3.1), we estimate that without contributions 
from plants soil organic carbon will be depleted in approximately 50 years. However, this pool of 
organic carbon will be replenished by plants (i.e., roots and litter residues), which produced 
approximately 2800 kmol C in litter over the two-year monitoring period (Appendix B). Additional 
reducing power likely came from plant root exudates (Zhai et al., 2013) and iron sulfide deposits. To 
account for these electron donors, we developed a model for estimating the lifetime with which a 
horizontal levee can provide efficient nitrogen removal (section 3.3.3; Table 3-4). In this model, we 
assumed that mature plants would likely stabilize around 1000 kmol C yr-1 based on observed biomass 
production rates. Thus, if approximately 10% of the annual biomass production is ultimately available 
to microbes in the subsurface, the ability of the system to continue to remove nitrogen will be 
sustained. Moreover, using this model we determined that lower initial inputs of organic carbon (e.g., 
wood chips) may have been sufficient to promote long-term denitrification in these systems. 

Biogeochemical processes in horizontal levees depend on the electron acceptors present in the soil 
used for construction of these systems. If construction materials contain high concentrations of 
reactive Mn(III)/Mn(IV)- and Fe(III)-oxides, reduction of these species could deplete organic carbon 
that could otherwise be used for denitrification, as has been observed in Mn- and Fe-rich marine 
sediments (Canfield et al., 1993). Additionally, if the iron content of construction materials is too low, 
the formation of Fe(II)-sulfide deposits that can store electrons transferred from organic carbon in 
sediments for later use by autotrophic denitrifiers may be limited. Without autotrophic denitrification 
in these systems, it is possible that denitrification rates might decrease considerably during winter. 

Likewise, an understanding of biogeochemistry can be useful for understanding the effect of changing 
the composition of the water being treated. In sulfate-rich wastewater streams, such as reverse osmosis 
concentrate from wastewater reuse applications, sulfate reduction could also deplete the reservoir of 
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organic carbon. Although a large fraction of the produced sulfide typically forms sulfide mineral 
deposits, which can serve as a source of electrons for denitrification, Fe(II) is required to form those 
minerals. Therefore, designers must also consider the iron content of the sediments. If sulfate inputs 
are too high relative to iron content, FeS(s) might not form. Rather, sulfide could diffuse into root layers 
where it can cause phytotoxicity (Lamers et al., 2013) or could be exported in the effluent or volatilize, 
reducing the availability of electron donors in horizontal levees and possibly decreasing the pH of 
receiving waters (Macdonald et al., 2007). For these reasons, it is essential that designers consider the 
use of iron amendments or iron-rich sediments (Chen et al., 2016) in horizontal levees receiving 
sulfate-rich wastewaters.  

However, higher inputs of sulfate and iron could also create benefits beyond those related to nitrogen 
removal discussed in previous sections. Both iron and sulfate inputs have been demonstrated to reduce 
methane emissions from wetlands (Jäckel et al., 2005; Ali et al., 2008; Bridgham et al., 2012), possibly 
by poising sediments at higher redox potentials (Easton et al., 2015) or by outcompeting methanogens 
for organic carbon substrates (Bridgham et al., 2012). Additionally, although sulfate reduction has 
been shown the stimulate methylmercury production in sulfate-limited systems, high sulfate inputs 
and porewater sulfide concentrations appear to have an inhibitory effect on methylmercury production 
and formation potential (Bailey et al., 2017) and iron amendments have also been shown to inhibit 
methylmercury production in tidal wetland mesocosms (Ulrich and Sedlak, 2010). Sufficiently high 
loading of sulfate and iron to horizontal levees could expand iron- and sulfate-reducing zones within 
the subsurface, not only increasing the capacity for storage of electrons in sediments to fuel 
denitrification, but also limiting the formation of problematic byproducts of wetlands, like methane 
and methylmercury. 
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Chapter 4. Use of Stable Nitrogen Isotopes to Track 
Plant Uptake of Nitrogen in a Nature-Based 
Treatment System 

The following chapter is adapted from a co-authored manuscript with permission from Sytsma, A., 
Stiegler, A.N., Dawson, T.E., Sedlak, D.L. Use of stable nitrogen isotopes to track plant uptake of 
nitrogen in an engineered system that improves water quality. Manuscript submitted for publication. 

 

ABSTRACT 

In nature-based treatment systems, such as constructed treatment wetlands, plant uptake of nutrients 
can be a significant removal pathway. Current methods for quantifying plant uptake of nitrogen in 
constructed wetlands, which often involve harvesting biomass and assuming that all nitrogen stored 
in plants was derived from wastewater, are inappropriate in pilot- and full-scale systems where other 
sources of nitrogen are available. To improve our understanding of nitrogen cycling in constructed 
wetlands, we developed a new method to quantify plant uptake of nitrogen by using stable isotopes 
and a mixing model to distinguish between nitrogen sources. We applied this new method to a pilot-
scale horizontal levee system (i.e., a subsurface constructed wetland) over a two-year monitoring 
period, during which an average of 14% of nitrogen in plants was wastewater-derived and the 
remaining plant nitrogen was obtained from the soil. Analysis of nitrogen isotopes indicated 
substantial spatial variability in the wetland: 82% of nitrogen in plants within the first 2 m of the slope 
came from wastewater while less than 12% of plant nitrogen in the remainder of the wetland originated 
from wastewater. By combining these source contributions with remote-sensing derived total biomass 
measurements, we calculated that 150 kg N (95% CI = 50 kg N, 330 kg N) was taken up and retained 
by plants during the two-year monitoring period, which corresponded to approximately 8% of nitrogen 
removed in the wetland. Nitrogen uptake followed seasonal trends, increased as plants matured, and 
varied based on design parameters (e.g., plant types), suggesting that design decisions can impact this 
removal pathway. This new method can help inform efforts to understand nitrogen cycling and 
optimize the design of nature-based nutrient control systems.  
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4.1     Introduction 

Humans have extensively modified the nitrogen cycle (Galloway et al., 2008), which has caused 
widespread damage to aquatic ecosystems, such as eutrophication (Sutton and Bleeker, 2013; Freeman 
et al., 2019). These impacts have been exacerbated by the loss of coastal wetlands (Li et al., 2018) that 
historically have reduced the export of nutrients from terrestrial systems (Megonigal and Neubauer, 
2019). Despite past attempts to control anthropogenic nutrient inputs using conventional management 
methods, eutrophication has frequently persisted (Thornton et al., 2013). As an alternative to 
conventional approaches, engineers have begun to consider the use of constructed wetlands to manage 
nutrient discharges. Horizontal levees are a new type of subsurface constructed wetland that can 
protect coastal urban areas against flooding, while treating wastewater effluent in managed wetland 
habitats. These new types of constructed wetlands can also provide restored habitat and a suite of 
additional benefits (Kadlec and Wallace, 2009) that were described in greater detail in Chapter 2 
(Cecchetti et al., 2020a). Their low cost and resource requirements relative to conventional single-
benefit solutions make constructed wetlands particularly attractive to utility managers (Kadlec and 
Wallace, 2009; Harris-Lovett et al., 2019). 

Despite these benefits, there remain many uncertainties about the performance of horizontal levees 
and the exact processes by which they remove nutrients. In subsurface wetlands, nitrogen is often 
removed or immobilized by plant uptake as well as a suite of microbial processes, including 
assimilation, denitrification, and anaerobic ammonium oxidation (Kadlec and Wallace, 2009; 
Javanaud et al., 2011; Wu et al., 2017). Due to the complex nature of these processes, past assessments 
of plant uptake in nature-based systems have varied widely, with reported fractions of nitrogen 
removal attributable to plant uptake spanning three orders of magnitude (i.e., 0.5-90%) (Meers et al., 
2008; Saeed and Sun, 2012), though these differences may partly be explained by variations in plant 
maturation, plant types and nitrogen loading rates. 

Rather than attempting to discriminate among mechanisms, researchers often make simplifying 
assumptions that can lead to large errors when quantifying nitrogen uptake rates. In particular, 
researchers often assume that all nitrogen in plants is derived from wastewater in these systems (Healy 
and Cawley, 2002; Geng et al., 2019; Chen et al., 2014; Du et al., 2018). This is a reasonable 
assumption if other sources of nitrogen (e.g., soil) are absent. However, uptake will be overestimated 
if wetland plants have access to other nitrogen sources. Differences between nitrogen removal in 
planted and unplanted (control) wetlands have also been used to estimate plant uptake of nitrogen 
(Drizo et al., 1997; Kantawanichkul et al., 2009; Paranychianakis et al., 2016), but this comparison 
ignores the importance of plant roots in stimulating microbial nitrogen removal in the rhizosphere 
(Zhai et al., 2013). To overcome these limitations, researchers have also quantified plant uptake with 
15N-tracer studies in bench-scale wetland microcosms (Zhang et al., 2016; Messer et al., 2017; Hu et 
al., 2017). However, in pilot-scale to full-scale wetlands, materials costs associated with 15N-tracers 
alone would be prohibitively expensive. 

Stable isotope mixing models provide an alternative approach for estimating plant uptake of nitrogen. 
Stable isotopes have been widely used to study biogeochemical processes (Dawson et al., 2002; Fry, 
2006) and nitrogen cycling in aquatic ecosystems (McClelland and Valiela, 1998; Cole et al., 2004; 
Reinhardt et al., 2006; Bannon and Roman, 2008; Kohzu et al., 2008; Søvik and Mørkved, 2007; Erler 
et al., 2010; Kaushal et al., 2011; Chen et al., 2014). However, despite their versatility, the application 
of stable isotopes to assess nitrogen uptake in constructed wetlands has been limited (Fair and 
Heikoop, 2006). 
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In nature-based systems like the horizontal levee, the primary sources of nitrogen are wastewater and 
soil. With isotope fingerprinting, measurements of nitrogen isotopes in plants can be used to identify 
their sources of nitrogen, because isotope ratios in plant tissues typically match their source of nitrogen 
(Craine et al., 2015). Furthermore, wastewater-derived nitrogen is frequently enriched in 15N (δ15N ≈ 
25-35‰). As a result, its “isotopic signature” (i.e., δ15N or nitrogen isotope ratio) is distinguishable 
from other nitrogen sources, such as soils (δ15N ≈ 0-10‰), the atmosphere (δ15N ≈ -15 to +15‰) or 
nitrogen fixation (δ15N ≈ 0‰) (Heaton, 1986; Kendall, 1998). The isotopic signatures, which are 
commonly termed ‘end-members’, of these different sources can be used in mixing models to 
determine their relative contribution to the nitrogen found in plants. 

In this study, we present a new method for quantifying plant uptake of nitrogen in nature-based 
treatment systems using a stable isotope mixing model in a pilot-scale horizontal levee. We developed 
this method in a horizontal levee by coupling: (1) isotopic analysis of plants, wastewater, and soils; 
(2) remote sensing-derived biomass measurements; and, (3) water quality data. We used this 
information to assess the contribution of plant uptake to nitrogen removal in this system. This approach 
is a promising tool for understanding nitrogen fate and managing nitrogen species in both nature-based 
treatment systems and in natural ecosystems. 

4.2     Materials and Methods 

4.2.1  Field site 

Nitrogen uptake was studied at a demonstration-scale horizontal levee system at the Oro Loma 
Sanitary District wastewater treatment plant in San Lorenzo, CA as described in Chapter 2 (Cecchetti 
et al., 2020a) and Appendix A. The subsurface wetland contained 12 gently sloped (1:30) parallel 
treatment cells (1 m deep, 12 m wide and 46 m long) that were hydraulically isolated from each other. 
The cells were used to test four treatments (i.e., swale-depression cells, wet meadows with fine and 
coarse topsoil, and riparian willow cells) that varied in terms of their topography, soil type and native 
plant community type. Underlaying the 60 cm of topsoil were two 15-cm deep layers of sand and 
gravel that were amended with organic carbon (i.e., wood chips) to promote microbial denitrification. 

Influent samples were collected from a pump station that delivered nitrified secondary municipal 
wastewater effluent into 12 wetland cells approximately 5 cm below the surface at the top of the slope. 
The effluent from each cell flowed into a gravel trench spanning the end of the cell and was collected 
in perforated PVC pipes at the bottom of the trench, from where effluent samples were collected.  

Native plants, mainly of the families Cyperaceae (sedges), Juncaceae (rushes) and Salicaceae 
(willows), were planted between September 2015 and February 2016, approximately 15 months before 
nitrified wastewater effluent was first introduced into the subsurface. Prior to this time, the cells were 
irrigated with shallow groundwater obtained from a well located approximately 50 m from the 
wetland. 

Additional details regarding the hydraulics, design, wetland treatments and planting regimes are 
available in Chapter 2 (Cecchetti et al., 2020a) and Appendix A. 

4.2.2  Solid sample collection and processing 

δ15N and δ34S were measured in foliar and soil samples before and after wastewater effluent was 
introduced into the horizontal levee to assess isotopic discrimination during uptake (prior to 
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wastewater introduction) and as inputs for source contribution models (after introduction of 
wastewater). 

Samples of new growth plant leaves were collected from Baltic rushes (J. balticus; in cells A-G, I, and 
K) and Arroyo willows (S. lasiolepis; in cells H, J, and L) every 3-6 months between August 2016 and 
June 2019. These species were chosen due to their dominance in the plant community (S. lasiolepis). 
The δ15N values for these samples were indistinguishable (p = 0.71; Wilcoxon signed-rank test) from 
composite biomass samples (J. balticus) (Figure 4-1). Samples were collected at various distances 
along the wetland slope. In riparian-type cells, foliar samples from S. lasiolepis were collected at 7-10 
locations along three transects that were parallel to water flow in each cell. A total of 332 foliar samples 
of S. lasiolepis were collected on 8 sampling dates. In all other cells, samples of J. balticus were 
collected and pooled into 7 distance-resolved samples per cell from transects perpendicular to the 
direction of flow along the slope. A total of 158 pooled foliar samples of J. balticus were collected on 
5 sampling dates. Leaves were separated from their petioles at sampling (when appropriate) and placed 
in paper envelopes. The envelopes were placed inside of plastic bags and stored on ice prior to 
returning to the lab. Leaf samples were dried at 65°C for 48 hr immediately upon returning to the lab. 

 

Figure 4-1: Relationship between δ15N in Juncus balticus (Baltic rush) and composite biomass 
samples collected from the same location. Purple circles correspond to samples were collected in 
January 2017 (before the application of wastewater) and yellow circles correspond to samples 
collected in August 2018 (after the application of wastewater). The diagonal line represents a 1:1 
relationship. J. balticus and composite biomass samples were statistically indistinguishable from each 
other (p = 0.71; Wilcoxon signed-rank test). 

Soil samples were collected for isotope analysis from the top 10 cm of the soil. In 2016, these samples 
were collected from 9 randomly selected locations per cell. Additional soil samples were collected in 
2017 and 2018 for comparison. Soil samples were stored on ice prior to returning to the lab. Soil 
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samples were freeze dried upon returning to the lab using a Labconco FreezeZone 12 Freeze Dryer 
(Labconco, Kansas City, MO). 

Dried leaf and soil samples were ground to a fine powder (200 mesh) using a mortar and pestle, a 
SPEX SamplePrep 8000 Mill (SPEX SamplePrep, Metuchen, NJ) or a Mini-BeadBeater (Biospec 
Products, Bartlesville, OK). Ground samples were weighed on a Sartorius microbalance (Sartorius 
Laboratory Instruments, Goettingen, Germany) and packed into tin capsules (Costech Analytical 
Technologies, Valencia, CA). Capsules were compressed into spheres and stored in 96-well culture 
plates prior to analysis. 

4.2.3  Water sample collection and processing 

Influent and effluent water samples were collected once or twice per month between April 2017 and 
June 2019 for measurement of water quality parameters (e.g., pH) and concentrations of anions and 
cations (e.g., NO3-) as described in Chapter 2 (Cecchetti et al., 2020a). 

To investigate δ15N and δ18O in nitrate spatially, porewater samples were collected throughout the 
entire wetland and on transects along the flow path within the first 10 m of the wetland. Briefly, 25-
100 mL samples were collected from depths between 0.1 and 0.9 m into syringes using steel sediment 
porewater samplers and were filtered directly through 0.2-µm nylon syringe filters into 60-mL or 120-
mL polypropylene Nalgene bottles (Sigma-Aldrich, St. Louis, MO, USA). Samples were stored on ice 
for transport and frozen within 4 hours. 

Prior to isotopic analysis, samples were processed according to the procedure detailed by Granger and 
Sigman (2009) for removing nitrite to limit interferences during nitrate isotope measurements. After 
thawing, 10-30 mL subsamples were transferred to acid-washed 60-mL HDPE bottles. 20 µL per mL 
sample of a 5% w/v sulfamic acid solution in 5% v/v HCl were added to convert nitrous acid to N2 
gas. Samples were sealed and left on a shake table at ambient temperature or 30ºC for 20 minutes 
before being adjusted back to a circumneutral pH with 10 µL of a 2M NaOH solution per mL sample. 
Nitrate concentrations in processed samples were quantified using ion chromatography. Processed 
samples were refrozen prior to shipping on ice to the analytical facility. 

4.2.4  Analytical methods 

The stable isotope composition of soil samples and plant tissue samples was determined according to 
previously described methods (Mambelli et al., 2016). Briefly, δ15N, δ13C and δ34S (as well as %N, 
%C and %S) were determined by continuous flow (CF) triple isotope analysis using a CHNOS 
Elemental Analyzer (vario ISOTOPE cube, Elementar, Hanau, Germany) interfaced in line with a gas 
isotope ratio mass spectrometer (IRMS) (IsoPrime 100, Isoprime Ltd, Cheadle, UK). Isotope 
abundances are presented in δ notation as deviations from standard references (atmospheric nitrogen 
(AIR), Vienna PeeDee Belemnite (V-PDB) and Vienna Canyon Diablo Troilite (VCDT) for δ15N, 
δ13C and δ34S, respectively) in parts per thousand (‰). Long-term precision for δ15N, δ13C and δ34S 
determinations was ± 0.20‰, ± 0.10‰, and ± 0.40‰.  

Concentrations of anions, cations, organic carbon and total nitrogen were measured in water samples 
according to standard methods (APHA, 2012), as described in Chapter 2 (Cecchetti et al., 2020a). 
Briefly, nitrate and other anions (e.g., Cl-, NO2-, and SO42-) were measured by ion chromatography 
with an IonPac AS23 column according to U.S. EPA Method 300.0. Cations were measured by ion 
chromatography as previously described (Thomas et al., 2002). Non-purgeable organic carbon 
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(NPOC) and total nitrogen (TN) were measured on a Shimadzu TOC-V/CSH analyzer with an attached 
TN-1 unit according to standard methods (Method 5310B; APHA, 2012). 

Measurements of δ15N and δ18O in nitrate were made with the bacterial denitrification assay (Sigman 
et al., 2001) on a Thermo Finnigan GasBench + PreCon trace gas concentration system interfaced to 
a Thermo Scientific Delta V Plus isotope ratio mass spectrometer (Thermo Electron GmbH, Bremen, 
Germany). Samples were purged through a double-needle sampler into a helium carrier stream (25 mL 
min-1). Gas samples passed through a CO2 scrubber (Ascarite) and N2O was concentrated in two liquid 
nitrogen cryo-traps. N2O was carried by helium to the IRMS via an Agilent GS-Q capillary column 
(30m x 0.32mm, 40ºC, 1.0 mL min-1). Provisional isotope ratios were adjusted to final values using 
NIST-certified calibration standards USGS 32, USGS 34 and USGS 35 (National Institute of 
Standards and Technology, Gaithersburg, MD, USA) and are presented in δ notation as deviations 
from standard references (atmospheric nitrogen (AIR) and Vienna Standard Mean Ocean Water 
(SMOW) for δ15N and δ18O, respectively). The precision for δ15N and δ18O measurements was ± 0.4‰ 
and ± 0.5‰, respectively. 

4.2.5  Plant nitrogen source contribution models 

We used mixing models to calculate the fraction of nitrogen in plant biomass derived from soil and 
wastewater nitrogen, respectively. Of mixing model types available, linear and Bayesian mixing 
models each have their own set of strengths and weaknesses (see section 4.3). We developed both 
linear and Bayesian mixing models (Evaristo et al., 2017) to test the utility and flexibility of these two 
methods for calculating plant uptake of nitrogen. Soil nitrogen and wastewater-derived nitrate were 
the main sources of nitrogen available to wetland plants. Contributions of nitrogen from atmospheric 
deposition (0.1% of total nitrogen inputs) and fixation of N2 by wetland plants (0.5% of total nitrogen 
inputs) were considered negligible based on upper bound estimates found in the literature for similar 
locations (Schwede and Lear, 2014; NADP, 2019) or natural wetland systems (Bowden, 1987). 
Discrimination between nitrogen isotopes during plant uptake was assumed to be negligible based on 
similarities between δ15N in baseline soil and plant tissue samples (e.g., samples collected prior to the 
introduction of wastewater to the subsurface in April 2017; Figure 4-6), which was consistent with 
past findings (Craine et al., 2015). Mixing model assumptions are discussed in section 4.3. 

A two-source linear mixing model was applied to our data according to Equation 4-1 and Equation 
4-2: 

  𝛿#QNPlants =	 (𝛿#QNSoil)(𝑓Soil) + (𝛿#QNww)(𝑓ww)            Equation 4-1 

  1 = 	𝑓Soil + 𝑓ww               Equation 4-2 

where 𝛿#QNPlants, 𝛿#QNSoil, and 𝛿#QNww are the nitrogen isotope signatures of plants, soil and 
wastewater nitrogen. The fractional contributions of soil nitrogen and wastewater nitrogen to plants 
are represented by 𝑓Soil and 𝑓ww, respectively. This model was applied to individual plant samples, 
allowing us to calculate means, medians and confidence intervals for 𝑓Soil and 𝑓ww by cell, cell type 
and distance along the slope (Phillips and Gregg, 2001). 

A two-source Bayesian mixing model was developed using MixSIAR (R package, Stock and 
Semmens, 2013) with three factors: subsurface concentrations of wastewater-derived nitrate 
(continuous), distance of sampling locations along the slope (continuous), and wetland cell (random). 
Soil and wastewater nitrogen were input as model endmembers. A Dirichlet distribution was used as 
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the prior distribution in all Bayesian mixing models. Iterations of the mixing models are described in 
section 4.3. 

4.2.6  Biomass measurements 

Above ground biomass was estimated using a regression developed from temporally resolved high 
resolution 4-band remote sensing imagery (Planet Team, 2017) and total biomass samples. Over 40 
geolocated biomass samples were collected by harvesting all living plant biomass above the ground 
surface in 0.25 m2 quadrats. On two dates, dead biomass was collected to facilitate estimates of 
turnover rates. Biomass samples were stored in plastic bags on ice before returning to the laboratory 
where they were weighed prior to drying at 65ºC for at least 48 hr. They were re-weighed to calculate 
moisture content. 

On each biomass sampling date, we used remote sensing data to compute three vegetation indices: 
normalized difference vegetation index (NDVI), green normalized difference vegetation index 
(GNDVI), and simple ratio (SR) as described in section C.1 of Appendix C. We used these vegetation 
indices to develop three separate regressions between vegetation index and biomass. The SR-based 
regression was selected for further analyses because it explained the most variance and had the 
smallest error. See section C.1 of Appendix C for more details. 

Estimation of peak standing biomass was performed on an annual basis for 2017, 2018 and 2019 using 
standing biomass yielded from the methods described above and polynomial regressions (quadratic) 
to approximate changes in plant growth and deposition of plant residues between the early spring and 
late fall. Regressions were performed in Excel and were used to identify the date of peak biomass 
(ranged from May 27 to August 20, with a median value of June 11). Peak standing biomass values 
were calculated by solving the polynomial regressions (described here) on those dates. The median 
peak standing biomass value (by cell) for the monitoring period was 0.8 kg m-2 (95% CI = 0.4 kg m-2, 
1.8 kg m-2). Dry weights of below ground plant biomass (primarily composed of roots) were calculated 
using relationships between mean annual temperature and below ground biomass reported in the 
literature (Gill et al, 2002).  

To calculate total above ground and below ground biomass production (i.e., net primary production), 
peak live biomass measurements were multiplied by biomass turnover rates (separately for above and 
below ground biomass). Turnover rates of 4.5 yr-1, 4.35 yr-1, and 4.15 yr-1 were estimated for 
aboveground biomass in wet meadow cells (for 2017, 2018 and 2019 respectively) and rates of 2.0 yr-

1, 1.5 yr-1, and 1.15 yr-1 were assumed for aboveground biomass in willow cells (for 2017, 2018 and 
2019 respectively). These were based on values estimated from biomass harvesting campaigns in 2016 
and 2019 and from values reported in the literature (Table C-4). From the literature, median 
aboveground willow turnover rates were 1.15 yr-1. Median aboveground turnover rates for other 
wetland species were 3.6 yr-1, which was similar to the median rates calculated in this study (4.2 yr-1). 
Rates determined in this study were calculated by dividing the sum of the weights of dead and live 
biomass by the weight of standing live biomass in locations where we collected dead and live biomass.  

Belowground biomass was assumed to have a consistent turnover rate of 0.6 yr-1 in wet meadow cells 
based on the relationship presented in Gill et al., (2002) (𝜃, = 0.29e0.046*T; where T is the mean average 
annual temperature in deg C). For wet meadows, below ground biomass model outputs were consistent 
with a review of past literature values (Gill and Jackson, 2000). In willow cells, belowground biomass 
was assumed to have a turnover rate of 1.4 yr-1 based on median literature values (Rytter, 1999; Grogan 
and Matthew, 2002; Berhongaray et al., 2013). 
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4.2.7  Plant uptake calculations 

Plant uptake of wastewater-derived nitrogen was quantified by multiplying the total production of 
above and below ground biomass over time by: (1) the elemental composition of biomass (%N), to 
determine the total amount of nitrogen stored in plant biomass; and, (2) the fraction of biomass 
nitrogen derived from wastewater (𝑓ww) from the linear mixing model, to determine the mass of that 
nitrogen obtained from wastewater. These calculations were performed on individual plant samples to 
produce spatial distributions of plant uptake (total and from wastewater) over the wetland slope. 
Spatial distributions were then integrated over the length of the wetland in each cell to produce 
weighted average values of plant uptake over the entire wetland slope for each cell. 

4.2.8  Statistical analyses 

Statistical analyses were performed in Excel (Microsoft Corporation, Redmond, WA, USA) using the 
Real Statistics Resource Pack software (Release 5.4; Zaiontz, 2018). Data were not assumed to be 
distributed normally and reported p-values were derived from non-parametric analyses (i.e., Wilcoxon 
signed-rank test for paired samples and Mann-Whitney tests for independent samples) unless 
otherwise specified. When data were normally distributed (i.e., with a p-value > 0.05 for both Shapiro-
Wilk and d’Agostino-Pearson tests) parametric analyses (e.g., t tests) were used as specified in the 
text. 

4.3     Mixing Model Method Development 

4.3.1  Background on mixing model types 

Mixing models have been used widely in ecological studies, largely focusing on food-web interactions 
and animal diets (Ogle et al., 2014), with many additional applications, such as in pollutant source 
identification, cross-ecosystem nutrient transfer analyses and assessments of the biogeochemistry of 
elemental cycles in ecological systems (Phillips, 2001; Stock et al., 2018). These models have been 
used to estimate the contribution of various sources to a mixture using tracer data collected from both 
sources and mixtures (Stock et al., 2018). Among the most common mixing model types are linear 
mixing models, mixing models based on Euclidean distances and Bayesian mixing models, which are 
discussed in greater detail below and in Stock et al. (2018). 

Linear mixing models.  Linear stable isotope mixing models are widely accessible because they rely 
on a simple theoretical framework that is easy to apply, but they have some important drawbacks and 
limitations. Linear mixing models rely on the assumption that source proportions vary linearly with 
isotope values and that tissues are uniformly labelled isotopically (Schwarcz, 1991). Furthermore, 
applications of linear models frequently provide single average estimates of source proportions 
without quantifying uncertainty though methods for calculating uncertainty for: (1) single isotope two-
source mixing models; and, (2) dual isotope, three-source mixing models can be found in the study by 
Phillips and Gregg, 2001. These models can also be particularly sensitive to endmember values and 
cannot distinguish accurately between sources when differences in endmember signatures are less than 
around 2‰ (Phillips and Gregg, 2001), though the latter issue is common for most mixing model 
types. Furthermore, linear models cannot incorporate mechanistic information or informative data 
associated with processes they model, and therefore cannot be used predictively (Ogle et al., 2014). 

Bayesian mixing models.  Bayesian mixing models have been applied with increasing frequency over 
the past decade because they can provide more robust results than other mixing models (Stock et al., 
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2018). An alternative to linear mixing models, Bayesian mixing models are probabilistic and produce 
a distribution of outputs based on end-member distributions (Phillips et al., 2014). This is one of the 
key advantages of Bayesian mixing models: they inherently provide estimates of uncertainty. Bayesian 
mixing models can also incorporate more information about the system being studied, such as 
concentration dependence and other random, fixed or continuous variables, and can provide estimates 
of source contributions in systems that are underdetermined for linear mixing models (i.e., an 
analytical solution cannot be determined) (Stock et al., 2018). However, Bayesian mixing model 
outputs are frequently more difficult to understand and apply to research, which may lead to 
inappropriate applications of those models or erroneous interpretations of results by inexperienced 
researchers. They can also be sensitive to enrichment factors (Bond and Diamond, 2011), though this 
is not as relevant in plant uptake studies because plants do not discriminate significantly between 
isotopes during uptake (Craine et al., 2015). 

More thorough comparisons of the strengths and weaknesses of types of stable isotope mixing models 
can be found in Layman et al. (2012), as well as a variety of other publications (Boecklen et al., 2011; 
Hopkins and Ferguson, 2012; Phillips, 2012; Parnell et al., 2013; Stock et al., 2018). For the purposes 
of this study, linear and Bayesian mixing models were tested for the estimation of source contributions 
of soil and wastewater nitrogen to plant biomass nitrogen. 

4.3.2  Mixing model assumptions, results and iterations 

Linear and Bayesian stable isotope mixing models were applied iteratively to estimate the fraction of 
nitrogen uptake into plant biomass derived from wastewater. These estimates were compared with 
information derived from other lines of evidence (e.g., nitrogen concentrations in porewater samples 
and water quality monitoring data) to produce more robust estimates. Throughout all iterations, a two-
source linear mixing model of the form shown in Equation 4-1 and Equation 4-2 was applied to 
individual plant samples to produce spatially resolved predictions. In some cases, the linear mixing 
model yielded unrealistic predictions (i.e., 𝑓ww < 0 or 𝑓ww > 1). All outputs greater than 1 were assumed 
to be 1, while outputs less than 0 were assumed to be 0. A two-source Bayesian mixing model in 
MixSIAR (Package Download: https://github.com/brianstock/MixSIAR; Package User Manual: 
https://cran.r-project.org/web/packages/MixSIAR/MixSIAR.pdf) was also developed, which 
produced estimates based on distance along the wetland slope and subsurface nitrate concentration. 
Bayesian mixing model outputs ranged from 0-1. 

First model iteration.  In the first set of mixing models, δ15N measured in solid soil samples (e.g., 
δ15N = 5.7 ± 0.5‰) were used as the first end-member. Average δ15Nsoil were estimated in each cell 
based on soil isotope measurements collected in 2016, despite significant shifts in δ15Nsoil values that 
were observed between 2016 and 2017 (section C.2). In these initial models, average values of δ15N 
in wastewater over the entire monitoring period (e.g., δ15N = 11.8 ± 6.5‰) were used for the δ15Nww 
endmember. In the linear mixing model, approximately 9% of the model results were not within the 
range between 0-1. 

The results from this initial iteration differed significantly (p < 0.005) between linear and Bayesian 
models, with median fractions of plant nitrogen derived from wastewater of 100% (95% CI = 11%, 
100%) and 81% (95% CI = 0%, 100%) over the entire wetland, respectively. Model outputs over the 
final two-thirds of the slope were inconsistent with collected water quality and porewater data. On 
dates in cells where overland flow had been eliminated, linear and Bayesian mixing models yielded 
outputs for the fraction of plant nitrogen derived from wastewater at 70% (95% CI = 0%, 100%) and 
92% (95% CI = 0%, 100%) for plants growing in the last third of the slope, despite the fact that 
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wastewater nitrogen and its isotope signal were not detectable. Without a significant overland flow, 
from which plants can derive some nitrogen for growth, the outputs of both models appeared to be 
erroneous in this first iteration. Model outputs were unlikely explained by: (1) intermittent increases 
in the applied flow rate leading to overland flow that supplied enriched wastewater nitrogen to these 
farther reaches of the slope; or, (2) internal cycling of wastewater nitrogen that was taken up into 
plants during early parts of the monitoring period. 

Second model iteration – updating the wastewater endmember.  To yield estimates that were more 
consistent with the other monitoring data we collected at the site, wastewater endmembers were 
adjusted to reflect the measurements most recently taken before a plant sample was collected (i.e., the 
average influent nitrate δ15N measurements over the three months prior to sampling). These values 
should have reflected the wastewater nitrogen that would have been available to plants for the 
formation of new tissues (e.g., new growth leaves) leading up to each sampling event. Additionally, 
δ15N of wastewater-derived nitrate in porewater was calculated with distance along the slope using 
spatial zero order removal rates and enrichment factors (section 4.3.3) observed in the subsurface. In 
the linear mixing model, wastewater endmember values were calculated for each sample based on the 
location that it was collected from to reflect the wastewater δ15N that would have been observed in 
wastewater-derived porewater nitrate at each location. There were also consistent trends in nitrate 
concentrations with depth at the field site, meaning these values could be further weighted based on 
profiles of nitrate concentration with depth (section 4.3.3). To calculated the wastewater δ15N 
experienced at each location, concentration weighted averages of δ15N were performed with depth. 
The Bayesian mixing model could not be performed on individual samples in this way. Rather we 
were forced to use of the overall distribution of wastewater δ15N values modeled with distance along 
the slope as the endmember distribution. 

The second iteration of the Bayesian mixing model was significantly different from the first  
(p < 0.0001) with median outputs of 56% (rather than 81%). Bayesian outputs were significantly 
different from the simple linear mixing model as well (p < 0.0001). The fraction of plant nitrogen 
derived from wastewater was estimated at 36% and 56% over the entire wetland, respectively in these 
models. Model outputs in the final two-thirds of the wetland slope remained inconsistent with collected 
water quality and porewater data, though linear mixing model outputs came closer to approximating 
values that would be consistent with other observations. On dates when overland flow had been 
eliminated from a subset of wetland cells, linear and Bayesian mixing models yielded outputs for the 
fraction of plant nitrogen derived from wastewater of 25% and 53% (median values) for plants 
growing in the last third of the slope. 

Third model iteration.  In the third and final iteration, Bayesian mixing models from MixSIAR were 
abandoned because they could not be updated with spatially-resolved endmember values to project 
uptake fractions for individual measurements. Results from the Bayesian model tended to overestimate 
the contribution of wastewater-nitrate to plant biomass nitrogen. Additionally, these models appeared 
to be less sensitive to the significant spatial variations in endmember values for wastewater-nitrate, as 
well as spatial variability in plant isotope measurements, when compared to simple linear mixing 
models. For example, if we compare average estimates of the contribution of wastewater-derived 
nitrate to biomass nitrogen over the last third of the slope in cells D through L on February 2019, 
outputs from MixSIAR models ranged from 39 ± 16% to 71 ± 19% (for optimized and unoptimized 
iterations respectively) compared to an output of 8 ± 8% from the linear mixing model. Given that 
overland flow had been eliminated for over a year by this sampling date and that wastewater-nitrate is 
removed in the subsurface within the first third of the wetland, MixSIAR results presented here appear 
to be significant (p < 0.001) overestimates of uptake compared to the linear mixing model. 
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We updated the soil endmember values to take into account the porewater “soil-nitrate” measurements 
that we observed in 2019 (section 4.3.3). Because there were no consistent or significant spatial 
distributions of soil-nitrate δ15N values (Figure 4-12), we used the average δ15N value for these 
measurements, which was 10.6 ± 2.4‰, as the soil nitrogen endmember, which was more consistent 
with the values of δ15N measured in plant leaves (~13‰) in the portions of the slope that did not 
receive wastewater nitrogen inputs on those dates. 

Because the first half of the monitoring period was characterized by extended periods of substantial 
overland flow (e.g., 40-80% of applied wastewater flowed over the wetland surface; Chapter 1), it is 
also possible that these plants were enriched in 15N because a fraction of wastewater-derived nitrogen 
had been taken up into plant biomass at distances beyond 5 m over previous dates and then was cycled 
back into the subsurface through decomposition of organic matter. If this were the case though, it 
would further justify the use of soil nitrate measurements described in section 4.3.3 as an endmember 
as opposed to solid-phase soil δ15N values. If wastewater-derived nitrogen were taken up into plant 
biomass that was later deposited onto the wetland surface and decomposed, then the isotope signature 
of the nitrogen pool in soil and plant residues that was available for plant growth would become 
progressively enriched in 15N: a phenomenon for which we have evidence. In soil samples collected 
sequentially with depth in 2018, samples from the first 2 m of the slope and the top 10 cm of the soil 
were significantly (p < 0.01; two-tailed t test) more enriched in 15N (7.0 ± 0.5‰) relative to samples 
collected in the bottom 80 cm of the soil (5.7 ± 0.3‰). This suggests that, despite evidence that over 
time the overall soil nitrogen pool became more depleted in 15N (see section C.2.3), the most available 
fraction of that pool (i.e., the surficial soil and decomposing plant biomass) actually became more 
enriched compared to the original soil nitrogen pool, possibly due to internal cycling of wastewater 
nitrogen. Therefore, if the solid-phase soil nitrogen measurements described previously (5.7 ± 0.5‰) 
had been used as the soil end-member, we would have more than doubled the estimated mass of 
wastewater nitrogen taken up into biomass (i.e., 380 kg N v. 180 kg N). Based on these combined 
lines of evidence we determined that using the δ15N values measured in soil nitrate yields the most 
robust and accurate representation of what is happening with respect to plant uptake at the field site. 

In the final iteration, predictions of the fraction of wastewater derived nitrogen in plant biomass for 
the linear mixing model were significantly different (p < 0.0001) from previous iterations with a 
median value of 20%. In the first 10 m of the slope, average model outputs remained high at 66 ± 12%, 
consistent with the high concentrations of wastewater nitrogen in porewater samples collected from 
that part of the slope. Over the last two-thirds of the slope, results were significantly (p < 0.0001) 
lower than previous results with a median value of 13%, which was more consistent with levels of 
overland flow observed in this system. Results from this final iteration of our mixing models were 
consistent with other observations collected at the field site. We performed sensitivity analyses around 
this final mixing model to test output sensitivity to changes in endmembers and sensitivity to overall 
plant nitrogen uptake calculations to changes in biomass estimates. 

4.3.3  Mixing model endmember values 

Variation in wastewater nitrate isotopes. Throughout the monitoring period, δ15N values for influent 
wastewater-derived nitrate averaged 11.8 ± 6.5‰. These values varied widely, ranging from 3.5‰ to 
35.9‰, but were significantly different than values of δ15N found in soils (p < 0.001) (Figure 4-2). 
δ18O values in nitrate in the influent wastewater were similarly variable, averaging 0.71 ± 7.6‰ with 
a range from -6.0‰ to 24.5‰. Observed δ18O values fell within the range of values expected for 
wastewater-derived nitrate (Kendall, 1998; Kaushal et al., 2011). 
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Figure 4-2: Histograms of δ15N measurements in soils and plants. (a) δ15N measurements in soil 
(orange bars) and wastewater nitrate (blue bars); and, foliar δ15N measurements in: (b) J. balticus; and, 
(c) S. lasiolepis before (purple bars) and after (yellow bars) application of wastewater to the 
experimental system. Over the monitoring period, foliar δ15N values of S. lasiolepis and J. balticus 
samples followed bimodal distributions, with δ15N values in samples collected prior to April 2017 
overlapping with soil δ15N values and δ15N values in samples collected after April 2017 overlapping 
to a greater degree with δ15N values in influent wastewater nitrate. 
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There were significant differences in values for both δ15N (p < 0.05; two tailed t test) and δ18O  
(p < 0.001; two tailed t test) in nitrate before and after an operational change in November 2017 when 
flows rerouted directly from the nitrification facility onsite to the influent of the subsurface wetland 
(rather than routing the flow through the surface-flow wetland first). Before November 2017, δ15N and 
δ18O values were 16.8 ± 9.7‰ and 11.1 ± 6.0‰ respectively, whereas these values were 9.9 ± 3.5‰ 
and -3.4 ± 2.4‰ after the operational change. Lower δ15N and δ18O values were to be expected after 
the operational change because nitrate removal was often significant in the adjacent surface-flow 
wetland (i.e., nitrate concentrations dropped on average from 2.2 ± 0.2 mM to 0.7 ± 0.4 mM in the 
surface-flow wetland between June 2017 and November 2017) and microbial processes responsible 
for nitrate removal (e.g., denitrification) cause residual nitrate pools to become progressively enriched 
in 15N and 18O (Kendall, 1998). 

Subsurface nitrate isotope dynamics. Progressive depletion of wastewater-derived nitrate in the 
bottom layer of the subsurface (where the majority of subsurface flow occurred) was paired with 
increasing δ15N and δ18O values (Figure 4-8) as distances increased along the wetland slope. δ15N and 
δ18O values were strongly coupled in the first 5 m of the wetland slope, following the trend expected 
when denitrification is significant (Figure 4-9a) (Kendall, 1998; Kendall et al., 2007). These trends 
(i.e., depletion of nitrate and enrichment in 15N) were consistent across wetland cells, types and dates 
(Figure 4-9). 

Zero order nitrate removal rate constants (k) were derived from the observed decreases of nitrate 
concentrations in porewater samples from the bottom layer of the subsurface across various dates 
according to the following equation: 

[NO3-]/[NO3-]o = 1 – (k)(d)                   Equation 4-3 

where [NO3-] is the nitrate concentration in a given porewater sample, [NO3-]o is the influent nitrate 
concentration, k is the zero order rate constant in m-1 and d is the distance in m. Because no obvious 
trends in seasonality were observed (Figure 4-3), the average k value across all sampling dates was 
used in modeling concentrations of nitrate and δ15Nww for dates when porewater samples were not 
collected. Equation 4-3 was used to model the fraction of nitrate remaining (i.e., [NO3-]/[NO3-]o), 
which is equivalent to “f” in Equation 4-4. 

Enrichment factors. Enrichment factors for δ18O and δ15N during denitrification were calculated 
according to Equation 4-4 (Mariotti et al., 1981): 

𝜀: =	
\]I\],o
lnf

                  Equation 4-4 

where 𝜀: represents the isotopic enrichment factor and i corresponds to nitrogen or oxygen 
respectively, δi,o represents the influent measured isotopic ratios, δi represents the isotopic ratios 
measured throughout the wetland, and ln(f) corresponds to the fractional extent of the reaction (i.e., 
the fraction of influent nitrate remaining). 

By plotting values of ln([NO3-]/[NO3-]o) versus (δi – δi,o), we derived average enrichment factors for 
wastewater-derived porewater nitrate (i.e., -8.1 ± 1.0‰ and -7.2 ± 1.2‰ respectively for nitrogen and 
oxygen) with an average ratio of enrichment factors (i.e., 𝜀O/𝜀N) of 0.79 ± 0.06. Values for 𝜀N and 
𝜀O/𝜀N were consistent with values measured for denitrification in the environment. Literature values 
for 𝜀N range from -5 to -40‰ (Kendall, 1998). 
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Figure 4-3: Zero order nitrate (k) removal rate constants throughout 2019. The overall median rates 
constant (0.20 m-1) is delineated with the horizontal dashed line with the shaded region shown the 95% 
confidence interval (95% CI = 0.13 m-1, 0.28 m-1). 

Although previously published studies in environmental systems predominantly yielded 𝜀O/𝜀N	values 
closer to 0.5 (Kendall, 1998; review of past studies), more recent research has suggested that the range 
of expected 𝜀O/𝜀N	values is ~0.5-1 and pure cultures of denitrifiers have been shown to produce 
𝜀O/𝜀N	values close to 1 (Granger et al., 2004). Values of -6.7‰, -12‰ and 1.8 were calculated for 𝜀N, 
𝜀O and 𝜀O/𝜀N in “soil nitrate”. Both wastewater nitrate and soil nitrate values followed Rayleigh 
kinetics closely (Figure 4-4). The decoupling of 𝜀O and 𝜀N in “soil nitrate” was likely caused by the 
more varied set of nitrogen cycle processes, such as anammox and Feammox, that become important 
at the low nitrate concentrations (Dähnke and Thamdrup, 2016). 

 
Figure 4-4: Rayleigh kinetics of δ15N in nitrate for: wastewater-derived nitrate (blue points; blue solid 
line) and soil-derived nitrate (orange points; orange dashed line) in the subsurface. 
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Predicting δ15N in porewater. Combining Equation 4-3 and Equation 4-4, we produced a model that 
was used to project δ15Nww values at various distances in the subsurface as follows: 

𝛿],9 	= 	 (𝜀?)(1 − 𝑘 ∗ 𝑑) + 𝛿N,o               Equation 4-5 

where 𝜀? is the calculated enrichment factor for nitrate-N during subsurface nitrate removal (see the 
preceding section), 𝛿N,o is the δ15N value for influent wastewater (‰), d is the distance along the slope 
in m, k is the zero order rate constant in m-1 and 𝛿],9 is the calculated δ15N value for porewater nitrate 
at the distance d (‰). An example of modeled nitrate concentrations and δ15N values, compared to 
measured values from April 2019 is presented in Figure 4-5. 

 
Figure 4-5: Modeled δ15N values and nitrate concentrations (blue dashed line and orange solid line 
respectively; left and right vertical axes, respectively) compared with individual measurements (blue 
and yellow points) from April 2019. 

On dates when there was significant overland flow, which was the case for the majority of wetland 
cells prior to August of 2018, a similar model to the one described above was used to estimate the 
concentration and δ15N values of wastewater-derived nitrate in surface layers within the wetland. For 
this top layer of the wetland soils, it was estimated that removal exhibited zero-order kinetics with 
depth within the top 10 cm after which nitrate concentrations were not detectable. This was consistent 
with results from porewater sampling, which revealed that concentrations of nitrate decreased from 
influent concentrations at the surface to non-detect at depths of ~10-20 cm. Nitrate concentrations at 
depths between approximately 0.2 and 0.6 m were below the detection limit throughout the majority 
of the wetland. Nitrate likely diffused into the top layer of the wetland sediment from nitrate-rich water 
flowing over the wetland surface. Modeled concentrations of nitrate and influent δ15N values for 
wastewater nitrate were input to Equation 4-5 to calculate δ15N values at each depth. The overall 
average δ15N values at each distance was then calculated by weighting δ15N values at various depths 
by the concentration of nitrate at that depth in a modified Riemann sum according to Equation 4-6. 

𝛿],*_) 	= 	
∑([]c^E]_)M\N,hN

∑[]c^E]_
                Equation 4-6  
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where 𝛿],*_) is the concentration-weight average δ15N value for wastewater nitrate at each location, 
[NOfI]g is the concentration of nitrate at each depth h, and 𝛿N,h is the modeled δ15N value for 
wastewater nitrate at each depth h. 

Soil-derived porewater nitrate. A second source of nitrate was also identified in porewater samples, 
which was likely derived from the conversion of soil nitrogen and organic nitrogen to nitrate through 
ammonification and nitrification. During nitrification, oxygen that is incorporated into produced 
nitrate comes from water and dissolved oxygen. We would expect dissolved oxygen to be relatively 
enriched in 18O in a horizontal levee because microbial activity in surface layers can lead to lower 
dissolved oxygen concentrations and enrichment of the residual dissolved oxygen pool in 18O. High 
evapotranspiration rates could cause similar enrichment trends to occur in water oxygen (Kendall, 
1998). 

At distances beyond 4 m in the subsurface, we observed this second nitrate source, “soil-nitrate”, in 
porewater samples from the bottom layers within the wetland subsurface. The tight coupling of δ15N 
and δ18O values observed in the first 4 m no longer held past this point on most sampling dates (Figure 
4-10 and Figure 4-11). The two separate nitrate pools are particularly evident in Figure 4-11b with 
data clustered to the top-left and bottom-right of the chart along diagonal trendlines, which are 
consistent with past research on pools of nitrate that are being denitrified (i.e., nitrate pools undergoing 
denitrification become progressively more enriched in 18O and 15N). The δ15N and δ18O values in these 
two pools are significantly different from each other (p < 0.001; two-tailed t tests for both), though 
they follow similar trends.  

Nitrate concentrations, δ18O and δ15N values in this second nitrate pool followed expected trends. 
Nitrate concentrations decreased with increasing δ18O and δ15N values in this nitrate pool (Figure 4-9d) 
and followed Rayleigh kinetics (see section on enrichment factors). Additionally, we produced a 
Keeling plot (Figure 4-13) to identify the original δ15N value for this source of nitrate. We did not 
observe significant spatial trends in the concentration or isotope signature of soil-nitrate observations 
(Figure 4-12), suggesting that this pool of nitrate was being formed throughout the entire wetland. 

4.3.4  Sensitivity analyses 

Endmember sensitivity analysis.  We first performed a sensitivity analysis on model outputs to 
determine the impact of changes in endmember values on: (1) the fraction of nitrogen in plants derived 
from wastewater; and, (2) the fraction of wastewater nitrogen removal attributable to plant uptake. 
The full results of this analysis are provided in Table 4-1. In the sensitivity analysis, we found that a 
change of 2‰ in the endmember values corresponded to a change in model outputs of up to 61%. A  
2‰ change in soil δ15N values corresponded to average changes of 26% in both the fraction of biomass 
nitrogen derived from wastewater and the fraction of applied nitrogen removed by plant uptake. 
Changes of 2‰ in wastewater δ15N values corresponded to average changes of 8% in both outputs. 
Based on these results, we concluded that model results were less sensitive to small changes in the 
wastewater endmember value, but relatively sensitive to changes in the soil endmember value. For 
example, a shift of ~6‰ in the soil endmember could account for 70% change in model outputs.  

Biomass sensitivity analysis.  We also evaluated the sensitivity of plant nitrogen uptake calculations 
to biomass. Changes of 0.1 kg m-2 in peak standing biomass (which corresponded to 0.1-0.4 kg m-2 
more per year when turnover rates are considered, roughly a 10% increase in total biomass production) 
corresponded to an increase of 1% in the fraction of wastewater nitrogen attributed to plant uptake 
(e.g., 9% of wastewater nitrogen was removed by uptake as opposed to 8%). This corresponded to 
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approximately a 10% increase in the mass of nitrogen . Based on these results we concluded that model 
outputs were sensitive to changes in biomass production and peak biomass, especially for plants with 
large turnover rates, suggesting that moderate errors (~0.1 kg m-2) in our biomass measurement method 
would add a significant amount of additional error to our model predictions. 

Table 4-1: The impact of changing endmember values on mixing model outputs: (1) the fraction of 
biomass nitrogen calculated as coming from wastewater, and (2) the fraction of applied nitrogen 
removed by uptake. Values for “% Change” are relative to the preceding condition.  

Change in EM Values Fraction of biomass N from WW Fraction of applied N to uptake 
δ15Nww, ‰ δ15Nsoil, ‰ Average, - % Change Average, - % Change 

0 -12 0.41 - 0.24 - 
0 -10 0.38 7 0.22 9 
0 -8 0.34 11 0.20 10 
0 -6 0.30 13 0.18 11 
0 -4 0.26 14 0.15 18 
0 -2 0.20 26 0.12 22 
0 0 0.15 28 0.08 40 
0 2 0.08 61 0.05 46 
0 4 0.05 46 0.03 50 
-4 0 0.16 - 0.09 - 
-2 0 0.16 0 0.09 5 
0 0 0.15 6 0.08 6 
2 0 0.13 14 0.08 6 
4 0 0.12 8 0.07 13 
6 0 0.11 9 0.06 8 
8 0 0.10 10 0.06 5 
10 0 0.09 11 0.05 18 

 
4.4     Results and Discussion 

Over the two-year monitoring period (6/2017-6/2019), 3570 kg of nitrogen were applied to the 
horizontal levee. 1660 kg of nitrogen that left the system in wetland effluent was mainly due to 
overland flow (Figure 4-6). As described in Chapter 2 (Cecchetti et al., 2020a) there were three 
operational phases during this period (6/2017-11/2017, 11/2017-7/2018, and 7/2018-6/2019), in which 
flow within the horizontal levee was progressively adjusted to improve system performance. Nitrogen 
removal increased from 48% of the influent nitrogen mass during the first two monitoring phases to 
62% in the final monitoring phase, with >96% removal of nitrogen in the 9 cells operated without 
overland flow during the final monitoring phase.  

Approximately 81% of the applied nitrogen consisted of nitrate. The remainder was comprised of 
dissolved organic nitrogen (7%), nitrite (3%) and ammonium (9%). Therefore, the most significant 
nitrogen removal processes in this system were those related to nitrate removal (i.e., microbial 
assimilation, denitrification, and plant uptake). The full dataset can be found on Mendeley Data 
(Cecchetti et al., 2020b). 

4.4.1  Nitrogen isotope signatures of plants 

Data collected throughout the monitoring period were consistent with previous findings that nitrogen 
in municipal wastewater tends to be enriched isotopically relative to other sources (Heaton, 1986; 
Kendall, 1998). δ15N values measured in wastewater had a median value of 9.8‰ (ranging from 3.5‰ 
to 35.9‰) compared to δ15N values of 5.7 ± 0.5‰ observed in soil samples. 
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Figure 4-6: Nitrogen mass and isotope flows that were used to evaluated plant uptake of nitrogen. 
Panel A presents baseline samples, which were collected before the application of wastewater effluent. 
Panel B presents the isotope mixing model used in this study (post-application). Ranges of δ15N for 
porewater, biomass, and influent wastewater in Panel B are approximate. Acronyms: WW = 
wastewater. 

Prior to introduction of wastewater into the subsurface in April 2017 (Figure 4-6a), new-growth foliar 
plant samples were statistically indistinguishable from soil in terms of δ15N (p = 0.59 and 0.41 from 
two-tailed t tests for J. balticus and S. lasiolepis) and also in terms of δ34S for J. balticus (p = 0.12) 
(Figure 4-7), which was consistent with past findings (Tcherkez and Tea, 2013; Craine et al., 2015). 
In terms of δ34S, S. lasiolepis was offset by less than 1‰ (p < 0.01) from the soil. 

As expected, after wastewater effluent was introduced into the subsurface in April 2017 (Figure 4-6b), 
shifts in the values of δ15N were observed in foliar samples (Figure 4-7). After April 2017, δ15N in 
foliar samples (of all types) had a median value of 13.8‰ with 95% of measured values falling 
between 7.4‰ and 23.7‰. This sample distribution was significantly higher (p < 0.001) than δ15N 
values in plants and soils prior to the introduction of wastewater, despite large variations among 
individual measurements. More details on the distributions of δ15N values from different sample types 
are included in section C.2 and Figure 4-2. δ34S measured in J. balticus did not change significantly 
(p = 0.51) after wastewater was introduced, though δ34S values in S. lasiolepis increased significantly 
(p < 0.001), suggesting these plants were accessing different sources of sulfur. 
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Figure 4-7: δ15N and δ34S in new-growth foliar samples from (a) Arroyo willows (S. lasiolepis) 
collected in cells H, J and L and (b) Baltic rushes (J. balticus) collected in cells A-G, I and K. Error 
bars represent the standard deviation of collected samples. 

4.4.2  Mixing models 

Despite the advantages associated with Bayesian mixing models (section 4.3.1; Phillips et al., 2014), 
we used a linear mixing model to calculate plant uptake of wastewater-derived nitrogen because it was 
computationally simpler, could be applied flexibly to individual data points and avoided bias observed 
in Bayesian models (section 4.3.2) during method development. We progressively optimized our linear 
mixing models to reflect the conditions at the horizontal levee field site more accurately as described 
in section 4.3.2. 

Endmember values. Throughout the monitoring period, soil nitrogen values were normally 
distributed with average δ15N values of 5.7 ± 0.5‰ and a range from 3.8‰ to 6.8‰ (Figure 4-2). 
Conversely, there were wide variations in δ15N values in wastewater nitrate applied to the system, 
which were log-normally distributed with a median value of 9.8‰ and a range from 3.5‰ to 35.9‰. 
Although there was some overlap, differences in δ15N from the two sources were significant  
(p < 0.001). The range of observed values for wastewater-derived nitrogen was also consistent with 
previous findings (Kendall, 1998). Measurements that fell outside of the range of previously reported 
values likely were caused by operational conditions occurring during the first 6 months of the 
monitoring period, when influent was passed through a surface flow wetland prior to entering the 
subsurface as described in Chapter 2 (Cecchetti et al., 2020a) and section A.2 of Appendix A. In the 
surface flow wetland, nitrate was partially denitrified, and the residual nitrate pool became enriched 
in 15N. 

We also observed progressive enrichment of δ15N and δ18O values as nitrate was removed in the 
subsurface. This phenomenon was consistent with the results of past studies of denitrification 
(Kendall, 1998; Kendall et al., 2007), suggesting that denitrification was important in the subsurface. 
Specifically, values of δ15N and δ18O increased according to a tightly coupled trend as concentrations 
of nitrate decreased (section 4.3.3). Additionally, enrichment factors (section 4.3.3) for both δ15N and 
δ18O were consistent with past research on denitrification in subsurface and groundwater systems 
(Böttcher et al., 1990; Aravena and Robertson, 1998; Mengis et al., 1999). Enrichment of nitrate in 
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15N due to denitrification likely explains why some foliar δ15N values were higher than the values of 
δ15N measured in wastewater-nitrate collected on preceding sampling dates, which should have 
reflected the wastewater nitrogen available to those foliar samples (section C.2.2 of Appendix C). 
Progressive depletion of nitrate and enrichment in 15N was observed consistently across wetland cell 
types and all four dates when porewater samples were collected (Figure 4-8 and Figure 4-9). 

 

Figure 4-8: Average δ15N and δ18O in nitrate and concentrations of nitrate in replicate samples with 
distance along the slope in cell F in April 2019. 

Within the subsurface, wastewater-derived nitrate was denitrified in the first 5 m of the slope. Changes 
in concentrations of wastewater nitrate in this region were best approximated by a zero-order removal 
process. Fitted zero-order equations were used to model nitrate concentrations at distances less than 5 
m and were paired with enrichment factors (section 4.3.3) to model spatially-resolved wastewater 
endmember values that could be used to apply the linear mixing model to individual plant samples 
(section 4.3.3). 

At distances beyond 5 m, porewater nitrate concentrations were below 0.4 mg N L-1 and did not exhibit 
significant trends (Figure 4-9e). The coupling of δ15N and δ18O values observed in the majority 
(approximately 75%) of samples collected within the first 5 m was not observed in other parts of the 
wetland: ratios of δ18O to δ15N were significantly (p < 0.001) higher (δ18O/δ15N = 1.8) relative to the 
first 5 m of the slope (δ18O/δ15N = 0.8) (Figure 4-10). When porewater nitrate δ15N and δ18O were 
plotted in dual isotope space (i.e. δ18O v. δ15N; Figure 4-11), values from these two parts of the wetland 
clustered in distinct regions, suggesting the presence of two sources of nitrate in the porewater. 

Porewater nitrate with this second isotopic signature (i.e., higher δ18O/δ15N ratios) were considered to 
be attributable to a separate source of nitrate from wastewater-derived nitrate and were used as the 
second endmember in the mixing model as described in section 4.3.3. Similar to wastewater-derived 
nitrate, we observed increasing δ18O and δ15N values as nitrate concentrations decreased within this 
nitrate pool. However, significant spatial trends were not observed, suggesting formation of nitrate 
from this source occurred across the entire wetland (r2 < 0.01 for all regression types tested; Figure 
4-12). Based on their significantly greater δ18O values, we hypothesized that this second source of 
nitrate was derived from soil nitrogen and/or decay of plant biomass (see section 4.3.3). 
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Figure 4-9: Trends in δ15N and δ18O of porewater nitrate and porewater nitrate concentrations across 
sampling dates and cell types. (a) Trend of δ15N and δ18O in wastewater-derived porewater nitrate in 
the first 5 m of the slope. (b) Zero order distance-based nitrate removal reaction relationship (zero 
order reaction rate constant, k = 0.07 m-1). (c) Trends of increasing δ15N and δ18O in wastewater-
derived porewater nitrate with decreasing nitrate concentrations. (d) Trends of increasing δ15N and 
δ18O in soil-derived porewater nitrate with decreasing nitrate concentrations. (e) The remaining 
fraction of influent nitrate in porewater along entire slope (blue boxes represent wastewater-derived 
nitrate and orange boxes represent soil-derived nitrate). 
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Figure 4-10: Ratios of δ18O/δ15N in porewater collected along the horizontal levee slope. The blue 
shaded region and blue points correspond to wastewater-derived nitrate and the orange shaded region 
and orange points correspond to soil or plant derived nitrate. The distance at which the soil or plant-
derived nitrate signal began to dominate depended on the rate at which denitrification removed 
wastewater-derived nitrate in the first few meters. For example, on September 25, 2019, samples 
collected in cell D exhibited the δ18O/δ15N signal associated with soil/plant-derived nitrate by 1.8 m 
from the inlet, whereas the δ18O/δ15N signal associated with wastewater-derived nitrate was observed 
in cell H until after 3.5 m. The variation in the distance at which soil/plant-derived nitrate was observed 
did not vary significantly (p > 0.05) by cell, cell type or seasonally. 
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Figure 4-11: Measurements of δ15N versus δ18O in porewater samples. (a) Samples collected in April 
2019 segregated by those collected before (blue crosses) and after (orange circles) 4 m along the slope. 
A strong linear relationship (r2 = 0.9995) between δ15N and δ18O can be observed for samples collected 
prior to 4 m. (b) Samples collected over a variety of dates (February, March and April 2019) divided 
into influent samples (green squares) and porewater samples. The porewater samples are further 
divided among those derived from wastewater (blue crosses) and those derived from soil (orange 
circles).  
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Figure 4-12: Nitrate concentrations and δ15N in porewater “soil-nitrate” with distance along the 
wetland slope. Nitrate concentrations are represented by orange squares with a dotted trendline. δ15N 
values are represented by orange circles with a brown dashed trendline. Significant spatial trends were 
not observed. 

We used an adapted version of a Keeling plot (Pataki et al., 2003) to identify the source isotope 
signature of this second nitrate pool, which was approximately 3.2‰ (Figure 4-13). This value was 
offset by approximately 2‰ from values of δ15N measured in soil, which was consistent with the 
expectation that processes that convert soil nitrogen to nitrate (i.e., ammonification and nitrification) 
discriminate against heavier isotopes. For example, fractionation of -1.4 to -2.3‰ was observed during 
mineralization of organic nitrogen in saturated sediments (Möbius, 2013). Additionally, this source of 
nitrate was only observed after wastewater was introduced to the subsurface, which then became 
saturated with water. Prior to that point, the wetland was only periodically irrigated with well water. 
Saturated conditions were favorable to denitrifiers that consumed nitrate and enriched the δ15N values 
in the residual soil nitrate pool available to plants. This may explain our observation that even plants 
located in portions of the wetland without contact with wastewater-derived nitrate (i.e., plants located 
more than 5 m from the inlet to the wetland in cells without overland flow) became enriched in δ15N 
after introduction of wastewater. The signal for these plants tended to match this second isotopic 
signature. 
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Figure 4-13: Keeling plot used to identify the original isotopic signature of the second nitrate source 
(i.e., “soil-nitrate”) in porewater samples (Pataki et al., 2003). 

Alternatively, because the first year of monitoring included extended periods of substantial overland 
flow (e.g., 40-80% of applied wastewater flowed over the wetland surface), it is also possible that a 
fraction of the wastewater-derived nitrogen was taken up into plant biomass at distances beyond 5 m 
and then cycled back into the subsurface through decomposition of organic matter. If so, this would 
further justify the use of this second nitrate pool as an endmember, as opposed to solid-phase soil δ15N 
values, to avoid inflated plant uptake estimates in subsequent years caused by retention of enriched 
wastewater nitrogen through internal nitrogen cycling. 

Mixing model results. According to the model predictions, throughout the monitoring period 14% of 
nitrogen incorporated into plant biomass came from wastewater. The remaining 86% was mostly likely 
derived from the soil. The fraction of plant nitrogen coming from wastewater varied with distance 
along the wetland slope. Approximately 81% of plant nitrogen was derived from wastewater within 
the first 2 m of the wetland, which was significantly more (p < 0.001) than the 13% that was observed 
in the last two-thirds of the wetland (Figure 4-14). There were no significant differences in the fraction 
of biomass nitrogen coming from wastewater among cells with different planting regimes (p = 0.16) 
or sediment types (p = 0.48) and no seasonal trends in the fraction nitrogen uptake from wastewater, 
though this may have been partly due to the temporal resolution of sampling (Figure 4-15). 
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Figure 4-14: The fraction of biomass nitrogen derived from wastewater in (a) wet meadow (J. 
balticus) (n = 6) cells and (b) willow (S. lasiolepis) (n = 3) cells. Error bars represent one standard 
deviation across the monitoring dates when foliar samples were collected. The dotted lines represent 
moving averages. 

We estimated that a low but measurable fraction of plant nitrogen came from wastewater at distances 
beyond 5 m (approximately 5-10% for wet meadow cells and 10-20% for willow cells) despite the fact 
that wastewater nitrogen was not detected in porewater beyond the first 10 m of the cells. It is possible 
that this was caused by: (1) intermittent periods of overland flow that supplied enriched wastewater 
nitrogen farther along the slopes; or, (2) internal cycling of wastewater nitrogen that had been taken 
up into biomass beyond 5 m during early parts of the monitoring period. 

For these reasons, it is essential to characterize end-member values continuously when applying 
mixing models to plant uptake calculations in multi-year studies. Because mixing model results were 
sensitive to small changes in endmember values (e.g., a change of 2‰ in the soil endmember isotope 
value shifted average model outputs by 25%), using direct measurements of δ15N from soil (5.7‰), as 
opposed to the δ15N from the soil nitrate source in porewater (10.6‰), would have nearly doubled the 
estimated mass of wastewater nitrogen taken up by biomass (i.e., 300 kg N v. 160 kg N). A detailed 
comparison of mixing model results, including sensitivity to endmember values and biomass 
measurements, is provided in section 4.3. 
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Figure 4-15: The fraction of biomass nitrogen derived from wastewater in individual wetland cells on 
dates when biomass samples were collected. Data points represent individual cells. The dotted trend 
line represents the geometric mean of calculated values. Significant seasonal trends were not observed. 
The r2 presented is for a linear regression (r2 = 0.04; p = 0.27), but other trends (e.g., sinusoidal and 
polynomial regressions) were not significant either (r2 < 0.05; p > 0.05). 

4.4.3  Plant uptake measurements 

Total above ground biomass in the wetland varied among wetland cells and increased throughout the 
monitoring period. The median dry weight (DW) of above ground standing biomass was  
0.7 kg DW m-2 (95% CI = 0.3 kg DW m-2, 1.7 kg DW m-2) for the entire site. The median annual peak 
above ground biomass, which typically occurred between the middle of May and late July, was  
0.7 kg DW m-2 throughout the monitoring period, ranging from 0.5 ± 0.1 kg DW m-2 in 2017 to  
1.5 ± 0.3 kg DW m-2 in 2019 – a significant increase (p < 0.001). Below ground biomass also increased 
throughout the monitoring period (Gill et al., 2002), from 0.5 ± 0.1 kg DW m-2 in 2017 to  
1.0 ± 0.1 kg DW m-2 in 2019. 

By the end of the monitoring period (June 2019), the peak above ground standing biomass (i.e., the 
maximum amount of standing biomass observed annually) was significantly (p < 0.03) greater in cells 
planted with willows (i.e., 1.8 ± 0.1 kg DW m-2) than wet meadow cells (i.e., 1.4 ± 0.2 kg DW m-2). 
However, due to significantly higher turnover rates in wet meadow cells, the annual above ground net 
primary production (i.e., total mass of plant biomass produced annually) was significantly lower  
(p < 0.01) in cells planted with willows, e.g., 2.0 ± 0.1 kg DW m-2 yr-1 on average versus  
5.7 ± 1.0 kg DW m-2 yr-1 in those cells planted with wet meadows.  
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Using peak annual biomass measurements (Bpeak in kg DW m-2) and turnover rates (𝜃b in yr-1), the 
total mass of nitrogen taken up into plant biomass was calculated according to the equation:  
𝑁0(2*+) 	= 𝐵()*+𝜃,𝑓?. Over the two year monitoring period, the mass fraction of nitrogen in biomass 
(𝑓?; kg N (kg DW)-1) had median values of 4.0%, 2.2%, and 2.8% for willows (S. lasiolepis), Baltic 
rush (J. balticus) and composite samples from wet meadow cells, respectively. This corresponded to 
a total mass of nitrogen taken up into plant biomass of 1100 kg N (95% CI = 310 kg N, 2400 kg N) 
over the monitoring period. Based on the results of the mixing model, this yielded a mass of 150 kg N 
(95% CI = 40 kg N, 320 kg N) of wastewater-derived nitrate removed via plant uptake over the 
monitoring period, which corresponded to 10% (95% CI = 3%, 22%) of the nitrate and 8% (95% CI 
= 2%, 17%) of total nitrogen removed from wastewater during the two-year monitoring period. More 
than a third of wastewater-derived nitrogen taken up by plants (e.g., 51 kg N or 34%) went into 
willows, which covered close to a quarter of the site. 

Plant uptake calculated using this new method differed significantly from estimates made using the 
approaches applied in previous studies. For example, if all of the nitrogen stored in plant biomass were 
assumed to be derived from wastewater in the horizontal levee, plant uptake would have accounted 
for nearly 60% of the removal of applied wastewater nitrogen, rather than the roughly 8% calculated 
using the new methods outlined here. Conversely, if increasing fractional nitrogen content (%N) of 
plant biomass were assumed to be the derived from wastewater, we would have significantly 
overestimated uptake of nitrogen from wastewater by willows (e.g., 150 kg N v. the 60 kg N calculated 
by our method), while underestimating uptake of nitrogen by other plants (e.g., 0 kg N, due to 
insignificant changes in the %N of composite biomass samples during the monitoring period, v. 90 kg 
N by our method), despite yielding a similar estimate of uptake over the entire pilot system (e.g., 8%). 

The amount of wastewater-derived nitrogen taken up by plants only represented a fraction of their 
total nitrogen requirements. Of the 1100 kg N taken up by plants during the monitoring period,  
950 kg N came from the soil. Based on the nitrogen content of the soil at the start of this study (i.e., 
approximately 10,000 kg N), this rate of extraction would only be sustainable for approximately  
10 years assuming all soil nitrogen was accessible and none of the plant biomass nitrogen was returned 
to the soil. However, a large fraction of the nitrogen taken up into plants was deposited as residues 
annually. For example, although above ground standing biomass in the wet meadow cells peaked on 
average around 1.4 kg dry weight m-2 in 2019, the total biomass produced was 6.2 kg dry weight m-2 
with roughly 80% of produced biomass deposited onto the wetland surface or consumed by organisms. 
If the nitrogen stored within those residues could be accessed by plants during subsequent growth, 
soils could supply sufficient nitrogen for plant growth to nearly 120 years without nitrogen inputs from 
other sources. This is more consistent with the nitrogen budgets of natural wetlands, in which internal 
cycling frequently satisfies the majority plant nitrogen demands (Bowden, 1987; Bowden et al., 1991). 

Variations in plant uptake rates. The amount of wastewater-derived nitrate removed through plant 
uptake increased throughout the monitoring period, varied seasonally and among cell types, and 
decreased with distance along the wetland. Uptake rates were on average 29% higher in the second 
year of monitoring (6/2018-6/2019) compared to the first (6/2017-6/2018). For example, average 
uptake rates were 30 g N d-1 cell-1 (8% of applied nitrogen) in the spring of 2018 (3/2018-6/2018) 
versus 46 g N d-1 cell-1 in the spring of 2019 (3/2019-6/2019). Moreover, the fraction of wastewater N 
removed by plant uptake was nearly three times higher in the spring of 2019 (23% of removal) than 
in the preceding spring (8% of removal). This was partly due to lower mass loading rates of wastewater 
nitrogen in 2019 (which were 50% lower than the preceding year) and also due to higher biomass 
production, which more than doubled between 2017 and 2019 as plants matured. There were also clear 
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seasonal trends in both plant uptake and the fraction of wastewater nitrogen removed by uptake (Figure 
4-16), which were both highest in the spring when plant growth was the greatest and lowest in the fall 
when plants were senescing. 

 

Figure 4-16: Uptake of wastewater-derived nitrogen into plants with time. (a) Uptake rates in g N d-1 
cell-1 and (b) the fraction of nitrogen removal attributed to plant uptake. Error bars represent 95% 
confidence intervals (n=3). Error bars are not shown for swale cells due to insufficient data. 

Cells planted with willows removed a significantly (p < 0.001; one-tailed paired t test) greater amount 
of applied wastewater nitrate by plant uptake (i.e., 23 g N d-1 cell-1) than wet meadow cells (i.e.,  
13 g N d-1 cell-1; Figure 4-16b), despite lower primary production rates in willow cells. The extensive 
rooting zones of willows likely gave them greater access than other plants to wastewater nitrate that 
flowed primarily in the deeper subsurface layers, as described in Chapter 2 (Cecchetti et al., 2020a). 
Additionally, as mentioned in Chapter 2 and Chapter 3, the majority of nitrogen was removed at the 
beginning of the slope (Cecchetti et al., 2020a; Cecchetti et al., in prep). Our mixing model indicated 
that of the 160 kg of nitrogen removed via plant uptake, 63% (97 kg N) was taken up by plants within 
the first third (15 m) of the slope, with 45% (70 kg N) removed by plants in the first 2 m alone. These 
uptake trends were consistent across cells throughout the monitoring period. 

4.4.4  Implications for horizontal levee design 

There are a variety of design features that could be incorporated into horizontal levees to optimize 
both nutrient removal and plant uptake of nitrogen. In the pilot-scale horizontal levee, the majority of 
applied nitrogen (>96%) was removed at the beginning of the wetland before wastewater effluent came 
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into contact with the plants that occupied the remaining 90% of the levee slope. If cells were 
constructed to increase contact of wastewater nitrogen with plant roots along the entire horizontal 
levee, the fraction of wastewater nitrogen taken up by plants could increase substantially. Some of the 
design features proposed in Chapter 2 for optimizing hydraulics (Cecchetti et al., 2020a), such as using 
granular media with a higher hydraulic conductivity, could also increase contact of wastewater nitrate 
with plant roots by spreading nitrate from wastewater throughout the subsurface. However, rapid 
denitrification rates still might limit plant uptake.  

Alternatively, designers could consider using multiple water inlet points with subsurface piping 
manifolds located at regular intervals along the slope to increase the fraction wastewater nitrogen taken 
up by biomass. Despite significant denitrification rates, this design feature would increase average 
subsurface nitrate concentrations further along the slope, increasing the potential for plant uptake in 
portions of horizontal levees that would not be exposed to wastewater nitrogen loads in systems with 
a single inlet. Ideally, these manifolds would be spaced every 10-20 m to achieve the greatest possible 
contact between wastewater nitrogen and plant roots. Other applications, such as batch application of 
wastewater or systems relying on percolation via surface application of water may also be useful in 
increasing plant uptake of effluent nitrogen. 

Additionally, our research in Chapter 2 showed that willows increase the subsurface flow capacity of 
horizontal levees, which could increase the mass of solutes removed by uptake (Cecchetti et al., 
2020a). When combined with our findings that willows have higher nitrogen uptake rates than other 
wetland plants, it is clear that willows have a significant capacity to promote nitrogen removal in 
horizontal levees through multiple mechanisms.  

It is important to note that nitrogen uptake into plant biomass constitutes a storage mechanism, rather 
than a permanent sink. However, it is likely that the release of nitrogen into the subsurface from 
decaying plant residues will either be: (1) taken up by plants again; or, (2) denitrified by 
microorganisms using organic carbon from plant residues as an electron donor before nitrogen leaves 
in the system effluent. For example, if just 10% of the approximately 18,000 kg yr-1 of organic carbon 
from plant biomass decomposed each year – a conservative estimate based on reported litter 
decomposition rates (Aké-Castillo et al., 2006, review of past studies) – this additional input of organic 
carbon would be sufficient to denitrify 1600 kg N yr-1, which is greater than annual uptake of nitrogen 
from all sources in this system and more than 10 times the amount of nitrogen taken up from 
wastewater specifically (160 kg N). 

4.5     Conclusions 

In this study, isotope fingerprinting and mixing models were used to evaluate the uptake of nitrogen 
in a horizontal levee – a new nature-based system for improving water quality which also protects 
coastal infrastructure from the effects of sea-level rise. Our findings indicate that plant uptake is 
responsible for removal of a significant fraction of nitrogen entering the system, with more than 20% 
of nitrogen removed by plant uptake in the spring of 2019. The exact mechanisms by which the 
remainder of nitrogen was removed is still unknown. However, on the basis of the site biogeochemistry 
described in Chapter 3 (Cecchetti et al., in prep) and isotope fractionation observed in porewater in 
the first 5 m of the system it appears that a majority of this remaining nitrogen was removed by 
microbial denitrification. 

The new isotope methods detailed in this study are promising techniques for quantifying plant uptake 
of wastewater-derived nitrogen in natural treatment systems. Mixing models based on isotope 
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fingerprinting provide a more robust means of measuring plant uptake because they do not rely on 
assumptions that were necessary in previous methods. Isotope methods can improve understanding of 
nitrogen uptake mechanisms and resolve the wide discrepancies in reported values of nitrogen uptake 
by plants in other nature-based treatment systems. 

More precise estimates of the relative contribution of plant uptake to nitrogen removal is important in 
multi-benefit treatment systems because it can help designers to prioritize objectives. For example, if 
plant uptake were found to be insignificant, designers could consider objectives related to habitat 
creation and planting regimes separately from water quality improvement objectives. Additionally, 
our results demonstrate that willows have a significant capacity through multiple mechanisms to 
promote nitrogen removal in horizontal levees. Finally, although plant uptake constitutes a storage 
mechanism rather than an ultimate removal in systems like the horizontal levee (i.e., where plants are 
not harvested and removed) labile organic carbon inputs from decaying biomass appear to be sufficient 
to denitrify the amount of nitrogen reintegrated in the subsurface from senesced biomass.  
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Chapter 5. The Cycling of Phosphorus in a Horizontal 
Levee 

5.1     Introduction 

Extraction of mineral phosphorus for agricultural fertilizers has led to a fourfold increase in its 
mobilization worldwide (Childers et al., 2011) accompanied by elevated concentrations in runoff and 
municipal wastewater. Phosphorus is often the limiting nutrient for algal growth in freshwater systems, 
where oxic conditions favor its partitioning to metal oxides in sediments (Caraco et al., 1989). As the 
trophic status of lakes transition to eutrophic conditions, phosphorus tends to be mobilized as reducing 
conditions in sediments release phosphate that was associated with Fe(III)- and Mn(III)/Mn(IV)-
oxides. To reduce the impact of phosphorus on freshwater ecosystems, sources associated with both 
agricultural land and municipal wastewater treatment plants will need to be controlled. 

Removal of phosphorus from wastewater is technically challenging. Enhanced biological phosphorus 
removal requires careful control of operational conditions and large capital investments (Oehmen et 
al., 2007; Le Corre et al., 2009; Zheng et al., 2014), while chemical removal by adsorption or 
precipitation can be expensive due to chemical use (Kumar and Pal, 2015). In contrast, nature-based 
systems, like the horizontal levee, are attractive because of their low costs and small input 
requirements (Kadlec and Wallace, 2009). These systems may be even more attractive if phosphorus 
removal occurs along with removal of other contaminants, such as nitrogen, trace organic 
contaminants and waterborne pathogens, as described in Chapter 2 (Cecchetti et al., 2020a). 

In constructed wetlands, the removal of dissolved phosphorus is dominated by chemical processes that 
are linked to microbial activity. Phosphate is frequently the dominant form of phosphorus in 
wastewater although dissolved organic phosphorus can account for up to 81% of total phosphorus (Qin 
et al., 2015). In aerobic sediments, phosphate tends to adsorb onto Fe(III)-oxide minerals (Holtan et 
al., 1988). In addition to its affinity for Fe(III)-oxides, phosphate can adsorb onto mixed valence 
minerals (e.g., magnetite). For example, vivianite (i.e., Fe3(PO4)2(s)) formation may also play a role in 
anaerobic soils when Fe(III)-oxides are reduced by microorganisms to release Fe(II) (Lin et al., 2020). 
Biological assimilation processes (i.e., into plants and microbial biomass) usually play a limited role 
in immobilization of phosphorus, although cyclical uptake and release of phosphorus during 
decomposition can impact its distribution among different forms (Wild, 1950). Due to the high N:P 
ratio in wastewater and the presence of phosphorus in many native soils where horizontal levees would 
be built, we do not expect uptake of phosphorus by plants or microbes to represent a removal pathway. 
Furthermore, plants are not harvested in the horizontal levee, which means that plant phosphorus will 
be recycled back to horizontal levee sediments during senescence when these processes achieve a 
steady state. 

Although the sediments in the pilot-scale wetland described in previous chapters consisted of about 
2.5% iron by weight, monitoring of influent and effluent from the system indicated that phosphate 
removal was limited, as described in Chapter 2 (Cecchetti et al., 2020a). The presence of dissolved Fe 
in porewater samples (see Chapter 3; Cecchetti et al., in prep) suggested that Fe(III)-oxides were being 
reduced, potentially leading to lower capacity for adsorption of phosphate onto surfaces. Fe(II) 
released by this process also can immobilize phosphate through formation of vivianite or can form 
other minerals (e.g., FeS(s), FeCO3(s)). After it is discharged, the Fe(II)(aq) in the wetland effluent is 
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rapidly oxidized by oxygen to form Fe(III)-oxides that are expected to have a high affinity for 
phosphate. Therefore, phosphate released by the wetland might be immobilized immediately after it 
is discharged. 

To understand the fate of phosphorus in horizontal levees, a pilot-scale horizontal levee was monitored 
over a two year period. Analysis of water, soils and plants, was used to assess mass balance on 
phosphorus to gain insight into ways in which system operation could be improved to enhance 
phosphorus removal. We also investigated interactions between phosphorus and the cycling of metals, 
with a focus on iron, which tends to have the largest impact on phosphate cycling in similar systems. 
Preliminary experiments also were conducted to assess the potential for phosphorus removal on 
Fe(III)-oxides formed when effluent from the wetland is aerated. 

5.2      Materials and Methods 

5.2.1  Field site 

Phosphorus cycling was studied at a demonstration-scale horizontal levee at the Oro Loma Sanitary 
District wastewater treatment plant in San Lorenzo, CA that was described in Chapter 2 (Cecchetti et 
al., 2020a). Briefly, this system consisted of 12 parallel sloped treatment cells that varied in 
topography, soil type and plant community composition. Cells were gently sloped (1:30) and consisted 
of a topsoil layer underlain with gravel and coarse sand, amended with wood chips. 

Details regarding the hydraulics, design, operating conditions and planting regimes are described in 
Chapter 2 (Cecchetti et al., 2020a) and Appendix A. 

5.2.2  Sample collection 

Samples of influent and effluent water, porewater, soils and plant biomass were collected from the 
field site to quantify mass loading of solutes and to assess mechanisms responsible for phosphorus 
removal. Detailed descriptions of water sampling methods, mass balances on contaminants and redox-
active species, and plant uptake measurements of nitrogen are provided in Chapter 2 (Cecchetti et al., 
2020a), Chapter 3 (Cecchetti et al., in prep), and Chapter 4 (Cecchetti et al., submitted), respectively. 
A brief overview is included below. 

Influent and effluent water samples were collected on a monthly or biweekly basis throughout the  
2-yr monitoring period (April 2017-June 2019). Porewater samples were collected on nine dates at 
depths ranging from 0.1 to 0.9 m into Luer-Lok BD syringes using stainless steel PushPoint sediment 
porewater samplers (MHE Products, East Tawas, MI, USA). Water samples were filtered on-site and 
stored on ice prior to analysis (within 48 hr), as described in Chapter 2 (Cecchetti et al., 2020a). As 
described in Chapter 4 (Cecchetti et al., submitted), plant samples were collected every 3-6 months in 
paper envelopes that were stored in plastic bags on ice prior to returning to the lab. Soil samples were 
collected from the top 10 cm of the soil and stored on ice prior to returning to the lab (Cecchetti et al., 
submitted). 

5.2.3  Sample processing and analytical methods 

Sample processing methods and analyses of water samples (anions, cations, TOC and metals), soils 
(content of N, C, S, Mn, Fe, and P) and plant tissues were described in previous chapters (Cecchetti et 
al., 2020a; Cecchetti et al., submitted; Cecchetti et al., in prep). Water samples were filtered in the 
field through 0.7-µm glass fiber filters and stored on ice prior to analysis. Phosphate was measured by 
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ion chromatography according to U.S. EPA Method 300.0 and cations were analyzed by ion 
chromatography as described previously (Thomas et al., 2002; Cecchetti et al., 2020a). Dissolved 
organic carbon was measured using a Shimadzu TOC-V/CSH analyzer according to standard methods 
(Method 5310B; APHA, 1998; Cecchetti et al., 2020a). 

Dissolved transition metals (i.e., Mn and Fe), trace metals/metalloids (i.e., Cu, Ni, As, Se, Cd, Cr, Pb, 
and Zn), and total phosphorus were analyzed by inductively coupled plasma mass spectrometry  
(ICP-MS) on undigested samples using standard methods (Method 3125; APHA, 1998; for metals and 
trace metals) and previously described methods (Dayton et al., 2017). Dissolved organic phosphorus 
was calculated by subtracting concentrations of phosphate from total phosphorus measurements. 
Field-filtered samples were stored at 4°C upon returning to the laboratory prior to preparation for 
analysis by ICP-MS. Samples collected prior to October 2018 were stored at 4°C for 6-12 months 
prior to sample preparation. These samples were shaken vigorously (to resuspend any particles) and 
were diluted with nitric acid without additional filtration. Samples collected after October 2018 were 
prepared for ICP-MS within 6 hours of sampling and were shaken vigorously and filtered through 0.2-
µm nylon filters prior to dilution with nitric acid. In all cases, 0.1 mL aliquots of samples were diluted 
into a 1% nitric acid solution and stored at room temperature on the bench-top before analysis by  
ICP-MS, which typically occurred within 7 days of preparation. 

Leaf samples were dried at 65°C for 48 hr immediately upon return to the lab. Soil samples were 
frozen immediately upon return to the lab and then freeze-dried. Dried leaf and soil samples were 
ground into a fine powder (200 mesh) and analyzed for metals (Fe, Mn and Cu) and total phosphorus 
using inductively coupled plasma atomic emissions spectrometry (ICP-AES) preceded by a nitric 
acid/hydrogen peroxide closed vessel microwave digestion. Powdered soil and plant samples were 
analyzed for content and stable isotope ratios of carbon, nitrogen and sulfur (Mambelli et al., 2016; 
Cecchetti et al., submitted). 

5.2.4  Measurements of total phosphorus and trace metals by ICP-MS 

For total phosphorus measurements, ICP-MS was chosen over colorimetric techniques because it is 
rapid and easily automated and colorimetric analysis is susceptible to bias if digestion does not 
completely convert organic phosphorus and polyphosphates into phosphate (Dayton et al., 2017). 
Previous research (Gallagher and Scholes, 2017, unpublished results) identified acid-persulfate 
digestion methods as the most effective pre-treatment for conversion of phosphorus to dissolved forms 
prior to total phosphorus measurements (Dayton et al., 2017). Therefore, we compared measurements 
of phosphorus by ICP-MS between acid-persulfate digested and undigested samples (Figure 5-1) from 
water samples relevant to this study (i.e., influent, effluent and porewater samples) to determine the 
utility of digestion prior to ICP-MS for our samples. 

Samples were digested using the autoclave-assisted acid-persulfate digestion method described by 
Dayton et al. (2017) with minor modifications. Briefly, 5 mL of sample were diluted to 50 mL of 
Milli-Q water in 100-mL acid-washed glass bottles. 1 mL of 30% sulfuric acid solution and 0.5 g 
potassium persulfate were added to each sample and lightly mixed. Samples were digested for  
60 minutes in the autoclave at 121°C and 120 kPa. After digestion, samples were neutralized with 
NaOH and diluted to 100 mL with Milli-Q water. 1 mL aliquots of digested samples were then diluted 
into a 1% nitric acid solution and stored on the benchtop prior to analysis. 
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Figure 5-1: Comparison of measurements of total phosphorus in digested and undigested samples. 
Analysis was conducted by ICP-MS. 

Measurements of total phosphorus were not statistically different (p = 0.35; Wilconox signed rank 
test) between digested and undigested samples, suggesting that digestion was not necessary to quantify 
total phosphorus by ICP-MS in the samples collected from the horizontal levee. Additionally, 
significant differences were not observed between measurements of Mn (p = 0.25), Fe (p = 0.75), As 
(p = 0.35), Si (p = 0.07) Cu (p = 0.12), Zn (p = 0.05), Cd (p = 0.12) or Pb (p = 0.22) between digested 
and undigested samples using two-tailed paired t-tests. Concentrations of Ni and Cr measured in 
undigested samples were significantly lower (p < 0.05 for both species; Wilconox signed rank test) 
than those measured in digested samples (i.e., differences of 72-97% and 9-91% respectively) 
demonstrating that these metals are not fully recovered without digestion. However, the ratios of 
influent to effluent measurements were not significantly different between digested and undigested 
samples (p = 0.28 and 0.83, respectively) for Ni and Cr (e.g., concentrations of Ni in effluent samples 
were 97% and 99.6% of those measured in influent samples for digested and undigested samples, 
respectively). 

5.2.5  Visual MINTEQ modeling and statistical analyses 

To assess the fate of phosphate in the subsurface, we predicted saturation indexes of mineral phases 
in the horizontal levee with Visual MINTEQ (ver. 3.1; Gustafsson, 2014) using measured porewater 
concentrations of aqueous species, as well as parameters and assumptions detailed in Chapter 3 
(Cecchetti et al., in prep). A significant fraction of phosphate measurements were below the limit of 
quantitation (LOQ = 0.061 mg P L-1), but were above the limit of detection (i.e., LOD =  
0.014 mg P L-1). For modeling in Visual MINTEQ, samples with concentrations between the limits of 
quantitation and detection were assumed to have concentrations that were half of the LOQ (i.e.,  
0.031 mg P L-1). For samples in which the phosphate signal was below the detection limit, phosphate 
concentrations were assumed to be zero. 

Statistical analyses were performed in Excel (Microsoft Corporation, Redmond, WA, USA) using the 
Real Statistics Resource Pack software (Release 5.4; Zaiontz, 2018). Unless specified otherwise, all 
reported p-values were derived from non-parametric tests (i.e., Wilcoxon signed-rank test for paired 
samples and Wilconox-Mann-Whitney tests for independent samples) because collected data were not 
normally distributed. 
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5.3      Results and Discussion 

The 2-year monitoring period (6/2017-6/2019) was split into three operational phases as described in 
Chapter 2 (Cecchetti et al., 2020a). Briefly, in the first monitoring phase (6/2017-11/2017), wastewater 
was pretreated in a surface flow wetland prior to application to the subsurface. During this period, 
approximately half of the applied water flowed over the wetland surface, short-circuiting the system. 
More than 75% of the phosphate released in the effluent over the entire monitoring period was due to 
overland flow occurring during this first six-month phase. During the second monitoring phase 
(12/2017-7/2018), wastewater was no longer pretreated in the surface flow wetland, but the fraction 
of overland flow remained high (i.e., it accounted for 64% of the total flow). During the final 
monitoring phase (8/2018-6/2019), the applied flow rate was reduced significantly (by nearly 60%) 
and overland flow was eliminated in 9 of the 12 cells (cells D-L). Because cells A-C were difficult to 
optimize hydraulically, due to swales running down their center, data from those cells were not 
included in this study. More details are provided in Chapter 2 (Cecchetti et al., 2020a).  

5.3.1  Phosphorus cycling in the horizontal levee 

Overall, phosphorus was not removed in the nine wetland cells throughout the two-year monitoring 
period. Rather, a small but statistically significant increase (p < 0.05) in the mass of phosphorus in the 
effluent was observed. The release of phosphorus was largest during the first monitoring phase, when 
the mass of phosphorus leaving the wetland was 24% higher than the mass entering the system. During 
the final two monitoring phases, differences between the influent and effluent loading of total 
phosphorus were not significant (p > 0.46). Of the 210 kg of wastewater-derived phosphorus applied 
to the horizontal levee, 200 kg P (94%) was in the form of phosphate and 11 kg (6%) was in organic 
forms (mainly dissolved organic phosphorus). In the wetland effluent 33% of the phosphorus consisted 
of organic forms over the full monitoring period, although this fraction accounted for more than 89% 
of effluent phosphorus during the final monitoring phase. 

During the first monitoring phase (6/2017-12/2017), there was significant variability in the loading of 
phosphate to the horizontal levee. This was partly because water was pre-treated in a surface flow 
wetland where seasonally variable evapotranspiration rates concentrated solutes that were not 
removed. For example, during the summer and fall of 2017, when evapotranspiration rates were the 
highest, influent phosphate concentrations to the horizontal levee (i.e., median value were  
4.2 mg P L-1) were significantly (p < 0.01) higher than those measured during the winter and spring 
of 2017 and 2018 (e.g., median values were 0.7 mg P L-1). Additionally, phosphate loading to the 
surface flow wetland was more variable at this time (i.e., median phosphate concentrations in the 
influent to the surface flow wetland were 2.9 mg P L-1 with a range from 1.0 to 11 mg P L-1). Overall, 
influent phosphate concentrations to the horizontal levee during the first monitoring phase had a 
median value of 2.8 mg P L-1 and were significantly higher (p < 0.01) than concentrations applied to 
the wetland during the final monitoring phase (8/2018-6/2019), when a median value of  
0.8 mg P L-1 was observed. 

Phosphate removal increased significantly (p < 0.01) during the monitoring period. During the first 
phase, only 11% of the applied phosphate (18 kg P) was removed. This occurred because a significant 
fraction of the applied wastewater short-circuited the subsurface treatment zone of the wetland by 
flowing over the wetland surface, leading to little removal of phosphate (or other contaminants) in the 
wetland (see Chapter 2; Cecchetti et al., 2020a). In contrast, during the last two phases, phosphate 
removal increased significantly (p < 0.001) to nearly 33% and greater than 84%, respectively. Removal 
of phosphate increased because decreasing flows of wastewater (i.e., from 7.6 m3 d-1 during the first 
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year to 3.4 m3 d-1 in the final monitoring phase) caused a significantly (p < 0.001) greater fraction of 
the applied wastewater to pass through the subsurface (99% compared to 68% in the first operational 
phase) (Cecchetti et al., 2020a). When combined with the changes in operational conditions discussed 
above (i.e., re-routing nitrified effluent directly to the horizontal levee), decreasing flows caused the 
loading of phosphate to be more than 90% lower during the final phase (13 kg P) compared to the first 
monitoring phase (160 kg P). 

After phosphate was removed in the subsurface, organic phosphorus concentrations increased. For 
example, although the mass of phosphate dropped significantly (p < 0.01) between the influent and 
the effluent of the wetland during the last monitoring phase (i.e., from 13 kg P to 2.1 kg P), it was 
largely counterbalanced by dissolved organic phosphorus, which increased from 3.8 kg P in the 
influent to 13 kg P in the effluent. A strong inverse correlation (Spearman’s r = -0.57) was observed 
between concentrations of phosphate and dissolved organic phosphorus in the influent, effluent and 
porewater samples. The observed shift in the speciation of phosphorus suggests that the system 
reached a steady state with respect to phosphorus turnover, possibly because removal phosphate, 
which was mostly removed on minerals, was balanced by the release of organic forms of phosphorus 
from decaying organic matter. 

Porewater concentrations of phosphorus species provide some insight into the processes that resulted 
in this change in phosphorus speciation in the subsurface. Data from the three wet meadow cells with 
fine topsoil and the three cells planted with willows to demonstrate differences observed between 
treatments that are illustrative of all 9 cells (Figure 5-2). In wet meadow cells with a fine topsoil, 
concentrations of total phosphorus did not change significantly along the wetland slope (p = 0.38) 
(Figure 5-2; blue circles), but phosphate concentrations decreased rapidly in the subsurface, with 
median concentrations dropping from 1.1 ± 0.5 mg P L-1 in the influent to below the quantitation limit 
(0.061 mg P L-1) in most samples collected beyond 3 m. Similar changes in the concentration of 
phosphate (p > 0.05) were observed in wet meadow cells with a coarse topsoil and in cells planted 
with willows. 

Phosphate removal was likely explained by a combination of processes, including adsorption onto 
Fe(III)-oxides, precipitation of phosphate minerals and uptake into plant and microbial biomass. 
Adsorption and mineral precipitation likely explained the majority of observed phosphate removal 
(see fate of phosphate in a horizontal levee). Phosphorus requirements during growth of microbial 
biomass in the subsurface were also substantial during the first phase, when the introduction of 
wastewater to the subsurface created saturated conditions. The increased water content in the 
subsurface likely led to growth of microbial biomass (McIntyre et al., 2009), which we estimated 
increased by approximately 30%, or 2000 kg dry weight, of which approximately 90 kg were estimated 
to be phosphorus. Additionally, uptake of phosphorus into plant biomass during this phase (20 kg P) 
was comparable in magnitude to the observed phosphate removal. Despite the uptake of phosphorus 
by these processes, we do not believe that these were responsible for the observed phosphate removal 
because phosphate removal was nearly complete within the first 2.5 m of the wetland. Furthermore, 
although plant uptake of phosphorus increased significantly in the last monitoring phase (with  
90 kg P taken into plant biomass) we did not observe an increase in the mass removal of phosphorus 
from the aqueous phase, suggesting that plant uptake was not driving the observed wastewater-
phosphorus removal. Thus, the majority of phosphorus taken up by plants and microbes was likely 
derived from the soil, which contained approximately 3400 kg P at the beginning of the monitoring 
period. This is consistent with observations for nitrogen uptake in horizontal levees described in 
Chapter 4 (Cecchetti et al., submitted). 
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Figure 5-2: Concentrations of dissolved phosphorus species in porewater samples collected from the 
gravel/coarse sand layer of the subsurface at various distances along the slope in wet meadow cells 
with a fine topsoil (blue circles) and cells planted with willows (green squares). Data points represent 
median values with vertical error bars representing 90th and 10th percentile values. 

In contrast to the decreasing phosphate concentrations we observed, concentrations of organic 
phosphorus increased (p < 0.05) between the influent (i.e., median concentrations were 0.3 mg P L-1) 
and the effluent (i.e., 1.6 mg P L-1) in wet meadow cells with a fine topsoil. Taking evapotranspiration 
into account, which removed approximately 50% of the water flowing through the subsurface 
(Cecchetti et al, 2020a; Cecchetti et al., in prep), the increased loading of dissolved organic phosphorus 
in the effluent (approximately 4.4 g P d-1 cell-1) was similar to the loss of phosphate removed in the 
subsurface (approximately 6.0 g P d-1 cell-1). Similar trends were observed in the wet meadow cells 
with coarse soils (p > 0.05). However, dissolved organic phosphorus was significantly (p < 0.01) lower 
in porewater samples collected from cells planted with willows (Figure 5-2; green squares). 
Concentrations of organic phosphorus only increased significantly (p < 0.01) in the last 15 m of those 
cells (from 0.05 to 1.0 mg P L-1 at 30 and 45 m respectively), with median values of 2.1 mg P L-1 in 
the effluent, suggesting that production of dissolved organic phosphorus was substantial in the last 
few meters prior to the effluent and may not have been significant if the wetland were shortened by  
5 to 10 m.  

The cause of these differences in dissolved organic phosphorus production between the willow and 
wet meadow cell types is unclear, but it may be related to sulfate reduction, as described in Chapter 3 
(Cecchetti et al., in prep). The distances at which organic phosphorus concentrations increased in wet 
meadow cells with a fine topsoil (between approximately 5 and 7.5 m) and cells planted with willows 
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(between approximately 30 and 45 m) closely match the distances at which sulfate reduction occurred 
within those cells (Cecchetti et al., in prep). Thus, some phenomenon whereby production of sulfide 
(via sulfate reduction) promotes the release of organic phosphate from sediments (Caraco et al., 1989) 
may be important. Sulfide production may also play a role in the mobilization of organic phosphorus 
compounds that adsorb to surfaces if sulfide competes for those surfaces or alters mineral properties. 
Alternatively, the microbial communities that become dominant when sulfate is no longer available 
(e.g., fermenters and methanogens) may release organic phosphorus through the breakdown of 
complex organic matter or may release microbial products containing phosphorus. Further research is 
required to understand the mechanisms responsible for these apparent discrepancies. 

It is unlikely that most of the dissolved organic phosphorus export was attributable to leaching of 
organic matter from decomposing residues from plants growing on the wetland. As reported in Chapter 
3 (Cecchetti et al., in prep), the loading of dissolved organic carbon did not change significantly 
between the influent and the effluent of the wetland. There was a significant decrease (p < 0.005) in 
the DOC:DOP molar ratios in the wetland from a median value of 56 in the influent, to a median value 
of 13 in the effluent. The DOC:DOP ratio observed in the porewater samples was substantially lower 
than reported in past studies of wastewater effluent (e.g., approximately 100-1000; Qin et al., 2015). 
Because leachates from plant residues frequently have much higher molar C:P ratios than those 
observed in the horizontal levee (e.g., median values of 360 are reported in the literature with a range 
from 20 to 2700; Yavitt and Fahey, 1986; Turner, 1993; Uselman et al., 2012; Duan et al., 2014), we 
would expect the DOC:DOP in the effluent to be substantially higher if organic phosphorus export 
were mainly caused by leaching of organic matter from plants. Rather, the decreasing DOC:DOP ratios 
may have been due to release of protein-like soluble microbial products with low C:P ratios as water 
passed through the system (Shin and Kang, 2003). 

Changes in aqueous phosphorus speciation have important implications for efforts to assess the 
impacts of nature-based treatment systems. Our data indicate that monitoring of phosphate loads alone 
can miss a significant fraction of total phosphorus being exported to the environment. This is relevant 
for wastewater treatment plants because National Pollutant Discharge Elimination System (NPDES) 
permits for wastewater dischargers are typically based on total phosphorus (epa.gov/npdes). Past 
research on phosphorus removal from wastewater that focused on phosphate removal without 
considering the potential for organic phosphorus formation in nature-based systems may fail to address 
the needs of users of the technology. Additionally, a large fraction of dissolved organic phosphorus 
may be bioavailable, meaning that the removal of phosphate in the horizontal levee would offer little 
benefit with respect to protecting and estuary from the effects of phosphorus-induced eutrophication 
(Qin et al., 2015). 

Fate of phosphate in a horizontal levee.  In the horizontal levee subsurface, concentrations of 
phosphate decreased significantly at the beginning of the slope (i.e., 0 to 3 m; Figure 5-2). In this 
region, median dissolved Fe concentrations were approximately 40 µM due to the presence of nitrate, 
which limited reduction of Fe(III)-oxides, as detailed in Chapter 3 (Cecchetti et al., in prep). For these 
reasons, we hypothesized that the decreasing porewater concentrations of phosphate in this part of the 
slope were likely caused in part by adsorption of phosphate onto Fe(III)-oxides. Despite the relatively 
low concentrations of Fe(II) in this region, phosphate minerals including vivianite (Fe3(PO4)2(s)) and 
amorphous calcium phosphate (Ca3(PO4)2(s)) were supersaturated, with saturation indexes ranging 
from 0.5 to 3.5. Vivianite formation has been suggested as a potentially important sink of phosphate 
in iron-rich sediments (Baken et al., 2015) and in anoxic wetlands soils (Walpersdorf et al., 2013). 
Thus, formation of phosphate minerals may also explain the decreasing phosphate concentrations 
observed in porewater samples (Figure 5-2). 
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Moreover, a composite soil sample from this portion of the slope in cell F had a higher phosphorus 
content (0.08%) in 2018 than soil samples collected beyond 5 m along the slope on that same date and 
from the preceding year, which had a median phosphorus content of 0.06%. Although these data are 
limited, this specific observation suggests that mineral forms of phosphorus may be accumulating in 
the first 3 m of the wetland. If this 30% difference in phosphorus content were consistent across the 
whole first portion of the wetland, it would correspond to an increase of 50 kg P stored in soils in the 
first 3 m, which is approximately equivalent to the decrease in phosphate mass observed in the aqueous 
phase over the monitoring period (40 kg P). However, additional analyses (e.g., characterization of 
minerals formed on sediments) are needed to determine the relative contribution of adsorption and 
mineral precipitation to increased storage and as removal mechanisms. The contribution of these 
mechanisms to removal has important implications for long-term phosphate removal in these systems 
because the saturation of available adsorption sites will ultimately limit the capacity for phosphate 
removal by adsorption onto Fe(III)-oxides and the reduction of Fe(III) will ultimately decrease 
concentrations of dissolved metals (e.g., Fe(II)(aq)) needed for vivianite formation.  

In the remainder of the wetland slope (i.e., 3 to 45 m), phosphate concentrations remained low, with 
two-thirds of porewater samples containing phosphate concentrations below the limit of quantitation 
and 33% exhibiting concentrations below the detection limit. At these distances, most phosphate 
minerals were undersaturated, although increasing aqueous iron concentrations (Cecchetti et al., in 
prep) caused vivianite to become supersaturated in the majority of samples collected beyond 20 m. 
However, because more than 97% of wastewater-phosphate had already been removed prior to 
reaching this portion of the slope, vivianite formation in latter portions of the wetland did not 
contribute significantly to the observed phosphate removal. It is worth noting that adsorption of 
phosphate onto iron-oxides and vivianite formation may have limited the mobility of any phosphate 
released by native soils or decomposing organic matter. More research is needed to understand these 
processes in the horizontal levee, as well as the potentially complex impacts of iron and sulfur cycling 
on these processes. 

Phosphorus mass balance.  Although removal of phosphorus did not occur in the horizontal levee, it 
is evident that changes in the phosphorus speciation occurred and that different pools of phosphorus 
grew and shrank as the plant community continued to mature during the two-year study. A conceptual 
model of phosphorus cycling in horizontal levees is presented in Figure 5-3. At the beginning of the 
monitoring period, analysis of representative soil samples indicated that 3400 kg P (95% CI = 3100 
kg P, 4000 kg P) was present in the horizontal levee with greater than 98% consisting of phosphate 
and organic phosphorus in soil used to construct the levee slope. As expected, soil phosphorus content 
did not change significantly (p = 0.57) during the monitoring period because the total mass of 
phosphorus entering the system accounted for less than 10% of the phosphorus already in the system. 

Soil C:P ratios in horizontal levee soils also did not change significantly during the monitoring period 
(p > 0.99). Mean soil C:P ratios were 21, which is substantially lower than the range of ratios reported 
for soil organic matter (i.e., 919 and 61; Tipping et al., 2016), suggesting that a large fraction of soil 
phosphorus was stored in mineral forms. Using the mixing model described by Tipping et al. (2016), 
we estimated that approximately 10% of the phosphorus stored in the soil was in organic forms, which 
corresponds to approximately 340 kg P. This was consistent with the 290 kg P (95% CI = 30 kg P, 
1500 kg P) that we estimated were stored in microbial biomass based on past studies of soil microbial 
P in natural and constructed wetlands (Olila et al., 1997; Qualls and Richardson, 2000; Baum et al., 
2003; Xu et al., 2012). The remaining 3100 kg was likely stored primarily in mineral forms in the soil. 
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Figure 5-3: Conceptual model of phosphorus cycling in the horizontal levee during the two-year 
monitoring period. Pie charts show the speciation of phosphorus among phosphate and dissolved 
organic phosphorus (OrgP) in the influent and the effluent from the wetland during the third 
monitoring phase. 

Using data on plant growth, we estimate that 150 kg P (95% CI = 100 kg P, 230 kg P) from all sources 
were taken up into plant biomass during the monitoring period. This was calculated based on uptake 
rates of nitrogen calculated in Chapter 4 (Cecchetti et al., submitted) and the assumption of a N:P ratio 
in plants of 15, which is a typical value when neither nitrogen nor phosphorus limitation are significant 
(Koerselman and Meuleman, 1996). Because plant biomass was not harvested from the horizontal 
levee, any phosphorus incorporated into plant biomass will eventually be returned to the subsurface in 
decomposing plant residues, suggesting internal cycling of phosphorus could sustain plant growth 
without inputs from wastewater. Because we observed no significant differences in the total mass of 
phosphorus between influent and effluent over the monitoring period, we inferred that plant and 
microbial biomass obtained phosphorus primarily from sources other than wastewater (e.g., from 
phosphorus in the soil). 

It is possible that microorganisms assimilated phosphate from wastewater effluent, which was 
subsequently released as organic phosphorus during decay. This would be consistent with past 
research in which microbial uptake has only been a temporary sink for wastewater-derived phosphorus 
(Kadlec and Wallace, 2009). However, in wet meadow cells with a fine topsoil dissolved organic 
phosphorus concentrations in porewater did not increase until after approximately 5 m along the slope, 
despite wastewater-phosphate being removed within the first 3 meters (Figure 5-2). This suggests an 
alternative explanation for the observed shifts in phosphorus speciation is needed. Rather, it appears 
that wastewater-phosphate was removed in the first few meters of the subsurface by a combination of 
methods discussed above and that dissolved organic phosphorus export in latter parts of the slope was 
due to microbial turnover of phosphorus derived from the soil materials used during construction. This 
export would constitute a loss of less than 1% of the phosphorus in the horizontal levee annually, 
which could explain why we did not observe significant changes in the phosphorus content of the soils. 
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It is possible that this export of dissolved organic phosphorus would not be as significant if horizontal 
levees were constructed with sediments with lower phosphorus content, though it is unclear how this 
would impact plant growth and acquisition of plant phosphorus from different sources (i.e., the soil 
and wastewater). Further research is needed to understand these mechanisms and the impact of 
phosphorus content of the soil on them. 

5.3.2  Post-treatment ponds for phosphorus recovery 

In horizontal levees constructed with iron-containing sediments, relatively high concentrations of 
dissolved Fe(II)(aq) are likely to be present in the effluent. For example, in the pilot-scale horizontal 
levee, dissolved Fe had a median value of 5.7 mg Fe L-1 and ranged from 1.3 to 23 mg Fe L-1 in the 
effluent despite being at supersaturation with respect to siderite (see Chapter 3; Cecchetti et al., in 
prep). When exposed to dissolved oxygen, Fe(II)(aq) is oxidized to Fe(III) on the timescale of less than 
an hour (Davison and Seed, 1982). Fe(III)-oxides produced from Fe(II) oxidation often have a high 
affinity for phosphate, and this is especially true of the poorly crystalline iron oxides that typically 
form during oxidation by oxygen under circumneutral pH conditions (Slomp et al., 1996). The affinity 
of iron particles for phosphate is the basis for the coagulation-flocculation process used in wastewater 
treatment plants practicing chemical phosphorus removal (Zhou et al., 2008; Wilfert et al., 2015). In 
general, removal increases at lower pH values (Smith et al., 2008). It is not uncommon for iron-
amended flocculation systems to achieve residual concentrations of total phosphorus below  
0.1 mg P L-1 at circumneutral pH with iron dosed to around 10 mg L-1. This would constitute >90% 
removal of applied phosphorus at the field site described in this study. However, unlike municipal 
wastewater effluent, much of the dissolved phosphorus in the effluent from the horizontal levee is in 
an organic form. 

Organic phosphorus compounds also can be absorbed by iron oxides (Shang et al., 1992; Berg and 
Joern, 2006; Ruttenberg and Sulak, 2011; Lü et al., 2017). In fact, a variety of organic phosphorus 
compounds exhibit a relatively high affinity for iron-oxides (Ruttenberg and Sulak, 2011). However, 
we expect the phosphorus exported in organic forms from horizontal levees to be associated with 
polymeric natural organic matter. Although this organic phosphorus fraction will likely adsorb to iron 
oxides, we expect the organic phosphorus in the effluent from the horizontal levee to have a lower 
affinity for iron oxides than phosphate and the relatively simple organic phosphorus compounds (e.g., 
glucose 6-phosphate) that have been studied in the past (Lü et al., 2017). More research is needed to 
characterize the forms of organic phosphorus exported in horizontal levee effluent and their affinity 
for iron oxides. 

Despite these potential limitations, relatively minor modifications to a horizontal levee system could 
be employed to facilitate oxidation of Fe(II) and immobilize phosphorus. For example, horizontal 
levees could be followed by a small hydraulic jump to aerate the effluent before discharging it into a 
post-treatment shallow open pond (Kucukali and Cokgor, 2009). A quiescent shallow pond would 
allow for phosphate adsorption and the settling of the flocs prior to discharge of water from the system. 
Periodic collection of the Fe(III)-oxide flocs deposited in this system could be performed to recover 
phosphorus as a potentially valuable product. 

In water flowing out of the subsurface of horizontal levees, dissolved iron concentrations typically 
ranged from 10-25 mg Fe L-1. This is comparable to the doses of Fe(III) that have produced substantial 
removal of phosphorus in past research on chemical phosphorus removal from wastewater (Smith et 
al., 2008) and would consume approximately 4 mg O2 L-1 to oxidize to Fe(III)-oxides. Because 
Fe(II)(aq) oxidizes rapidly in the presence of oxygen – Davison and Seed (1982) reported half-lives for 
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Fe(II) oxidation in freshwaters on the order of 4 minutes to 6 hours in waters at circumneutral pH and 
20ºC – this process is not limited by oxidation kinetics. Finally, because ~90% of iron-oxide particles 
formed in a typical particle size distribution settle within 15 hours (Benjamin and Lawler, 2013), it is 
also unlikely that sedimentation kinetics in these systems would limit their ability to remove forms of 
phosphorus that exhibit affinity for iron oxides. However, the removal of phosphorus in these systems 
will likely also depend on other factors, such as concentrations of natural organic matter (Zhou et al., 
2008) and other metals (Li et al., 2014). 

To assess the potential for using the formation of Fe(III)-oxides to remove phosphorus from the 
effluent of the horizontal levee, effluent samples were amended with Fe(II) and Fe(III) salts at 
concentrations representative of horizontal levee effluent (10 to 30 mg Fe L-1). In these experiments, 
samples were amended with iron because effluent collected from the wetland at the time of the 
experiment was impacted by overland flow and had lower Fe(aq) concentrations (approximately  
0.05 mg Fe L-1) than typically observed after flow had been adjusted to minimize overland flow. Thus, 
iron had to be added to these experiments to reflect typical Fe(aq) concentrations in the effluent. In 
these experiments, concentrations of dissolved iron and total phosphorus in the supernatant dropped 
by >50% within 2 hours (Figure 5-4a/b; Wallis et al., 2015). A visible Fe(III)-oxide floc formed and 
settled rapidly out of the water column (Figure 5-5). Negligible additional removal of dissolved 
phosphorus was observed in these experiments between 2 and 24 hr. However, the pH of these 
experiments (7.9-8.9) was higher than the typical pH observed in horizontal levee effluent (pH ~ 6.5) 
and lower pH often promotes removal of phosphorus by iron-oxides (Smith et al., 2008). Additional 
experiments are needed to characterize this process under more representative conditions and to 
understand better the formation of iron flocs from native dissolved iron. 

 
Figure 5-4: Concentrations of (a) total phosphorus and (b) dissolved iron in the supernatant of samples 
of wastewater amended with 10 to 30 mg Fe L-1 to test the removal of phosphorus by iron oxide flocs. 
All measurements were approximately an order of magnitude above the limits of quantitation (LOQ) 
for total phosphorus (LOQ = 0.003 mg P L-1) and Fe(aq) (LOQ = 0.005 mg P L-1), respectively. 

Although phosphate and dissolved organic phosphorus concentrations were not measured in these 
experiments, approximately 50% of the phosphorus in the effluent from the horizontal levee was 
typically in organic forms at the time this experiment was conducted. Because total phosphorus 
concentrations decreased in these experiments by approximately 50-80%, it appears that some fraction 
of the organic phosphorus in horizontal levee effluent adsorbed onto iron oxides. More experiments 
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are required to assess changes in the aqueous speciation of phosphorus during Fe(III)-oxide formation 
and to characterize the phosphorus fractions that adsorb onto iron oxides in these experiments. 

 

Figure 5-5: Formation of iron-oxide flocs in wastewater collected from the horizontal levee. The tube 
to the left is an acidified sample (pH ~ 2) and the tube to the right is unacidified. Samples were left 
exposed to the atmosphere at ambient temperature overnight. 

Assuming that Fe(II) oxidation and flocculation and sedimentation of Fe(III)-oxide flocs would occur 
within 15 hr, we calculated that an additional aerated pond with a surface area of approximately 400 
m2 and depth of 0.3 m could accommodate the typical daily flow to the horizontal levee (i.e.,  
190 m3 d-1) with a residence time of 15 hr that would allow for phosphorus removal by this mechanism. 
If added onto the end of the horizontal levee, this additional system would increase the length of 
horizontal levees by approximately 6%. Because horizontal levees are intended to be a part of coastal 
wetland gradients, it is possible that this additional process could be integrated easily into the current 
system, though it is unclear how tidal action might impact the aerated ponds. 

If 15 mg Fe L-1 were transferred from the horizontal levee subsurface to these aerated ponds, this 
would constitute around 500 kg Fe yr-1, which could be sustained for up to 300 years based on the iron 
content of the pilot-system. Each year, a total volume of 0.5 m3 of iron oxides would be produced. 
Assuming a bulk density of the produced iron-oxide flocs of 1.15 g cm-3 (Benjamin and Lawler, 2013), 
we predict that the iron oxide floc would form an layer that would grow by approximately 1 mm 
annually at the base of the pond described above (i.e., with a 400 m2 surface area). If 90% of the 
phosphorus in the effluent was removed, we would expect approximately 40 kg P yr-1 to be deposited 
in Fe(III)-oxide flocs. Because Fe(III)-oxides have a high affinity for phosphorus, it is likely that these 
flocs would release phosphorus slowly if applied as fertilizers (Zhou et al., 2008). 

Addition of a pond after the horizontal levee to facilitate phosphorus removal holds promise as a means 
of removing and recovering phosphorus. However, more research is required to understand the kinetics 
and capacity for phosphorus removal in these systems under conditions that better reflect an aerated 
post-treatment pond. Additionally, it is possible that iron-oxide flocs could also act as a sink for toxic 
trace metals, such as lead and copper, that also have high affinities for iron-oxides and are found in 
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wastewater effluent (Amann et al., 2018). Depending on the concentrations, the presence of these 
metals could limit the applicability of the collection and use of iron-oxide sludges from these systems 
as fertilizers in agriculture. 

5.4     Conclusions 

Phosphorus removal is important in freshwater ecosystems because it can stimulate algal blooms. Data 
collected at a pilot-scale horizontal levee indicates that these systems do not remove phosphorus as 
currently designed. The decrease in phosphate observed within the first three meters of the wetland 
was balanced by the formation and release of dissolved organic phosphorus in the subsurface. Despite 
minimal removal of phosphorus in horizontal levees as currently designed, it may be possible to 
enhance the removal by adding an aerated pond after water is released from the subsurface. By 
stimulating rapid oxidation of Fe(II)(aq) to form Fe(III)-oxide flocs that have a high affinity for 
phosphorus, aerated ponds could create conditions that promote the sedimentation and removal of 
phosphorus-rich iron-oxide sludges. If collected periodically, these sludges could be used as an 
agricultural fertilizer. Without significant additional maintenance or operational complexity, this post-
treatment addition could provide another important benefit to those already described in the previous 
chapters. Additional research is needed to assess the affinity of dissolved organic phosphorus for the 
flocs produced when horizontal levee effluent encounters oxygen and to determine the mechanism 
through which phosphate is removed at the beginning of the horizontal levee. 
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Chapter 6. Conclusions and Future Directions 

6.1     Summary 

The ability of horizontal levees to remove contaminants from wastewater effluent was evaluated in a 
pilot-scale facility. Horizontal levees are nature-based constructed subsurface treatment wetlands 
located along the seaward side of storm control levees in coastal areas. These systems can provide 
simultaneous benefits including treatment of wastewater-derived contaminants in their subsurface 
layers, protection of storm control levees by attenuating wave action, restoration of valuable wetland 
habitat, and many ancillary benefits (e.g., recreational opportunities). The subsurface layers of 
horizontal levees provide ideal conditions for the promotion nutrient removal processes, such as 
denitrification and plant uptake of nutrients, and also promote a variety of other processes, such as 
adsorption, mineral precipitation and anaerobic processes, that can remove trace metals, trace organic 
contaminants (e.g., pharmaceuticals) and pathogen indicators (e.g., F+ coliphage). 

To evaluate the ability of horizontal levees to remove nutrients from wastewater effluent, we studied 
a pilot-scale horizontal levee facility over a 2-year monitoring period. Monitoring of water quality 
conditions and contaminant concentrations was conducted on a bi-weekly to monthly basis over this 
period of time to track changes in the loading of contaminants between the influent and effluent of the 
pilot system. These measurements were paired with flow monitoring and a set of mass balances to 
evaluate the impact of hydrological conditions on contaminant removal in the pilot system and to 
optimize the system progressively. Samples of porewater were also collected to evaluate the impact 
of redox conditions on contaminant removal and to develop a model for projecting the long-term 
ability of these systems remove nitrogen via denitrification. The removal of nutrients by plant uptake 
was evaluated by tracking natural abundance levels of 15N in plants, soils and the influent wastewater. 
we then employed an isotope mixing model to determine the contribution of different nitrogen sources 
(primarily soil and wastewater) to the nitrogen stored in plant biomass. Finally, the mechanisms 
responsible for phosphorus removal in these systems were evaluated by tracking changes in the 
speciation of phosphorus between various forms and by using mass balances on phosphorus and other 
elements that are related to the mobility of phosphorus in sediments (e.g., iron). 

In the following sections, we summarize the key findings of these studies and discuss their implications 
for the design of future horizontal levee systems and similar nature-based systems, such as riparian 
treatment zones along rivers. Additionally, we will discuss the utility of the methods that were 
developed for investigating contaminant removal in nature-based treatment systems and how these 
can be used to improve our understanding of the mechanisms responsible for that removal. Finally, 
we will present some of the critical research questions that remain unanswered by my research and 
should be addressed in future studies. 

6.2      Optimization of Horizontal Levees for the Removal of Nutrients 

In Chapter 2, we presented our research on the progressive optimization of a pilot-scale horizontal 
levee for contaminant removal. To do this, we used a combination of water quality monitoring and 
hydrological data to identify the ideal operational conditions for maintaining efficient removal of 
contaminants. Once identified, we adjusted the operation to match those conditions. We determined 
that hydrological conditions, and in particular the fraction of flow in the subsurface (versus running 
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over the wetland surface), were the most important factors controlling contaminant removal. This was 
true across various classes of contaminants, including nitrogen species, a suite of trace organic 
contaminants, and pathogen indicators (e.g., F+ coliphage), with strong correlations (r2 > 0.73) 
observed between the fraction of water flowing through the subsurface and fractional removal of tested 
contaminants. Additionally, using samples of porewater collected along transects within the pilot 
horizontal levee cells, we identified that contaminant removal occurred rapidly at the beginning of the 
wetland slope, with most contaminants removed by greater than 90% within the first 5 m of the 
subsurface. 

We observed that other design parameters, specifically the types of construction materials (e.g., soils) 
and plant communities used on horizontal levees, can have a significant impact on the maximum flow 
that can be applied to the subsurface before water begins to flow over the surface of the wetland. This 
impacts the total mass of contaminants that can be removed in horizontal levees because cells with 
different subsurface flow capacities achieved comparable fractional removal of contaminants. 

From our findings, we identified a few design features that could be used to promote efficient removal 
of contaminants in future horizontal levees. First, horizontal levees require subsurface flow to achieve 
efficient contaminant removal and should therefore be designed to promote subsurface flow. This 
could be achieved by using construction materials with a high hydraulic conductivity (e.g., gravel) or 
with spaced inlet trenches along the horizontal levee slope to ensure that all of the flow passes through 
a portion of the subsurface. Additionally, because contaminant removal was primarily achieved in a 
small portion of the subsurface at the top of horizontal levee, higher hydraulic conductivity sediments 
could be strategically placed at the beginning of those wetlands (e.g., in the first 5-10 m) to allow for 
greater subsurface flow rates where contaminant removal is significant, without concern about water 
flowing over the surface once it has received an appropriate amount of treatment in the subsurface. It 
is important to note that higher hydraulic conductivity sediments may inadvertently decrease areal 
removal rates. This could be caused by the higher velocity of water flow through pore spaces that can 
be achieved with higher hydraulic conductivity materials, as well as the larger cross-sectional area of 
pores relative to the biofilms in which denitrifiers are active. Lastly, our results suggested that planting 
willows (Salix sp.) on horizontal levees may be useful because their extensive rooting zones appear to 
create higher subsurface flow rates in horizontal levees, leading to greater mass removal of 
contaminants. 

6.3      Using New Methods to Develop a Mechanistic Understanding of Contaminant 
Removal in Nature-Based Systems 

In Chapter 3 and Chapter 4, we used a variety of methods, including extensive porewater sampling 
paired with mass balances and tracking of 15N in the horizontal levee, to identify the mechanisms 
responsible for nitrogen removal. In Chapter 5, we identified the mechanisms responsible for removal 
of phosphorus by tracking changes in the phosphorus speciation in samples collected throughout the 
horizontal levee subsurface and using mass balance methods. 

Denitrification was identified as the primary nitrate removal mechanism in the horizontal levee and 
was responsible for 1100 kg N removed over the two-year monitoring period: approximately 75% of 
the 1470 kg N applied to the subsurface of the pilot system (in cells D through L). We used evidence 
from a combination of sources, including coupled trends in 15N and 18O isotopes in porewater nitrate, 
to identify this as the primary removal mechanism. An additional 210 kg N (14% of removal) were 
assimilated into microbial biomass, though we do not expect this mechanism to be responsible for 
long-term nitrogen removal because internal turnover of microbial biomass nitrogen produces the 
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nitrogen required for microbial assimilation at steady state conditions. The remaining 150 kg N were 
removed by plant uptake (discussed below). By tracking speciation of dissolved nitrogen and 
concentrations of other redox-active species (Mn(II)(aq), Fe(II)(aq), and sulfate) in the subsurface, we 
mapped a spatial oxidation-reduction sequence. Evaluating biogeochemical processes was essential to 
developing an understanding of the long-term nitrogen removal capability of horizontal levees because 
organic carbon drives many of these processes and is also required for denitrification as an electron 
donor and energy source. The electrons required to fuel denitrification over the monitoring period  
(630 keq) were equivalent to more than 50% of the electrons transferred from organic carbon in 
sediments (1150 keq). However, not all reductants required for denitrification were supplied by 
organic carbon and more than 60% of the electrons transferred from electron donors went to species 
other than nitrate. 

A significant portion of the electrons transferred from organic carbon species (approximately 17%) 
were utilized in the reduction of Fe(III)-oxides and sulfate. Accumulation of the products of these 
processes (Fe(II)(aq) and sulfide) in the aqueous phase created supersaturated conditions for iron-
sulfide minerals in the subsurface, leading to the formation of sulfide mineral deposits that were 
observed on collected sediments. This process appeared to be significant during the summer with rapid 
removal of applied sulfate in the subsurface. In the winter, we observed strong correlations between 
increasing sulfate and decreasing nitrate concentrations, likely due to the utilization of iron sulfide 
deposits as an electron donor by autotrophic denitrifiers. This process appeared to account for nearly 
20% of the nitrate reduction observed in the winter. To produce a better understanding of the 
interactions between these biogeochemical cycles, we integrated these electron transfers into an 
overall electron transfer model through which we could estimate the lifetime over which a horizontal 
levee could remove nitrate from wastewater effluent. Based on the conditions observed in the pilot-
system, we estimated that if just 10% of the carbon stored in plant biomass produced in the pilot system 
became available to fuel microbial processes, nitrogen removal in horizontal levees would become 
self-sustaining. Using this model, we determined that significantly lower additions of wood chip 
carbon may be necessary to stimulate long-term nitrogen removal. 

To evaluate the magnitude of plant uptake in these systems, we applied an isotope mixing model. We 
developed this new method for quantifying plant uptake because past research has had to rely on 
assumptions that would not be valid in a full-scale horizontal levee system, such as that all nitrogen 
taken up into plants was derived from wastewater. In horizontal levees, nitrogen is available from 
multiple sources, with the primary sources being wastewater and indigenous soil nitrogen. To measure 
plant uptake, we analyzed δ15N in samples of plant biomass (i.e., new growth leaves) and used 
measurements of δ15N in soils and wastewater as endmembers. Using a linear mixing model, we 
identified that 14% of nitrogen in plants (approximately 120 kg N in cells D through L, with an 
additional 30 kg N in swale-type cells) was taken up from wastewater derived nitrogen, with the 
remaining 86% (approximately 880 kg N in cells D through L with an additional 250 kg N in swale-
type cells) derived from soil. There were significant spatial and seasonal trends in plant uptake of 
wastewater nitrogen, with a larger fraction of biomass nitrogen derived from wastewater at the 
beginning of the wetland and higher uptake rates observed in the spring and summer. 

Plant uptake accounted for 8% of the wastewater nitrogen applied to the horizontal levee. Alternative 
methods for quantifying this pathway would have yielded values ranging from 0-4% to nearly 60% of 
wastewater-nitrogen removal attributed to plant uptake. This new method is a more precise tool for 
quantifying nitrogen uptake by plants in nature-based treatment systems or natural ecosystems 
receiving wastewater nitrogen. This method could also be applied in any system where multiple 
nitrogen sources with distinct isotope signatures are available to plants. In systems where 3 or more 
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sources of nitrogen are available, the contribution of sources cannot be solved analytically using a 
linear mixing model, but Bayesian mixing model approaches may be applicable to produce similar 
estimates of plant uptake rates in those systems. By quantifying plant uptake of nitrogen more 
precisely, researchers can help resolve the large variation in nitrogen uptake rates that have been 
reported in the literature. Additional research would be useful to resolve variations in uptake of 
nitrogen among different plant species and communities selected based on past knowledge regarding 
rooting depths, nutrient demands and uptake phenologies. 

Phosphorus was not removed in the horizontal levee. Approximately 210 kg P (in all forms) was 
applied to the horizontal levee and the effluent load (250 kg P) was approximately 17% higher during 
the 2-yr monitoring period. Total phosphorus removal did not improve over the monitoring period. 
Conversely, removal of phosphate increased from only 11% of applied phosphate during the first 
monitoring phase to greater than 84% during the last phase. The 40 kg reduction in phosphate was 
likely removed by a combination of adsorption onto Fe(III)-oxides and vivianite (Fe3(PO4)2(s)) 
formation at the beginning of the levee slope, and to a lesser extent through uptake into plant and 
microbial biomass. Production of organic phosphorus was likely due to microbial turnover and export 
of the soil phosphorus pool. Despite observing little removal of phosphorus within the horizontal 
levee, microcosms performed with effluent from the horizontal levee suggest that removal of 
phosphorus could be achieved in post-treatment aerated systems. This could occur through the 
adsorption of phosphorus onto Fe(III)-oxide precipitates that form during abiotic oxidation of 
Fe(II)(aq), which is rapid in the presence of oxygen. Because Fe(II)(aq) is abundant in effluent from the 
horizontal levee subsurface (with concentrations often around 10-15 mg L-1) this presents a promising 
option for enhancing phosphorus removal prior to discharging effluent to aquatic systems that may be 
sensitive to phosphorus inputs. 

6.4     Future Research Directions 

With the studies detailed in this dissertation, we have tested the impact of design and operational 
variables on contaminant removal in horizontal levees and provided a mechanistic interpretation of 
nitrogen removal in those systems. We also developed tools for measuring plant uptake of nitrogen 
and for projecting the design life of horizontal levees with respect to nitrogen removal based on the 
biogeochemistry of nitrogen, carbon and other redox-active species in the subsurface of horizontal 
levees. These studies include important findings that can be used to inform the design of future 
horizontal levee systems by practitioners and can aid future researchers in the development of 
monitoring methods for studying water quality improvements in similar nature-based treatment 
systems. However, there remain large gaps in our understanding of how these systems function, 
specifically with respect to the removal of a suite of additional contaminants that are commonly found 
in wastewater, such as trace organic contaminants (e.g., pharmaceuticals), trace metals, per- and 
polyfluoroalkyl substances (PFASs), and organophosphorus esters. 

Past research suggests that subsurface constructed wetlands may be effective at removing many trace 
organic contaminants from wastewater (García et al., 2010; Matamoros and Bayona, 2006). For 
example, 50-96% removal of PFASs has been observed in a constructed wetland system by previous 
researchers (Yin et al., 2017). Conversely, there appears to be some uncertainty regarding the ability 
of constructed wetland systems to remove trace metals (Vymazal et al., 2007; García et al., 2010; 
Galletti et al., 2010). Despite evidence of significant removal of trace organic contaminants (e.g., 
pharmaceuticals) in horizontal levees (presented in Chapter 2), we do not currently understand the 
mechanisms responsible for that removal, and we have yet to investigate the potential formation of 
transformation products (e.g., pharmaceutical metabolites) during treatment. Moreover, it is not fully 
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clear how treatment of wastewater-derived contaminants in horizontal levees would be impacted by 
the application of alternative water matrixes, such as the concentrate stream from reverse osmosis 
processes at wastewater reclamation facilities, though a growing body of literatures suggests that 
constructed wetlands can be effective at removing contaminants from higher salinity water sources 
(Liang et al., 2017; review of past studies). Additionally, because wastewater treatment facilities have 
recently been identified as an important source of microplastics to the environment (Ziajahromi et al., 
2017), the fate of microplastics in horizontal levees should also be evaluated. More research is clearly 
required to answer the important questions we have about the fate, transport and removal of these 
additional contaminants in horizontal levees. 

Research is already being conducted at the horizontal levee pilot facility to answer some of the 
questions discussed above regarding removal of different classes of contaminants (Stiegler et al., in 
prep; Rodgers et al., in prep). For example, preliminary evidence suggests that a combination of 
biological, chemical and physical processes, such as plant uptake, biotransformation, and adsorption, 
are responsible for the removal of pharmaceuticals observed in this system (Stiegler et al., in prep). 
Mass balances and reactive transport models have also been developed and validated through field 
measurements to assess the fate and transport of organophosphorus esters in these systems (Rodgers 
et al., in prep). Furthermore, reverse osmosis concentrate from wastewater reclamation systems is 
currently being tested as a source water at the horizontal levee test facility. Research is planned to 
evaluate the removal of a broad range of contaminants, including trace organic contaminants and trace 
metals, from concentrated wastewater streams applied to horizontal levee systems. 

Despite characterizing the mechanisms responsible for nutrient removal, we have not investigated the 
microbial interactions that drive these processes in horizontal levees. Microbial processes are 
responsible for the majority of removal of nitrogen, with greater than 90% of nitrogen removed by 
microbial denitrification or assimilation into microbial biomass, as detailed in Chapter 3. In aquatic 
systems and soils, these processes are frequently driven by complex metabolic handoffs between 
microorganisms (Hug and Co, 2017). However, the application of new high-throughput sequencing 
approaches to the study of constructed wetland systems has been limited thus far (Bulseco et al., 2020). 
To evaluate the microbial interactions driving the cycling and removal of contaminants in horizontal 
levees, metagenomics and metatranscriptomics analyses are currently being conducted on samples 
collected at the pilot system. The results of these studies will be used to provide greater detail regarding 
the microbial processes that are occurring in the horizontal levee, as well as the metabolic capabilities 
of those communities that are not currently being expressed but might be useful from an engineering 
perspective. Because microbial processes often occur in cryptic cycles in the environment (Kappler 
and Bryce, 2017), the greater mechanistic resolution of these studies can provide important details to 
inform the design and optimization of future systems. There are also concerns regarding greenhouse 
gas emissions from horizontal levees based on past research suggesting that emissions of these gases 
can be significant in subsurface constructed wetlands (Mander et al., 2014). Because microbes control 
the production and consumption of these trace gases (Conrad, 1996), research is planned to evaluate 
greenhouse gas emissions and the microbial communities that control them in the horizontal levee 
pilot system. 

Questions also remain regarding the ability of these systems to adapt to a changing climate, though 
they have been designed specifically to serve that purpose. For example, it is not clear how changes 
in the hydraulic conditions in tidally-influenced horizontal levees will impact contaminant removal. 
However, based on our research detailed in Chapter 3, it seems clear that any increase in water flow 
over the surface of the wetland will lead to decreased contaminant removal efficiency. This might be 
expected if rising tides lead to higher water tables in full-scale systems.  
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It is critical that horizontal levees be investigated further to understand the processes responsible for 
contaminant removal within them. Identifying these processes is essential to the design and 
optimization of these systems because ideal conditions to promote removal often are not consistent 
across different classes of contaminants and the processes that remove them. Future research should 
focus on identifying the contaminant removal mechanisms for the suite of additional contaminants 
discussed above and how contaminant removal is impacted by changing climatic conditions. The 
design of horizontal levees to remove these contaminants efficiently is critical if we want to reduce 
the loading of these contaminants to the environment to protect sensitive aquatic ecosystems and all 
of us that rely on them.  
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Appendix A: Supporting Information for Chapter 2 

A.1 Horizontal levee test facility cell design details related to treatment types 
 

Treatments were varied among the test facility wetland cells based on topography, soil type, and 
planting regime (Table A-1). Detailed descriptions of each of these treatments are provided in sections 
A.1.1, A.1.2 and A.1.3. 

Table A-1: Wetland treatments employed at the test facility. 
Treatment ID Cells Topography Topsoil Type Planting Regime 
Swale-Depression A, B, C Swale-depression Fine topsoil Wet meadow* 
Wet Meadow, Fine D, E, F Uniform grade Fine topsoil Wet meadow 
Wet Meadow, Coarse G, I, K Uniform grade Coarse topsoil Wet meadow 
Willow H, J, L Uniform grade Coarse topsoil Riparian 

*See section A.1.3 for more information about the differences between the swale-depression wet meadow planting regimes 
and other cells. 
 

A.1.1 Topography 
Two types of topography were used in the construction of wetland cells. In the first topography type 
(Figure A-1), the wetland surface was sloped evenly at a 1:30 grade over the length of the cell. This 
topography is called a uniform grade. In the second topography type, wetland cells were additionally 
graded from the sides of the wetland cells toward the center to create a swale-type channel through 
which a small surface flow could pass over the wetland surface (Figure A-2). This topography is 
referred to as a swale-depression topography (Lindley, 2014). 

 

 
Figure A-1: Design schematics for wetland cells with uniformly sloped topography: (a) a plan view 
and (b) a section view (Lindley, 2014). 

a 

b 
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Figure A-2: Design schematics for wetland cells with swale-depression topography: a) a plan view 
and (b) a section view (Lindley, 2014). 

A.1.2 Soil type 
Two soil mixtures were used for the topsoil in the wetland cells: a coarse mixture and a fine mixture. 
Topsoil layers were underlain with drainage layers of sand and gravel (each 15 cm in depth), amended 
with wood chips (Redwood or Douglas Fir) of <2 cm in size mixed in at 30% by volume. Topsoil 
types consisted of combinations four different types of media from various sources: gravel, sand, bay 
mud and aged wood fines. Bay mud consisted of a fine clay mud loam excavated on site during 
construction from a depth of 0.5-2.0 m. Wood fines consisted of the same wood chip materials 
described previously < 0.5 cm in size and aged for a minimum of 1 year by composting prior to use. 
The media sources met the following specs (Lindley, 2014): 

Table A-2: Gravel grain size specifications. 
Sieve Size Acceptable Range ASTM Test 
1” 100% D 422 
3/8” 40-100% D 422 
Passing #4 10-40% D 422 
Passing #8 10-33% D 422 
Passing #30 5-15% D 422 
Passing #50 0-7% D 422 
Passing #200 <1% D 422 

 
  

a 

b 
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Table A-3: Sand grain size specifications. 
Sieve Size Acceptable Range ASTM Test 
3/8” 100% D 422 
Passing #4 90-100% D 422 
Passing #8 75-97% D 422 
Passing #30 35-55% D 422 
Passing #50 10-30% D 422 
Passing #200 <1% D 422 

 
The fine topsoil mixture consisted of 60% (v/v) bay mud, 30% (v/v) sand and 10% (v/v) wood fines. 
The coarse topsoil mixture consisted of 50% (v/v) bay mud, 50% (v/v) sand and 10% (v/v) wood fines 
(Lindley, 2014). 
 
A.1.3 Planting regimes and plant community establishment 
Two primary planting regimes were applied to treatment cells. The first planting regime was employed 
to mimic a wet meadow habitat consisting mainly of grasses, rushes, sedges, herbs, forms and 
subshrubs. The second planting regime was used to mimic a riparian willow wetland containing 
willows, shrubs, and some grasses as well, though willows had crowded out most other plant species 
within 2 years of planting in those cells. The first planting regime was applied with minor 
modifications to the amount of each species planted to wetland cells with a swale-depression 
topography. All plants used in the sloped wetland cells are native plant species collected from around 
San Francisco Bay and propagated on site in raised beds by Save the Bay (https://savesfbay.org/) staff. 
Additional information regarding the collection, propagation and transplanting of native plant species 
at the test facility are available in a report (Save the Bay, 2017). The plant species used in each of the 
planting regimes are listed in order based on the number of plants transplanted onto the wetland slopes 
(which roughly corresponds to species density) in Table A-4 and Table A-5 below: 

Table A-4: Plants used in the wet meadow planting regime. Numbers in parentheses correspond to 
the amount of each species planted in swale-depression cells. Shaded cells represent plants that were 
only planted in swale-depression cells (Save the Bay, 2017). 
Common Name Species Name # Planted per Cell 
Creeping wild rye Elymus triticoides 2800 (2100) 
Baltic rush Juncus balticus 1050 (1050) 
Iris-leaved rush Juncus xiphiodes 700 (525) 
Marsh baccharis Baccharis glutinosa 350 (263) 
Clustered field sedge Carex praegracilis 350 (263) 
Santa Barbara sedge Carex barbarae 350 (88) 
Western golden rod Euthamia occidentalis 350 (263) 
California aster Symphyotrichum chilense 350 (263) 
Mugwort Artemisia douglasiana 350 (263) 
California loosestrife Lythrum californicum 350 (263) 
Pale spikerush Eleocharis macrostachya (1225) 
Common rush Juncus effuses (350) 
Alkali bulrush Bolboschoenus maritimus (88) 
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Table A-5: Plants used in the riparian wetland planting regime (Save the Bay, 2017).  
Common Name Species Name # Planted per Cell 
Arroyo willow Salix lasiolepsis 700 
California blackberry Rubus ursinus 525 
Clustered field sedge Carex praegracilis 385 
Santa Barbara sedge Carex barbarae 385 
Marsh baccharis Baccharis glutinosa 175 
California rose Rosa californica 175 
Red osier dogwood Cornus sericea 88 
Black elderberry Sambus nigra 88 

 
Vegetation monitoring, including line-transect and quadrat sampling methods, conducted in 2018 
indicated that slope vegetation methods produced a dense, diverse native plant community with limited 
encroachment by invasive and non-native species (<2% of plants identified). The species listed above 
continued to dominate the plant communities in their respective cells throughout the monitoring 
period. Full vegetation monitoring results are not provided in the Final Evaluation Report (ESA, 2018). 

Plant biomass data detailing the increase in plant biomass over time in the horizontal levee system will 
be discussed in subsequent publications. Photos showing the progression of plant community growth 
at the test facility are shown here. 

 

a 
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b 

c 
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Figure A-3: Photos showing the progression of plant growth throughout the monitoring period. Photo 
(a) shows the horizontal levee during construction and (b) shows plants being transplanted onto the 
slope in November of 2015. Photo (c) shows vegetation establishment in April 2016 and (d) shows 
plant growth by the end of the first full growing season in October of 2016. Photos (e) and (f) show 
dense vegetation growth that established by (e) July 2017 and (f) June 2018. 

f 
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A.2 Operational conditions related to flow rates and flow measurements 
 

Over the course of this monitoring period, the influent flow to the subsurface wetland was applied at 
three levels: approximately 184, 130 and 66 L min-1. This is displayed in the timeline presented in 
Figure 2-3. Table A-6 below presents the flow rates going into each individual cell. 

Table A-6: Influent flow rates for individual wetland cells in L min-1. Readings correspond to average 
flow readings for the 3-6 days preceding the sampling date (depending on the availability of data). 
Highlighted cells represent values that estimated from either (1) visual readings of the flow meters 
taken in the field at the time of sampling or (2) through taking the difference of the total flow and the 
sum of the measured flow rates from other cells. 

Date 
Wetland Cell 

Total A B C D E F G H I J K L 
6/1/17 28.6 8.3 17.8 10.2 5.3 12.4 7.2 23.8 24.8 0.0* 24.1 20.6 184 

6/15/17 32.5 6.6 17.4 9.6 4.6 8.3 8.1 23.2 31.9 0.0* 25.2 15.3 184 
6/27/17 37.1 5.1 17.0 7.7 5.0 12.3 9.3 24.4 33.9 0.0* 26.5 6.0 184 
7/14/17 39.0 7.2 20.3 10.2 3.0 11.7 9.7 19.3 41.8 0.0* 23.0 0.1 184 
8/3/17 32.4 21.1 12.5 19.7 11.9 19.0 8.1 19.5 28.4 0.0* 17.7 0.6 184 
9/1/17 29.5 19.8 10.9 18.6 14.3 16.6 25.2 17.5 16.2 0.0* 15.7 0.0* 184 

11/6/17 2.7 17.2 7.4 16.3 8.1 15.5 40.2 15.7 2.7 0.0* 14.9 0.3 131 
12/15/17 13.6 14.6 10.6 11.3 14.3 14.6 15.1 6.0 13.6 0.0* 15.4 1.1 131 

2/8/18 15.7 19.0 12.8 14.2 37.4 20.5 14.9 8.2 18.9 0.0* 19.5 2.0 192 
3/8/18 12.6 16.2 12.0 13.5 21.7 8.4 11.5 5.7 16.2 10.9 15.7 9.3 164 
4/5/18 12.5 13.6 8.4 9.5 12.8 8.3 11.5 6.0 16.0 37.9 10.8 13.9 162 
5/2/18 10.5 10.6 7.3 7.4 1.7 7.0 10.6 5.0 13.5 37.8 8.6 17.9 137 

5/17/18 14.0 10.5 10.1 10.0 13.5 9.3 8.2 6.1 17.9 45.7 10.1 25.6 181 
6/5/18 12.3 12.2 8.6 8.7 6.9 8.2 10.5 5.1 15.7 41.2 9.1 20.1 159 

6/20/18 14.0 13.0 9.2 9.9 10.9 9.3 9.0 5.0 9.8 45.4 10.8 25.8 173 
7/3/18 17.2 4.9 25.7 4.2 5.7 3.8 5.8 7.3 5.0 7.2 3.0 5.8 92 
8/1/18 14.1 12.7 10.3 2.4 2.4 2.0 3.1 4.0 2.8 4.2 3.1 4.6 66 

8/15/18 16.4 11.6 9.6 1.9 2.1 1.6 2.7 3.7 2.5 3.4 2.6 4.0 62 
9/5/18 12.6 14.0 12.7 2.6 3.4 2.4 3.7 4.8 2.6 3.8 3.3 5.0 71 

9/17/18 13.5 10.8 7.6 1.7 0.6 1.2 2.7 3.1 2.4 3.2 2.5 3.2 53 
10/11/18 13.7 15.6 13.1 2.9 3.4 2.6 3.5 5.2 3.4 4.6 3.3 6.9 79 
11/7/18 13.7 15.6 13.1 2.9 3.4 2.6 4.0 5.3 3.4 4.6 3.3 6.9 79 

11/26/18 13.7 15.6 13.1 2.9 3.4 2.6 4.0 5.3 3.4 4.6 3.3 6.9 79 
1/10/19 13.7 15.6 13.1 2.9 3.4 2.6 4.0 5.3 3.4 4.6 3.3 6.9 79 
2/7/19 9.8 11.0 9.1 2.5 3.4 2.6 3.2 4.5 3.4 4.6 3.3 6.9 64 

3/19/19 9.8 11.0 9.1 2.5 3.4 2.6 3.2 4.5 3.4 4.6 3.3 6.9 64 
4/15/19 12.2 13.6 11.2 3.0 4.2 3.2 4.0 5.6 4.2 5.7 4.1 8.5 79 

*During early portions of the sampling period, cells J and L had their influent distribution pipes clogged by willow roots. 
For this reason, influent flow rates of 0 were recorded for cell J between June 2017 and February 2018, and between 
September of 2017 for cell L.  
 
During the monitoring period, two operational regimes were employed. During the first operational 
regime, nitrified wastewater effluent flowed through the free water surface wetland first and then 
through the horizontal levee in series. During the second operational regime, the two wetlands were 
fed independently, in parallel. How water was conveyed to the horizontal levee slope in these two 
operational regimes is illustrated in Figure 2-1 with the blue and orange flow paths, respectively. The 
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dates during which these flow regimes were employed are delineated in the timeline in Figure 2-3, 
next to the label “Flow Regime”. 

Additionally, hydraulic optimization of the individual wetland cells occurred in three phases 
throughout the monitoring period. This was achieved by using valves at the influent to each cell to 
modulate flow rates going into individual cells. In the first phase, influent valves were left open (April 
2017 through June 2017). However, this led to wide variations in the flow rate received by each cell. 
In the second phase of hydraulic optimization, which lasted from June 2017 through July of 2018, 
flows were throttled to equalize the fraction of overland flow observed in each cell. Finally, in the last 
phase of hydraulic optimization (July 2017-present), cells D through L were throttled to eliminate 
overland flow in those cells. The dates for these hydraulic optimization phases are also presented in 
Figure 2-3. The fraction of water flowing over the surface of each cell was calculated as described in 
Chapter 2 by performing a mass balance on nitrate. The level of throttling into each cell was 
determined based on these overland flow calculations. Data presented in the text of this study related 
to “hydraulically optimized” cells in phase 3 comes from cells D-L on dates after July 2018.  
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A.3 Tracer tests 
 

Hydraulic tracer tests were conducted using reagent grade lithium bromide (>99%; Sigma-Aldrich, 
Saint Louis, MO, USA) dissolved in deionized water and then injected into the wetland at various 
locations. Tests were performed in a variety of cells (cells D-H) over multiple dates to characterize 
overland and subsurface flow hydrology. 

An initial test was conducted in April 2018, which captured the hydraulic conditions in the overland 
flow water, using 1.0 L of a 50 g L-1 LiBr solution injected into the influent pump station, with hourly 
grab samples collected for 51 hours from the effluent of cell G. Grab samples were collected every 1-
3 hours from the effluent of cell G using automated Teledyne ISCO Compact Portable Samplers 
(Clipper Controls, CA, USA). Concentrations of Li+, Br- and Cl- are plotted over time in Figure A-4. 

 
Figure A-4: Concentrations of Li+, Br- and Cl- in the effluent from cell G during the April 2018 tracer 
test. 

Mean hydraulic residence times for the overland flow water were calculated in cell G on this date 
using both Li+ and Br- data according to previously described methods (Headley and Kadlec, 2007; 
Benjamin and Lawler, 2013). Mean residence times were calculated as 10.8 hr and 12.0 hr 
respectively, averaging 11.4 hr. Three additional tests were performed in July 2017, with 1.0 L of a 30 
g L-1 LiBr solution injected directly into the influent pump station. Over the next 24-99 hours, grab 
samples were collected every 2-3 hours from the effluent of cells E, F and/or G. Samples were 
collected only for cell E on July 4, 2018 (Figure A-5) with samples collected from cells E, F and G on 
July 11, 2018 (Figure A-6). 
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Figure A-5: Concentrations of Li+, Br- and Cl- in the effluent from cell E during the July 4, 2018 tracer 
test. 

 

Figure A-6: Concentrations of Br- in the effluent from cells E and G on July 11, 2018 tracer test. Data 
for lithium was unavailable on this date and samples from cell F are not shown because there were 
large data gaps due to instrument malfunction. 
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Mean hydraulic residence times were again calculated in the overland flow on these dates. For July 4, 
2018, mean residence times were calculated as 11.1 hr and 12.9 hr (using Br- and Li+ respectively), 
averaging 12.0 hr for cell E. On July 11, 2018, mean residence times were calculated as 17.7 hr and 
22.4 hr for cells E and G respectively. It is important to note that overland flow rates in G were 
significantly lower than in cell E during this period of time, which likely explains the significantly 
higher overland flow residence time in that cell. 

Additional tracer tests were conducted in cells D, G and H in January 2019, with 1.0 L of a 30 g L-1 
LiBr solution injected directly into the influent pump station. At this time, applied flow rates were 
decreased in these cells to eliminate overland flow so that tracer tests could be conducted to measure 
subsurface residence times. Over the next 800 hours, grab samples were collected every 2-7 hours 
from the effluent of those cells. Unfortunately, these tracer tests were inconclusive because reliable 
tracer peaks could not be identified (an example is shown for cell D in Figure A-7) likely due to a 
combination of precipitation events, high background noise and concentrations of analytes that were 
too close to quantification limits. 

 
Figure A-7: Tracer test data collected from cell D in January 2019. 

Because residence times could not be calculated from the January 2019 tracer tests, additional tests 
were conducted. In March and June 2019, tracer was injected directly into the subsurface at a depth of 
0.8 m below the ground surface (i.e., into the coarse gravel sublayer) by pumping 0.03-1.0 L of 30 g 
L-1 LiBr into a set of two porewater samplers. Tracer was injected into the coarse sublayers of the 
subsurface because we expect insignificant flows of water to pass through the surface soil layers based 
on the respective hydraulic conductivities of those layers. Samples were then collected manually at 
varying time intervals (30 minutes to 24 hours) using porewater samplers at distances between 30 cm 
and 15 m downgradient along the flow-path. Tracer test samples were collected at depths of 0.8 m 



 163 

below the ground surface. During the March 2019 test (Figure A-8), samples were injected at 0.8 m 
below the ground surface ~4 m from the influent of cell F in the center of the cell. Samples were then 
collected 15 cm downstream on 5-15 min intervals over the next 2 hr. 

 
Figure A-8: Tracer test data collected from cell F in March 2019. 

Both Li+ and Br- peaks experienced significant tailing and concentrations of neither analyte reached 
background concentrations within the test period. However, estimates of subsurface mean hydraulic 
residence times could still be derived from these data. Mean residence times were approximately 59 
min and 61 min (for Br- and Li+ respectively) in the 15 cm section of the subsurface, which corresponds 
to 12.2 d and 12.7 d with an average of 12.5 d if extrapolated to the entire slope. Because the tail of 
the tracer test was not fully characterized, it is likely that this value is an underestimate with actual 
mean residence times in the subsurface possibly up to 20 d or greater. 

The final set of subsurface tracer tests were conducted in cell F starting on June 25, 2019. 1.0 L of 30 
g L-1 LiBr tracer was pumped into a set of two porewater samplers in the center of the wetland cell 15 
m from the influent. Samples were collected at 23 m and 31 m from the influent (7 m and 16 m from 
the injection point) at 20, 22, 23, 46, and 94 hr after tracer injection. Measurements of lithium and 
bromide in those samples are presented in Figure A-9. Over the 94 hours of monitoring, a significant 
increase in concentrations of both lithium and bromide over background levels was observed in 
samples collected at 7 m downstream of the injection point, with concentrations beginning to increase 
somewhere between 23 and 46 hours after injection. Over the monitoring period, a significant increase 
in concentrations of lithium or bromide was not observed at the sampling location 16 m downstream. 
These data were consistent with the estimates from the preliminary subsurface tracer test in March 
2019, which suggested that we would have expected mean residence times of ~50 hr and ~110 hr for 
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subsurface distances of 7 m and 16 m respectively. Because the tracer peak was not fully characterized 
within 100 hr, it is possible (and likely) that mean residence times in the subsurface may exceed 20-
25 d. However, it is important to note that subsurface flow rates may have been particularly low in 
cell F during this second sampling event because porewater samples were difficult to collect at depth 
in certain locations suggesting that the water table in this cell was lower than normal. 

 

Figure A-9: Lithium and bromide measurements taken at distances (a) 7 m and (b) 16 m from the 
injection point for the June 2019 tracer test.  
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A.4 Bird survey results 
 

On 12/2/2017, Amy Chong and Diony Gamoso, both Biological Sciences Technicians with the 
Presidio Trust, did a bird census at the Oro Loma Sanitary District. Specifically, our surveys were in 
the Ecotone Slope and the Wet Weather Equalization Basin. The project team included the Oro Loma 
Sanitary District, ESA, U.C. Berkeley, consultant Peter Baye, Save The Bay, and Bay Institute. The 
restoration project was implemented in 2015 and 2016. We were curious what species of birds were 
now using these newly created habitats. 

Method: We used an Area Search method for our census. This consisted of us slowly walking the 
perimeter of the two sites, identifying bird species present by both sight and calls. We also included 
any species observed using the berms that border each site. We tried not to double-count birds and 
were conservative in our estimates of numbers. Hence, the total number for each species observed is 
likely on the low side. Specific habitat usage (ex. “in willows”), was often noted.  
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Comments: 

We both had a fun morning doing the survey! We were happy to see that the project site has developed 
so nicely. 

There were some species that tended to use microhabitats within the sites. For example, the Yellow-
rumped Warblers, Fox Sparrows, and Anna’s Hummingbirds, were all associated with the willows. 
The Cattails seemed to provide preferred foraging sites for the Common Yellowthroat and Marsh 
Wren. Even the weedy berms, covered with senesced annual plants provided good foraging habitat to 
the different sparrows – likely finding dropped seeds. 

We are already excited about coming back in the Spring to do a breeding bird survey!  
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Appendix B: Supporting Information from Chapter 3 

B.1 Elemental cycling in the horizontal levee 
 

In wetland sediments, biogeochemical cycles of different elements are coupled by microorganisms, 
which utilize diverse substrates to fuel their metabolisms (Burgin et al., 2011). Mineral precipitation 
and dissolution can also couple elemental cycles. For example, iron cycling is linked to the carbon 
cycle not only through microbial Fe-reduction, but also through the precipitation of iron carbonate 
minerals, like siderite (Postma, 1981). We assessed the internal cycling of nitrogen, manganese, iron 
and sulfur in the following sections to understand the links between elemental cycles in these systems. 

B.1.1 Internal nitrogen cycling mechanisms 
In horizontal levees, plants are not harvested and therefore plant uptake is only a storage mechanism 
for nitrogen rather than an ultimate removal mechanism. There are only a few mechanisms that can 
explain gaseous release of nitrogen to the atmosphere. For example, anammox and denitrification 
convert nitrate (and ammonium in the case of anammox) to N2(g). However, processes like 
dissimilatory nitrate reduction to ammonium (DNRA) merely convert nitrogen between aqueous 
species without removing it from the system. In the case of DNRA, because nitrogen remains in a 
reactive form, it can continue to be cycled and is concerning because the product of this reaction 
(ammonium) can be exported in the effluent and can still cause eutrophication. Details regarding 
nitrogen cycling within the horizontal levee is presented in the following sections. 

Ammonium can be transformed by a variety of mechanisms. Ammonium can be converted to nitrite 
and nitrate via nitrification or Feammox, directly to N2(g) via anammox, into organic forms through 
assimilation into microbial or plant biomass and can also exchange with potassium to be stored in the 
layers of phyllosilicate clays (van Groenigen et al., 2015). Because the horizontal levee was operated 
with a continuously saturated subsurface, decreasing ammonium concentrations were likely caused 
primarily by assimilation into microbial and plant biomass and to a lesser extent by anaerobic 
processes, such as anammox and Feammox (Yang et al., 2012a). Ammonium fixation into clay 
minerals may also have played a role in removal. Nitrification could be transforming a fraction of the 
applied ammonium in aerobic hotspots supplied with oxygen by plant roots, though we would only 
expect this to be significant in cells planted with willows. Additionally, Feammox occurs when 
microorganisms oxidize ammonium to nitrite using Fe(III)-oxides (Thamdrup, 2012; Li et al., 2015; 
Shuai et al., 2019) and it is possible that cryptic nitrogen cycling could have occurred in which 
ammonium were converted to nitrite by Feammox only to be rapidly denitrified or removed by 
anammox. Though we did not observe evidence of it, the role Feammox played could have been 
significant based on the large amount of iron stored in the soil layers (~2200 kmol of Fe).  

Nitrite was likely removed through the same processes as nitrate (e.g., denitrification), though a 
fraction of nitrite could also be transformed by abiotic processes (Tai and Dempsey, 2009; Li et al., 
2012). 

DON decreased by approximately 35% in the subsurface. The fact that removal rates for dissolved 
organic nitrogen were slow is not surprising: anaerobic degradation of organic compounds is often 
slower than under aerobic conditions (Hansen and Blackburn, 1991). A variety of additional processes, 
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such as decomposition and solubilization of particulate organic nitrogen, may also have occurred in 
the horizontal levee subsurface and could explain the relatively low DON removal observed (Li and 
Davis, 2014; van Kessel et al., 2009). 

B.1.2 Trends in concentrations of Mn(aq), Fe(aq) and sulfate 
Changes in porewater concentrations of manganese and iron give us important information about the 
reduction of Mn(III/IV)- and Fe(III)-oxides. Fe(III) and Mn(IV), the forms of the metals that were 
likely present prior to the introduction of wastewater, are sparingly soluble under the pH conditions in 
the wetland. In contrast, Mn(II) and Fe(II) tend to be much more soluble under many conditions. 

Porewater Mn and Fe concentrations increased in the first few meters of the wetland as nitrate 
concentrations decreased, with strong negative correlations between those metals and nitrate 
(Spearman’s rho values were -0.66 and -0.45, for Mn and Fe respectively). Conversely, Mn and Fe 
concentrations were positively correlated with each other (Spearman’s rho = +0.75). Therefore, we 
concluded that the dissolved Mn and Fe detected in the porewater were in the +2 oxidation state and 
that reduction of Mn- and Fe-oxides was occurring coincident with nitrate reduction. Dissolved 
concentrations of Mn and Fe increased steadily in the first 15 m of the slope (Figure 3-17) minus a 
few outliers. Porewater concentrations of these species did not tend to increase substantially after this 
point. Concentrations of porewater sulfate decreased by over 90% over the wetland slope though the 
distance at which this reduction occurred varied significantly seasonally (Figure 3-16) and based on 
wetland cell type (Figure 3-17).  

When porewater data were segregated by cell type, significant differences in concentrations of Mn(aq) 
(p < 0.001), Fe(aq) (p < 0.01) and sulfate (p < 0.05) were observed between cells planted with willows 
versus those planted with a wet meadow plant community. In particular, sulfate concentrations were 
significantly higher in willow cells (Figure 3-17). In those cells, sulfate concentrations did not decrease 
significantly until around the 15 m of the slope where they decreased by >93% (p < 0.001). This was 
likely caused by the unique adaptations of willows to waterlogged conditions. Willows are particularly 
tolerant to oxygen stress in inundated soils (Jackson and Attwood, 1996), due to their ability to supply 
oxygen to the subsurface (Armstrong, 1968) through extensive rooting zones (Kuzovkina and Volk, 
2009). This supply of oxygen can re-oxidize Mn(II)(aq), Fe(II)(aq) and reduced sulfur, leading to lower 
aqueous concentrations of Mn(II) and Fe(II), and ostensibly reduced rates of sulfate reduction. In 
contrast, wet meadows likely had shallower rooting zones, supplying less oxygen to deeper layers 
where microbial processes dominate.  
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Appendix C: Supporting Information from Chapter 4 

C.1 Biomass measurements and regression development 
 

Different types of imagery have been used previously for forest biomass prediction, including Radar, 
LiDAR and optical imagery (le Maire et al., 2011). Although Radar and LiDAR data provide high 
accuracy estimates of biomass, these data are not as readily available or often lack spatial and temporal 
frequency of optical sensor imagery. In this study, we estimated above-ground biomass using 
temporally resolved multispectral satellite data of the field site to calculate vegetation index values for 
the areas of individual wetland cells across four sampling dates. Methods consisted of four main steps: 
(1) biomass sampling; (2) computing vegetation indices from remote sensing data; (3) fitting 
regressions to the biomass and vegetation indices; (4) assessing the error and performance of the 
regressions; and, (5) applying the regression to generate estimates of biomass. 

Seasonal changes in standing biomass followed consistent trends that were modeled using polynomial 
regressions to estimate peak standing biomass on an annual basis. To determine the total amount of 
biomass produced by plants throughout the year (i.e., net primary production), values of peak standing 
biomass were multiplied by biomass turnover rates (i.e., biomass turnover (yr-1) = net primary 
production (kg m-2 yr-1)/peak standing biomass (kg m-2)). Biomass turnover rates were estimated based 
on literature values and measurements conducted at the field site (Table C-4). 

C.1.1 Biomass sampling 
Biomass samples were collected in 0.25 m2 square quadrats on four dates, in 8 of the 12 wetland cells 
(Figure C-1). Sampling points were collected via GPS (for 2019 dates) or by measurement offsets 
from a known location (for 2017 dates). The biomass sampling locations were selected via stratified 
random sampling (24 samples in 2017), or strategically sampled to target high biomass areas, to 
provide an upper bound for regression (19 samples in 2019) (Figure C-1). Biomass samples were 
collected by harvesting all living plant biomass to the ground surface in the 0.25 m2 quadrats. In 
January 2019, dead biomass (litter) was also collected to allow for calculations of biomass turnover 
rates. 

 
Figure C-1: Location and dates of biomass samples. 
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Biomass samples were not collected from cells I-L on dates when samples were geolocated due to 
logistical and time constraints. For cells J and L, there were logistical difficulties associated with 
collecting full S. lasiolepis samples and samples from cell H were collected to be considered 
representative of the willow cells. However, samples were collected from cells I-L in January 2017, 
at which time biomass measurements in those cells (median of 0.53 kg m-2) were not statistically 
different (p = 0.15) from samples collected from other cells (0.48 kg m-2). 

Boxplots showing the mean biomass measurements by wetland cell for 2017 and 2019 are shown in 
Figure C-2. On average, biomass values were higher for 2019 (1.13 kg/m2) compared to 2017 (0.41 
kg/m2). Two biomass outliers (one per year) were identified that fell outside of the maximum 
interquartile range; these were omitted from further analysis. 

 
Figure C-2: Boxplots of mean cell biomass for 2017 and 2019 sampling dates. The line in the center 
of the box represents the median. Biomass outliers are shown as points for 2017 and 2019, which were 
subsequently dropped from the analysis. 

C.1.2 Vegetation indices 
For each sampling date, we downloaded a corresponding satellite image from Planet Labs with 0% 
cloud cover (PlanetScope Scene imagery, 4-band, 3.7 m spectral resolution) (Planet Team, 2017). 
These images were imported into ArcGIS, resampled to 0.25 m resolution and clipped to the boundary 
of the wetland. Biomass sampling dates and corresponding satellite image dates are summarized in 
Table C-1. 

Table C-1: Biomass sampling dates, image date, number of points and sampling method. 
Biomass 
Sampling 

Date 
Planet Date nsamples ncell thirds nsamples per cell 

third Method 

4/10/2017 4/3/2017 70 24 3 Stratified 
random 

1/25/2019 1/24/2019 3 3 1 Upper bound 

2/28/2019 2/22/2019 6 6 1 Upper bound 

6/12/2019 6/12/2019 10 4 2.5 Upper bound 

 
Normalized vegetation indices take advantage of the differential absorption and reflectance of energy 
in the red and near-infrared regions between vegetation and impervious area to identify vegetated areas 
(Jensen, 2007). Different greenness indices can discriminate among different parts of the landscape. 
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Therefore, we tested the correlation between above-ground biomass measurements and three different 
vegetation indices: (1) Simple Ratio; (2) Normalized Difference Vegetation Index; and, (3) Green 
Normalized Vegetation Index.  

The aptly named Simple Ratio (SR) is the simplest vegetation index, calculated as the ratio of red and 
near-infrared bands (Equation C-1), and is responsive to changes in biomass or leaf area index (Jensen, 
2007). Because the SR is not normalized, values are not bounded by -1 or 1. If the red and NIR 
reflectance are very similar, the SR value is approximately 1 and indicates areas of bare soil or 
impervious material. If NIR is much higher than red reflectance (as is the case with green vegetation), 
the SR value is very high (e.g., > 30).  

Unlike SR, Normalized Difference Vegetation Index (NDVI) and Green Normalized Vegetation Index 
(GNDVI) are normalized indices that range from -1 to 1. The NDVI index quantifies the differential 
absorption and reflectance of energy of photosynthetic objects (vegetation) and non-photosynthetic 
objects (Khorram et al., 2016). The NDVI is calculated by normalizing the difference between red and 
near-infrared bands (Equation C-2). GNDVI is a modified form of NVDI that uses green instead of 
red visible light (Equation C-3). In this way, GNDVI is more sensitive to the chlorophyll content of 
the vegetation (it uses the difference between the reflectance at the “green peak” and the reflectance 
of NIR light).  

𝑆𝑅 = h79
?ih

               Equation C-1 

𝑁𝐷𝑉𝐼 = ?ihIh79
?ih<h79

              Equation C-2 

𝐺𝑁𝐷𝑉𝐼 = ?ihIj677k
?ih<j677k

              Equation C-3 

We computed NDVI, GNDVI, and SR across the wetland for each sampling date. For each biomass 
sampling date, NDVI, GNDVI, and SR values from the corresponding image were spatially averaged 
within each cell-third zone using ‘zonal statistics’ tool in ArcGIS. This approach reduced potential 
bias and error associated with sample point locations and provided adequate spatial resolution for 
subsequent calculations. These data, along with average biomass values within each cell third for each 
sampling date, were imported into Python for further analysis. 

Scatter plots showing biomass vs. vegetation indices with outliers removed are shown in Figure C-3.
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Figure C-3: Above-ground mean biomass (kg/m2) vs. vegetation indices. Upper plot shows NDVI, 
GNDVI, and SR for 2017, lower plot shows NDVI, GNDVI, and SR for 2019. Outliers were removed. 

C.1.3 Regression development 
Prior to developing predictive models, we evaluated the merit of using linear regression by 
determining whether the data satisfies three principle assumptions for linear regression. These three 
principle assumptions are: (1) the data are well-described by linear regression; (2) the errors are 
random and homoscedastic (un-biased); and, (3) the residuals (and thus the data as a whole) are 
normally distributed. The first of these assumptions using the Harvey-Collier test for linearity, which 
tests the null hypothesis that the mean of the residual errors is zero. We evaluated the second 
assumption using the Breusch-Pagan Lagrange Multiplier test for homoskedasticity, which tests the 
null hypothesis that the residual variance does not depend on the x variable (Breusch and Pagan, 1979). 
We tested the third assumption using the Jarque-Bera test, which tests the null hypothesis that the data 
is normally distributed against an alternative that the data follow some other distribution (Jarque and 
Bera, 1980). Each of these diagnostic tests were computed using the Python “statsmodel” package 
(Seabold et al., 2010). 

Table C-2 summarizes p-values for the linearity and homoskedasticity tests and r2 values for residual 
normality test. Most of the p-values resulting from these tests are insignificant (p > 0.05), with the 
exception of the linearity test using 2019 biomass vs. NDVI and GNDVI; these tests resulted in p-
values of 0.03 and 0.02, respectively. This suggests that the regressions resulting from 2019 biomass 
data and NDVI and from the 2019 biomass data and GNDVI are non-linear. All other assumptions 
(homoskedasticity and random residuals) were satisfied (p > 0.05) for all regressions. 
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Table C-2: p-values of diagnostic tests for linearity assumptions. 

Test  Assumption 
p-value 

NDVI GNDVI SR 
2017 2019 2017 2019 2017 2019 

Harvey Collier  Ho: data are linear   0.71 0.03* 0.90 0.02* 0.50 0.06 
Breusch-Pagan Lagrange  Ho: homoskedasticity 0.34 0.16 0.63 0.19 0.29 0.14 
Jarque-Bera  Ho: normally distributed 0.36 0.82 0.35 0.66 0.36 0.76 

* Indicates statistical significance (p < 0.05); reject Ho. 

For our final model, we fit an ordinary least squares (OLS) regression based on SR statistic for both 
2017 and 2019. This choice avoids potential non-linearity exhibited in the NDVI and GNDVI 
regressions for 2019 data. The OLS model consists of a single independent variable (in this case, SR) 
to predict the dependent variable (biomass). Separate regressions were developed for 2017 and 2019, 
taking the form of Equation C-4 and Equation C-5: 

Y2017 = X × (β2017 ± ɛ2017)             Equation C-4 

Y2019 = X × (β2019 ± ɛ2019)             Equation C-5 

Where Y is the dependent response variable (biomass), β is the slope coefficient, X the independent 
variable (NDVI, GNDVI, or SR), and ɛ the random error. Per the assumptions of linearity (described 
above), the random error term, ɛ, is assumed to follow a normal distribution with a mean of 0 and 
variance σ2. The OLS method estimates β given X and Y, such that the sum of the squared prediction 
errors is minimized.  

C.1.4 Error and performance 
We conducted two tests of performance. First, we evaluated error through a single leave-one-out 
analysis, in which each regression was trained on 70% of samples (training set) and evaluated on the 
remaining 30% of samples (test set). However, small changes in training data can result in very 
different series of splits (Hastie et al. 2001), which can significantly impact results. For this reason, 
we repeated the above analysis across different subsets of training data by varying the random seed 
(i.e., how the data are split into training and testing sets). These tests give an estimate of the OLS 
model out-of-sample error – i.e., how well the regression predicts data it was not trained on. Regression 
performance was evaluated using the coefficient of determination (R2) and normalized root-mean-
square error (NRMSE) of prediction on our testing dataset. The NRMSE represents the root-mean-
square-error normalized by the range of observed biomass values. Error metrics for the OLS 
regressions are shown in Table C-3.  

Table C-3: Error metrics for OLS regression of above ground biomass (kg/m2) for 2017 and 2019. 
Metric Single train-test split Mean of 10 train-test splits 

2017 2019 2017 2019 
R2 (unitless) 0.18 0.54 0.07 0.51 
NRMSE (%) 29% 25% 32% 26% 

 

The single train-test split gave more favorable results, but these results were more likely to be biased 
by a favorable training set than the average of 10 train-test splits. A better estimate of error was from 
the mean of 10 train-test splits. This suggests that for data on which the regression was not trained, we 
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can expect a mean R2 of 0.07 and 0.51 and NRMSE of 32% and 26% for 2017 and 2019, respectively.  
  
The final 2017 and 2019 SR regressions (trained on all the data) and 95% CIs (around the slope) take 
the form of Equation C-6 and Equation C-7: 

2017 biomass (kg/m2) = SR × 0.1034 (95% CI = -0.0792, + 0.1275)         Equation C-6 

2019 biomass (kg/m2) = SR × 0.2924 (95% CI = -0.2189, + 0.3658)         Equation C-7 

The final 2017 and 2019 regressions are plotted along with the SR and biomass data in Figure C-4 and 
have R2 values of 0.17 and 0.26, respectively. These R2 values are slightly higher than the R2 values 
presented in Table C-3 because the final regression is trained and tested on all of the data, rather than 
trained on a subset of the data and tested on unseen data. 

 
Figure C-4: Final OLS regressions for 2017 and 2019 with 95% confidence intervals on the slope. 

C.1.5 Estimation of biomass and limitations 
The OLS SR-biomass regressions were applied to cell-third SR values from the isotope sampling 
dates. The resulting biomass values (in kg m-2) for each cell-third and each date were then used to 
estimate peak annual biomass, net primary production (section 4.2.6) and uptake of nitrogen (both 
overall and from wastewater). There are a few sources of potential error with this approach. First, 
because regressions were developed for 2017 and 2019, but not for 2018 (no biomass sampling was 
conducted in 2018), we used the average of the 2017 and 2019 regression estimates for the 2018 
biomass values. Second, biomass samples were only collected from cells A through H, but not from I 
though J due to time constraints during sampling days and logistical difficulties with sampling 
willows. It is possible that these shortcomings in the sampling methods induced bias in the regression 
results. However, given that we observed similar ranges of SR values over time (i.e., in 2016, 2017, 
2018, and 2019) and space (i.e., in cells A through H and I through J), we believe that these regressions 
are representative of the wetlands as a whole.  
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Table C-4: Literature and calculated values for turnover rates. 
Rate (yr-1) Above or below ground Reference 

     0.96 Above ground, willow Amichev et al, 2012 
     0.07 Above ground, trees Wiedmer and Senn-Ilert, 2006 
     0.50 Roots Grogan and Matthew, 2002 
     2.1 Roots Berhongaray et al., 2013 
     2.4 Roots Berhongaray et al., 2013 
     4.9 Roots Rytter, 1999 
     5.8 Roots Rytter, 1999 
     0.20 Above ground, willow Webber and May, 1977 
     0.90 Roots Stadnyk, 2010 
     1.1 Roots Stadnyk, 2010 
     0.45 Roots Rytter and Rytter, 1998 
     2.1 Roots Rytter and Rytter, 1998 
     0.20 Roots Rytter and Rytter, 1998 
     5.0 Roots Rytter and Rytter, 1998 
     2.2 Roots Rytter and Rytter, 1998 
     0.8 Roots Rytter and Rytter, 1998 
     1.2 Roots Rytter and Rytter, 1998 
     1.3 Roots Rytter and Rytter, 1998 
     2.0 Roots Rytter and Rytter, 1998 
     0.56 Roots Gill and Jackson, 2000 
     0.10 Roots Gill and Jackson, 2000 
     0.56 Roots Gill and Jackson, 2000 
     5.0 Roots Rytter, 2013 
     2.4 Roots Rytter, 2013 
     3 Roots Pacaldo et al., 2014 
     1.4 Roots Huang et al., 2008 
     1.0 Roots Huang et al., 2008 
     1.9 Roots Huang et al., 2008 
     1.3 Roots Huang et al., 2008 
     6.4 Roots Rytter, 2001 
     6.8 Roots Rytter, 2001 
     1 Above ground, willow van de Broek et al., 2015 
     0.21 Above ground, willow Gill and Jackson, 2000 
     1.3 Tall emergent macrophytes Kvet, 1982 
     4.4 Typha spp. Davis, 1989 
     3.5 Wetlands, low Davis, 1994 
   10 Wetlands, high Davis, 1994 
     1.3 Not specified, wetlands Kadlec and Wallace, 2009 
     1.0 Macrophyte, low Mitsch and Gosselink, 2000 
     2.0 Macrophyte, high Mitsch and Gosselink, 2000 
     4.2 Wet meadow, median composite, 2016 This study 
     5.0 Wet meadow plants, high, 2016 This study 
     3.3 Wet meadow plants, low, 2016 This study 
     4.2 Wet meadow, median composite, 2019 This study 
   15 Wet meadow plants, high, 2019 This study 
     1.7 Wet meadow plants, low, 2019 This study 
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C.2 Additional details regarding foliar and soil isotope samples 
 

C.2.1 Differences between baseline foliar and soil isotope measurements 
Between October 2016 and April 2017, average δ15N and δ34S values in foliar samples were 5.7 ± 
0.5‰ and 0.0 ± 1.1‰, respectively, while soil samples collected in April 2016 had average δ15N and 
δ34S values of 5.7 ± 0.5‰ and 0.5 ± 2.1‰, respectively. Only prior to May 2016 were significant 
differences (p < 0.05) between foliar and soil samples observed, when δ15N for S. lasiolepis and J. 
balticus were 8.8 ± 3.8‰ and 2.6 ± 3.2‰, respectively and δ34S values were 0.5 ± 2.0‰ and -2.7 ± 
2.1‰ (these data are not included in Figure 4-7). It is important to note that these samples were 
collected within 6 months after the plants had been transplanted to the horizontal levee and differences 
in values may have been due to isotope signature differences between soils in the horizontal levee and 
those in the beds where the plants were germinated and propagated. 

C.2.2 Unexpectedly high foliar nitrogen isotope signatures 
Among foliar samples collected in the first 10 m of the wetland slope, 65% exhibited higher δ15N 
values than those measured in the influent nitrate from the most recent water sampling dates. This 
suggests that plant nitrogen is not simply a mixture of soil and influent nitrate sources, but rather that: 
(1) there was an undetected source of nitrogen; or, (2) wastewater nitrate became more enriched in 15N 
prior to plant uptake. The former is unlikely because there are no reported natural sources of nitrogen 
that have such high δ15N values (Kendall, 1988; Craine et al., 2015), whereas progressive enrichment 
of nitrate in 15N in subsurface systems is a widely observed phenomenon (Böttcher et al., 1990; 
Aravena and Robertson, 1998; Mengis et al., 1999) and is often driven by denitrification (Kendall, 
1998). 

Therefore, we concluded that denitrification was rapidly and progressively enriching nitrate in 15N in 
the subsurface, leading to higher δ15N measurements in plants than would be expected based on the 
influent measurements. It is also possible, though unlikely, that plants in the wetland were 
discriminating against 15N during uptake due to luxury consumption of nutrients, but we find this 
unlikely as the authors are not aware of this having been shown in any previous studies of plant uptake 
of nitrogen. Rather, past studies have shown that isotopic signatures of plants still continue to match 
their source of nitrogen under luxury consumption conditions (Yun and Ro, 2009). 

C.2.3 Shifts in soil nitrogen isotope signatures 
Measurements of soil δ15N from samples collected in April 2017 exhibited a significant shift from 
previous values (p < 0.001; two-tailed t test), but in the opposite direction (δ15Nsoil, April 2017 = 4.6 ± 
0.5‰) of the shifts that were observed in foliar δ15N measurements. Significant shifts were not 
observed (p = 0.49; two-tailed t test) in δ34S values in soil. 




